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ABSTRACT OF DISSERTATION 
 
 
 
MECHANISMS OF RESISTANCE TO HALOGENATED AND NON-
HALOGENATED AHR LIGANDS IN CHRONICALLY CONTAMINATED 
KILLIFISH POPULATIONS 
 
Abstract: 
Chronically contaminated killifish from Newark Bay (NB) NJ, and New Bedford 
Harbor (NBH) MA, have developed resistance to halogenated aromatic hydrocarbons that 
bind to and activate the aryl hydrocarbon receptor (AHR).  To study the mechanisms of 
resistance, adult killifish were exposed to halogenated and non-halogenated AHR ligands 
and enzymatic and toxicological endpoints were measured in adult and embryonic fish. 
The chlorinated and non-chlorinated AHR ligands 3,3’4,4’-tetrachlorobiphenyl 
(PCB77) and benzo-a-pyrene (B[a]P) induced cytochrome P450 1A (CYP1A) in 
reference site, but not in NB killifish.  Expression of CYP3A (not part of the AHR gene 
battery) was inducible only in Flax Pond killifish.  Basal expression of the phase II 
enzyme glutathione-s-transferase (GST) was higher in NB killifish.  These results suggest 
that NB killifish are resistant to CYP1A induction by chlorinated and non-chlorinated 
AHR ligands.  Higher basal GST activity observed in NB killifish could be protective 
against toxicity caused by contaminants found in this site. 
Activation of AHR and induction of CYP1A, by AHR ligands has been associated 
with the toxic effects caused by these chemicals.  To determine the association between 
resistance to CYP1A induction and the toxicity caused by AHR ligands, CYP1A activity, 
developmental deformities and reactive oxygen species (ROS) production were measured 
in reference site and contaminated (NB and NBH) killifish embryos exposed to AHR 
ligands.  3,3’4,4’5-pentachlorobiphenyl (PCB126) and 3-methylcholantherene (3-MC) 
induced CYP1A, and ROS production in reference site embryos.  NB and NBH embryos 
were resistant to PCB126 induction of CYP1A, but responded to 3-MC.  Killifish 
embryos from NB and NBH were resistant to PCB126 induced deformities.  PCB126 and 
3-MC did not increase ROS production in NB or NBH killifish embryos.  Alpha-
naphthoflavone (ANF) (an AHR/CYP1A inhibitor) blocked PCB126 mediated 
deformities and CYP1A induction in reference site embryos, but increased ROS 
production.  The P450 inhibitor, piperonyl butoxide (PBO) was able to block PCB126 
mediated induction of CYP1A activity and ROS production.  These results suggest that 
PCB126 induced deformities are dependent on activation of AHR and CYP1A induction. 
In chronically contaminated killifish populations, loss of sensitivity to coplanar 
PCBs and PAHs could be through reduced expression of AHR, or altered DNA sequence 
or methylation status of the CYP1A gene promoter.  Hepatic AHR expression, measured 
by photoaffinity labeling, was lower in NB killifish than reference site animals, 
suggesting that NB killifish express less AHR protein.  DNA sequence analysis did not 
reveal considerable differences between contaminated and reference site populations, 
however additional DNA fragments were observed in some promoters but not in others.  
The methylation of the CYP1A promoters was studied using methylation sensitive 
restriction enzymes and no differences were detected between reference site and NB 
killifish.  Treatment with the DNA methyltransferase inhibitor AzaC did not restore 
CYP1A induction by PCB126 in NB killifish. 
These studies suggest that resistance to activation of AHR and induction of 
xenobiotic activating enzymes (CYP1A and CYP3A) in combination with increased 
expression of conjugating enzymes (GST) protects chronically contaminated killifish 
against these chemicals. 
 
Keywords: AHR, CYP1A killifish, polychlorinated biphenyls, polycyclic 
aromatic hydrocarbons, resistance. 
 
 
 
 
 
 
 
 
 
 
 
 
 
Xabier Arzuaga 
 
September 12, 2004 
 
 
 
 
 
 
 
 
 
 
MECHANISMS OF RESISTANCE TO HALOGENATED AND NON-
HALOGENATED AHR LIGANDS IN CHRONICALLY CONTAMINATED 
KILLIFISH POPULATIONS 
 
By 
Xabier Arzuaga 
 
 
 
 
 
 
 
 
Director of Dissertation 
Dr. Adria A. Elskus 
Director of Graduate Studies 
Dr. Zhigang Wang 
September 30, 2004 
 
 
 
 
 
RULES FOR THE USE OF DISSERTATIONS 
 
 Unpublished dissertations submitted for the Doctor’s degree and deposited in the 
University of Kentucky Library are as a rule open for inspection, but are to be used only 
with due regard to the rights of the authors.  Bibliographical references may be noted, but 
quotations or summaries of parts may be published only with the permission of the 
author, and with the usual scholarly acknowledgments. 
 
 Extensive copying or publication of the dissertation in whole or in part also 
requires the consent of the Dean of the Graduate School of the University of Kentucky. 
 
 
 
 
 
 
 
 
 
DISSERTATION 
 
 
 
 
 
 
Xabier Arzuaga 
 
 
 
 
 
 
 
The Graduate School 
University of Kentucky 
2004 
 
 
 
 
MECHANISMS OF RESISTANCE TO HALOGENATED AND NON-
HALOGENATED AHR LIGANDS IN CHRONICALLY CONTAMINATED 
KILLIFISH POPULATIONS 
 
 
 
DISSERTATION 
 
 
A dissertation submitted in partial fulfillment of the requirements for the degree in 
Doctor of Philosophy in the 
Graduate School 
at the University of Kentucky 
 
By 
Xabier Arzuaga 
Lexington, Kentucky 
Director: Dr. Adria Elskus, Assistant Professor, Biology Department, 
University of Kentucky 
Lexington, Kentucky 
Copyright © Xabier Arzuaga 2004 
 
 
 
 
 
 
 
 
 
 
 
 
For Javier Arzuaga 
 
 
 
 
 
 
 
Acknowledgements 
(Agradecimientos) 
 
Gracias a mis padres, Javier Arzuaga y Stella Andino, a mis hermanas, Madalen y 
Maite Arzuaga, a mis abuelos, Carmen y Manuel Andino, y al resto de mi familia en 
Puerto Rico y los Estados Unidos.  Su apoyo, sus consejos, amor y cariño fueron 
esenciales en esta etapa de mi carrera.  También gracias a Sanh Kin, Clement Chin, 
Hollie Skaggs, Jessika Feliciano y el resto de mis amigos en Lexington por motivarme a 
continuar en momentos de duda y regalarme su tiempo, consejos, compañia y amistad. 
I owe a great deal to my friend and advisor Dr Adria Elskus.  Thanks your 
guidance, help with the design of experiments, and for creating a friendly and enjoyable 
work atmosphere. 
Thank you to my lab mates: Ben Brammell, Tyler Sager, Andrew Wigginton, 
Agus Sofyan, David Price and Eleana Harmel.  Thank you for your help with taking 
down experiments, collecting fish and maintaining, advice on biochemical and molecular 
assays etc.  It was a lot of fun and a pleasure to work with all of you.  I will miss the 
collection trips to the Paducah Gaseous and Diffusion Plant and the Mud River in Logan 
County, KY. 
Thank you very much to my committee: Dr Mary Vore, Dr Hollie Swanson, Dr 
Philip Crowley, Dr Ok-Kyong Park-Sarge and Dr Mark Hahn for their guidance, advice 
and ideas throughout the course of this project. 
Thank you to the staff at the Toxicology and Biology Departments of the 
University of Kentucky for their help and support. 
Also thank you to Dr John Stegeman for providing us with the CYP1A antibodies, 
Dr Christopher Bradfield and Dr Ed Glover for performing AHR labeling assays, Dr 
Diane Nacci for providing us with Newark Bay, New Bedford Harbor and reference site 
killifish, and valuavle advice in fish embryo maintenance and the in ovo EROD assay and 
Dr Richard Di Giulio, Dr Joel Meyer and Dr Deena Wassenberg for providing us with 
reference site killfish and their valuable advice in the design of embryo experiments. 
This work was funded by National Institute of Health (F31 ES05942-01). 
 
 
 iii
TABLE OF CONTENTS 
 
Acknowledgments         iii 
List of tables          vii 
List of figures          viii 
 
Chapter One          1 
Introduction         1 
Study Organism: killifish (Fundulus heteroclitus)    2 
Background material        3 
Newark Bay        3 
New Bedford Harbor       4 
The AHR pathway       4 
Phase I and Phase II xenobiotic metabolizing enzymes  5 
CYP1A       5 
DT-diaphorase      6 
GST        6 
UDPGT       7 
Toxic effects caused by PAHs and PCBs    7 
Development       8 
Oxidative stress      8 
Resistance        9 
Newark Bay killifish      9 
New Bedford Harbor killifish     10 
Elizabeth River killifish     10 
Specific Aims         12 
 
Chapter Two          15 
Abstract         15 
Introduction         15 
Materials and methods       16 
Killifish collection and maintenance     16 
Northern blot analysis       17 
Microsome preparation and analysis     17 
Statistical analysis       17 
Results and discussion       17 
Figure legends         19 
 
Chapter Three          22 
Abstract         22 
Introduction         23 
Materials and methods       25 
Materials        25 
Killifish collection and maintenance     25 
Fish treatments       26 
 iv
Tissue preparations       26 
Determination of protein concentration and enzyme assays  26 
Detection of CYP1A and CYP3A protein    28 
Statistical analysis       29 
Results         29 
Gonadal and hepatic somatic index     29 
CYP1A activity and protein      29 
CYP3A protein in killifish      30 
GST activity        30 
UDPGT activity       30 
DT-diaphorase activity      31 
Discussion         31 
Figure legends         37 
 
Chapter Four          44 
Abstract         44 
Introduction         45 
Materials and methods       46 
Materials        46 
Killifish collection and maintenance     46 
In ovo superoxide detection assay     47 
In ovo CYP1A activity      48 
Histology hematoxylin and eosin staining    48 
Statistical analysis       49 
Results         49 
0.3 nM PCB126 induces maximal EROD response   49 
ROS production detected by DHE     49 
50 µM is the optimal DHE concentration for staining  50 
1.5 hours is the optimal DHE incubation time   50 
ROS can be detected as early as 5dpf     51 
In ovo EROD is more sensitive than SoDA assay   51 
3-MC increases ROS production in killifish embryos  51 
Discussion         52 
Figure legends         52 
 
Chapter Five          66 
Abstract         66 
Introduction         67 
Materials and methods       68 
Materials        69 
Killifish collection and maintenance     69 
Exposure to test compounds      69 
In ovo superoxide detection assay     70 
In ovo CYP1A activity      70 
Developmental deformities      71 
Statistical analysis       71 
 v
Results         72 
Polluted site killifish are resistant to PCB126 induction of  
in ovo EROD, ROS production and deformities   72 
Polluted site killifish are resistant to 3-MC induction of ROS 73 
Role of resistance to AHR activation and CYP1A induction  74 
Role of AHR pathway in developmental deformities  74 
Role of AHR pathway in EROD and ROS production  75 
Role of P450s in PCB induced ROS production   75 
Antioxidants and PCB induction of ROS    75 
Discussion         76 
Figure legends         81 
 
Chapter Six          97 
Abstract         97 
Introduction         97 
Materials and methods       98 
Exposure to test compounds and in ovo CYP1A activity  98 
Statistical analysis       99 
Results and discussion       99 
Figure legends         100 
 
Chapter Seven          103 
Abstract         103 
Introduction         104 
Materials and methods       105 
Materials        105 
Killifish collection and maintenance     106 
Amplification of the killifish CYP1A promoter   106 
CYP1A promoter methylation study     108 
Statistical analysis       109 
Results and discussion       109 
Figure legends         112 
 
Chapter Eight          121 
Summary and future directions      121 
Resistance to activation of the AHR pathway   121 
Phase II xenobiotic metabolizing enzymes    123 
Resistance to PCB induced oxidative stress    124 
Possible costs and outcomes of xenobiotic resistance  126 
 
References          128 
 
Vita           140 
 vi
List of Tables 
 
3-1 Gonad and hepatic somatic index of Newark Bay and Flax  
Pond killifish embryos treated with control, PCB77 or B[a]P   38 
 
5-1 Heart deformities in reference sand polluted site killifish  
embryos exposed to 0, 1.5, and 3.0 nM PCB126     86 
5-2 Heart deformities in reference site killifish embryos exposed  
to 0, 1.5nM PCB126 and 1.5nM PCB126 plus 367nM ANF    87 
 
7-1 DNA motifs identified on the killifish CYP1A promoter   113 
7-2 Additional DNA fragments in Flax Pond and Newark Bay killifish 
CYP1A promoters reflected in variable size PCR products    114 
7-3 DNA methylation status of the Flax Pond and Newark  
Bay killifish CYP1A promoters       115 
 
 vii
List of Figures 
 
1-1 Collection site         13 
1-2 The AHR pathway.        14 
2-1a CYP1A mRNA of corn oil, PCB77 or B[a]P treated killifish   20 
2-1b CYCYP1A protein expression       20 
2-1c EROD activity         20 
2-2 Liver cytosolic AHR levels in Flax Pond and Newark Bay killifish  21 
3-1 Hepatic CYP1A activity in Flax Pond, and Newark Bay killifish  
treated with corn oil, PCB77, or B[a]P      39 
3-2 Hepatic CYP1A protein expression in Flax Pond, and Newark Bay  
killifish treated with corn oil, PCB77, or B[a]P     40 
3-3a Hepatic CYP3A protein expression in Flax Pond, and Newark  
Bay killifish treated with corn oil, PCB77, or B[a]P     41 
3-3b Representative immuno blot for CYP3A detection in Flax Pond, and  
Newark Bay killifish treated with corn oil, PCB77, or B[a]P   41 
3-4 Hepatic GST activity in Flax Pond, and Newark Bay killifish  
treated with corn oil, PCB77, or B[a]P      42 
3-5 Hepatic UDPGT activity in Flax Pond, and Newark Bay killifish  
treated with corn oil, PCB77, or B[a]P      43 
4-1 Induction of in ovo EROD in killifish embryos treated with  
vehicle or PCB126         58 
4-2a HE fluorescence in PCB treated killifish embryos    59 
4-2b H and E stained cryosections of 7 dpf killifish embryos   60 
4-3 Optimal DHE concentration for ROS detection     61 
4-4 Optimal DHE incubation time for ROS detection    62 
4-5 ROS production induced by PCB126 during killifish early  
embryonic development        79 
4-6a Relative sensitivity of in ovo EORD to induction by PCB126   64 
4-6b Relative sensitivity of SoDA to induction by PCB126    64 
4-7a 3-MC induction of in ovo EROD in developing killifish embryos  65 
4-7b 3-MC induction of ROS in developing killifish embryos   65 
5-1a In ovo EROD in reference and polluted site killifish embryos  
treated with PCB126         88 
5-1b ROS production of killifish reference and polluted site  
killifish embryos treated with PCB126      88 
5-2a In ovo EROD for West Island killfish embryos treated with  
0, 0.3, 1.5, and 4.5 nM PCB126.       88 
5-2b In ovo EROD for New Bedford Harbor killfish embryos  
treated with 0, 0.3, 1.5, and 4.5 nM PCB126.     89 
5-2c In ovo EROD for Newark Bay killfish embryos treated with  
0, 0.3, 1.5, and 4.5 nM PCB126.       89 
5-3a In ovo EROD in reference and polluted site killifish embryos  
treated with 3-MC.         90 
5-3b ROS production of killifish reference and polluted site killifish  
embryos treated with 3-MC.        90 
 viii
5-4 In ovo EROD for Flax Pond and Newark Bay killifish treated with 
0, 1.12, 11.2, and 112 nM 3-MC.       91 
5-5a In ovo EROD in reference site killifish embryos treated  
with vehicle, PCB126 or ANF.       92 
5-5b In ovo EROD in reference site killifish embryos treated with  
vehicle, PCB126 or ANF plus PCB126.      92 
5-6 ROS production of killifish reference and polluted site killifish  
embryos treated with vehicle, PCB126 or ANF plus PCB126.   93 
5-7a In ovo EROD of reference site killifish embryos treated with  
vehicle, quercetin, PCB126 and PCB126 plus quercetin    94 
5-7b ROS production of reference site killifish embryos treated with  
vehicle, quercetin, PCB126 and PCB126 plus quercetin    94 
5-8a In ovo EROD of reference site killifish embryos treated with  
vehicle, PBO, PCB126 and PCB126 plus PBO     95 
5-8b ROS production of reference site killifish embryos treated with  
vehicle, PBO, PCB126 and PCB126 plus PBO     95 
5-9a In ovo EROD of reference site killifish embryos treated with  
vehicle, NAC, PCB126 and PCB126 plus NAC     96 
5-9b ROS production of reference site killifish embryos treated  
with vehicle, NAC, PCB126 and PCB126 plus NAC    96 
6-1 CYP1A activity in Newark Bay and reference site killifish  
embryos exposed to vehicle or PCB126.      101 
6-2 CYP1A activity in Newark Bay killifish embryos exposed to  
PCB126, or PCB126 plus 5-AC at different concentrations    102 
7-1 Alignment of killifish CYP1A promoter sequences from Newark  
Bay and Flax Pond individuals       116 
7-2 Additional DNA fragments in the killifish CYP1A promoter  
results in 728, or 685 bp PCR products      119 
7-3 HpaII and MspI restriction digestions of hepatic DNA    120 
 
 ix
Chapter One 
Introduction: 
Pollution problems are frequent in many parts of the American continent.  In the 
north Atlantic coast of the United States, as in other parts of the word, these problems are 
associated with industrial, and urban development.  Environmentally relevant toxic 
chemicals have a negative impact in exposed ecosystems.  Fish populations that inhabit 
contaminated sites have higher levels of DNA adducts and increased frequency of liver 
and skin tumors (Baumann, 1998).  For example killifish (Fundulus heteroclitus) and 
brown bullhead (Ameiurus nebulosus) collected from contaminated portions of the 
Elizabeth River VA, and the Anacostia River (Washington, DC) have higher incidence of 
DNA adducts (Pinkney et al., 2004; Rose et al., 2000) and liver tumors (Pinkney et al., 
2001; Vogelbein et al., 1990) than clean site animals. 
The pollution present in impacted aquatic systems consists of hundreds 
environmental contaminants.  Sediment samples from Newark Bay, NJ and the Hudson 
River estuary NY are contain complex mixtures that contain heavy metals, raw sewage, 
pesticides, etc.  Co-planar Halogenated Aromatic Hydrocarbons (HAHs) and Polycyclic 
Aromatic Hydrocarbons (PAHs) can be found among the contaminants in these sites 
(O'Connor, 1988).  Exposure to these chemicals negatively affects animals.  Laboratory 
studies using sediment extracts from contaminated sites demonstrate that exposure to 
these chemicals can increase teratogenesis (developmental deformities), oxidative stress, 
cancer and altered behavior (Baumann, 1998; Weis et al., 2003).  Most of the 
toxicological effects caused by HAHs and PAHs of co-planar aromatic hydrocarbons are 
mediated through the aryl hydrocarbon receptor (AHR).  The AHR is a cytosolic receptor 
that functions in a similar fashion to hormone receptors.  Upon binding of HAH or PAH 
ligands, the AHR is transformed in to its active form and initiates transcription of 
responsive genes.  One of the most studied responses to AHR activation is induction of 
the monooxygenase cytochrome P450 1A (CYP1A).  Under laboratory conditions, 
exposure to AHR ligands present in complex mixtures can induce CYP1A expression in 
different fish models (Levine, 1999; Wassenberg et al., 2002a). 
Some species as well as individuals within a population may be more vulnerable 
than others to environmental stressors (Carvalho et al., 2004; Willett et al., 2000).  If the 
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selective pressures are strong enough then certain individuals, possessing and expressing 
genotype that permits survival under the new pressure, can have greater chance to 
reproduce than others.  Recent studies have discovered fish populations that inhabit 
contaminated sites and have developed resistance to the immediate toxic effects caused 
by these pollutants (Wirgin and Waldman, 2004).  It is possible that contaminated fish 
populations have adapted to the conditions of their environments through a selection of 
the more toxicant-resistant individuals.  This process could potentially reduce the gene 
pool of the population and affect its ability to adapt to new stressors. 
This thesis examines two killifish populations from the contaminated Newark Bay 
NJ, and New Bedford Harbor MA.  Both killifish populations have been chronically 
exposed to environmental contaminants.  Although the sources of pollution are different 
for the two sites, the contaminants present in this environment include different levels of 
xenobiotic AHR ligands such as halogenated aromatic hydrocarbons (HAHs) and 
polycyclic aromatic hydrocarbons (PAHs).  Recent studies have demonstrated that 
killifish from Newark Bay and New Bedford Harbor have developed resistance to 
immediate toxic effects caused by HAHs and PAHs.  The purpose of the studies 
described herein was to determine the biochemical and molecular mechanistic 
adaptations that allow these animals to survive in these contaminated environments. 
 
Study organism: The Killifish (Fundulus heteroclitus) 
Killifish live in shallow waters in estuarine areas.  Their range is from the Gulf of 
St Lawrence, to northeastern Florida.  They usually measure from 2 to 4 inches in length, 
but some can be 6 inches long.  Their life expectancy is from 3 to 4 years (Armstrong and 
Child, 1965b).  Killifish are a non-migratory species and their home range is 
approximately 36 meters during the winter months (Lotrich, 1975).  Killifish form an 
important part of the trophic structure of the ecosystem and are consumed by other 
species of commercial relevance such as the blue crab (Callinectes sapidus), and stripped 
bass (Morone Saxatilis) (Weis, 2002).  They are omnivores and their diet includes sea 
grass fragments, crustaceans, diatoms, amphipods mollusks, small fishes, and fish eggs 
(including their own).  Killifish spawn during the summer months and most of the 
spawning coincides with new and full moons.  The sexually mature fish show strong 
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dimorphisms during the spawning season.  Killifish eggs are about 2mm wide, the eggs 
are colorless or pale yellowish, and very sticky, so they mass up together or stick to the 
material where they rest upon.  The incubation time takes from 9 to 18 days.  They also 
display a large degree of genetic variability (Brown, 1991).  The AHR pathway is 
functional in this species of fish.  AHR ligand dependent CYP1A induction can be 
observed in a variety of tissues and developmental stages (Elskus et al., 1999; Van Veld 
et al., 1997; Wassenberg et al., 2002b).  Killifish are frequently used as research models 
for various advantages.  They are easy to collect and maintain in the lab, unless they 
come to the lab with some kind of infection, and the chorionic membrane covering egg is 
transparent so researchers can easily view developmental stages. 
 
Background material: 
Studies on pollution resistance were conducted on killifish from Newark Bay and 
New Bedford Harbor.  These are two superfund sites located on the north east coast of 
the United States.  Both sites are contaminated with a variety of chemicals.  The sources 
for pollution are different in these two sites.  A brief description of the types of 
contamination in two these sites is presented bellow. 
 
Newark Bay: 
The Newark Bay (NJ) is probably one of the most highly populated and 
industrially active areas in the United States.  Since the 1800s the New Jersey estuary has 
been exposed to pollution originated from industrial development and domestic sources.  
This area includes the Hackensack River, Passaic River, Kill Van Kull, and Arthur Kill 
(Figure 1).  The contamination of Newark Bay includes heavy metals, pesticides, 
polychlorinated biphenyls (PCBs), polycyclic aromatic hydrocarbons (PAHs), dioxins 
and conventional pollutants (e.g. organic matter, ammonia, and bacterial and viral 
pathogens) (Crawford et al., 1995; Wenning, 1994).  Polychlorinated dibenzo-p-dioxins 
(PCDDs) including 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), are among the most 
potent carcinogens.  The source of these chemicals in Newark Bay was the production of 
herbicide components of Agent Orange by an industrial facility located in the bank of the 
Passaic River.  Concentrations of 21,000 parts per trillion (ppt) have been reported for 
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Newark Bay sediment samples collected near the production site.  It has been estimated 
that the total deposition of TCDD in this site has been 4 to 8 kg since the 1940s (Bopp, 
1991).  TCDD has been found in lobsters (Homarus americanus), blue crabs and striped 
bass collected from this area (O'Connor, 1988; Wenning et al., 1992).  The PCBs and 
PAHs in this area originated from, petroleum and chemical storage, refinery facilities, 
chemical manufacturing, and industrial discharges in to the area (Huntley et al., 1993; 
Wenning, 1994).  Killifish residing in Newark Bay have elevated tissue levels of PCBs 
(Elskus et al., 1999; Monosson et al., 2003). 
 
New Bedford Harbor: 
New Bedford Harbor is also contaminated with PCBs, PAHs, metals and dioxins, 
but most if the contamination is mostly composed of PCBs (Pruell, 1990).  Body burdens 
of PCBs in killifish collected from this area range from 1370 to 655 ppm (Lake, 1995).  
These are among the highest PCB concentrations reported.  The main source of PCB 
contamination in New Bedford Harbor was an industrial facility that used PCB mixtures 
for manufacturing capacitors.  This facility was open from the 1940s to the 1970s.  
Additional sources for contamination in this site are industrial and municipal discharges 
(Bello, 1999; Pruell, 1990).  Organisms that inhabit these areas suffer from 
developmental abnormalities, altered behavior, immune function, and enzyme expression 
and activity (O'Connor, 1988). 
 
The AHR pathway: 
Much of the toxic effects caused by co-planar halogenated and non-halogenated 
aromatic hydrocarbons occur through activation of the aryl hydrocarbon receptor (AHR).  
The AHR forms part of the basic helix-loop-helix/Per-ARNT-Sim (bHLH-PAS) protein 
family.  It remains inactive in the cytosol forming a stable complex with two heat chock 
proteins (HSP 90), the HSP90 co-chaperone p23 and the X-associated protein (or Ara9) 
(Carlson and Perdew, 2002; Safe, 2001).  Upon activation by co-planar aromatic 
hydrocarbons, the AHR translocates to the nucleus and forms a complex the AHR nuclear 
translocator (ARNT) (Figure 2).  This complex will recognize specific DNA sequences 
known as xenobiotic response elements (XREs) which are found in the promoter regions 
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of responsive genes (Swanson, 2002; Whitlock, 1999).  Activation of the AHR leads to 
altered expression of hundreds of genes (Puga et al., 2000), including phase I and phase II 
xenobiotic metabolizing enzymes.  This group responsive genes is known as the AHR 
gene battery.  Because of their importance in xenobiotic metabolism the following phase 
I and phase II enzymes were studied in this thesis: cytochrome P450 1A (CYP1A), Dt-
diaphorase, glutathione-s-transferase (GST), and uridine diphosphate-glucuronyl 
transferase (UDPGT). 
The AHR and most of the genes involved in this pathway have been identified, 
cloned and sequenced, in fish.  The AHR functional domains are conserved between 
different vertebrate models(Abnet et al., 1999; Hahn, 1998a; Hahn et al., 1994).  
Interestingly, some fish species, including killifish, have two AHR genes: AHR1 and 
AHR2.  Ligands like TCDD bind to the two AHRs with almost equal efficiency, but the 
expression profile of the two killifish AHRs are different (Hahn, 1998a).  AHR1 mRNA 
is expressed in killifish heart, brain, ovary, and testis.  It also expressed in liver, kidney 
and gills, but at much lower levels.  The expression of AHR2 mRNA is uniform in the 
organs mentioned above (Karchner et al., 1999). 
 
Phase I and phase II xenobiotic metabolizing enzymes: 
 
CYP1A: 
Phase I xenobiotic metabolizing enzymes transform AHR ligands in to more 
water-soluble forms through hydrolysis, oxidation or reduction reactions.  Cytochrome 
P450 1A (CYP1A) and DT-diaphorase are phase I xenobiotic metabolizing enzymes.  
CYP1A is a heme containing protein whose function is to add an oxygen atom to the 
xenobiotic substrate, and thus increases its hydrophylicity.  CYP1A is one of the most 
studied enzyme within the AHR gene battery since it is strongly induced by AHR ligands 
(Lemaire, 1996; Zhang, 1990).  Unfortunately, not all of the catalytic reactions performed 
by CYP1A result in excretion of xenobiotics.  In some cases CYP1A can convert it’s 
substrate in to an unstable form that can bind to DNA (Eberhart et al., 1992; Nebert et al., 
2004) or generate reactive oxygen species through oxidation reduction cycles.  
Halogenated AHR ligands, such as dioxins and PCBs, can also uncouple the CYP1A 
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catalytic cycle which results in release of ROS from the enzyme’s active site (Schlezinger 
et al., 2000; Shertzer et al., 2004). 
In addition to CYP1A, cytochrome P450 1B1 (CYP1B1) can also be induced by 
AHR ligands in vertebrate and cell culture models.  Like CYP1A, CYP1B1 can also 
metabolize PAHs in to unstable metabolites that can bind to other macromolecules and 
cause toxic damage (Nebert et al., 2004; Shimada et al., 2001). 
 
DT diaphorase: 
Xenobiotics that bind to and activate AHR can be converted in to quinones by 
CYP1A.  These metabolites are considered toxic because they go through oxidation-
reduction reactions that generate ROS (Di Giulio et al., 1995; Joseph et al., 1998).  DT-
diaphorase is a flavoprotein that catalyzes the two-electron reduction of quinoid 
compounds in to more stable hydroquinones, thereby preventing redox cycling and 
superoxide generation (Burdick et al., 2003; Joseph and Jaiswal, 1994; Ross et al., 2000). 
Although this enzyme is considered to be part of the AHR gene battery (Ross et 
al., 2000), studies using fish models have yielded conflicting results.  For example: 
(Lemaire, 1996) found that DTD activity was inducible by the AHR ligand β-
naphthoflavone in rainbow trout (Oncorhynchus mykiss), but not in sea bass 
(Dicentrarchus labrax) and dab (Limanda limanda). 
 
GST: 
Phase II enzymes primarily act on functional groups added to xenobiotics during 
phase I reactions.  Phase II metabolism of xenobiotics results in a large increase in 
hydrophilicity.  Two of the more commonly studied phase II enzymes that for part of the 
AHR gene battery are: GST, and uridine diphosphate-glucuronyl transferase UDPGT. 
Most of the GST enzymes are soluble and present in the cell cytosol.  They are 
composed of two units and conjugate a variety of compounds with the endogenous 
tripeptide glutathione (GSH).  The mammalian GSTs are divided in to four different 
families: alpha (α), pi (π), mu (µ), and theta (θ) (Sheweita, 2000).  GSTs can convert 
toxic PAH metabolites generated from phase I metabolism in to a less harmful form.  
Whole animal, and in-vitro studies have found that GSTs can conjugate (±)-anti-
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benzo[a]pyrene-trans-7,8-dohydrodiol-9,10-epoxide (BPDE) (Gallagher, 1996; Xia et al., 
1998).  BPDE is a benzo-a-pyrene (B[a]P) metabolite generated by CYP1A and other 
P450 enzymes.  It is highly unstable, mutagenic and carcinogenic.  These findings 
suggest that high GST enzyme activity potentially protects against formation of PAH-
DNA adducts.  In addition to metabolism of toxic xenobiotics, GST is also associated 
with detoxication of lipid peroxides and protection against oxidative tress (Yang et al., 
2004; Zimniak et al., 1997). 
Studies using fish models have generated conflicting results on GST induction 
after treatment with AHR ligands (Lemaire, 1996).  Basal expression and AHR 
dependent induction of this enzyme varies from one fish model to another, suggesting 
possible differences in the mechanism for induction, and susceptibility to contaminants.  
For example: studies using the comparing two species of catfish show that channel 
catfish have higher basal expression of GST, than brown bullheads.  Channel catfish are 
also less vulnerable to DNA adduct formation and toxic effects caused by B[a]P (Ploch et 
al., 1998). 
 
UDPGT: 
Conjugation with uridine diphosphate-glucuronic acid (UDP-glucuronic acid) 
acid is an important mechanism in xenobiotic metabolism and elimination.  This reaction 
is carried out by UDPGT, is a membrane-associated protein located in the endoplasmic 
reticulum (Sheweita, 2000).  In most cases, glucurinic metabolites are more water soluble 
and easily excreted, but conjugation with glucuronic acid can also generated toxic 
metabolites.  Induction of UDPGT has also been associated with depletion of thyroid 
stimulating hormone (Schuur et al., 1997).  Studies using various fish models have 
demonstrated that AHR ligands (PAHs and PCBs) can induce UDPGT activity in liver 
tissue (Nacci et al., 2002; Novi et al., 1998; Zhang, 1990). 
 
Toxic effects cause by PAHs and HAHs in fish 
Exposure to AHR ligands causes a variety of toxic effects in exposed fish.  For 
example; under laboratory conditions PCBs and PAHs have been shown to cause 
developmental deformities (Henry et al., 1997), suppression of the immune system 
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(Carlson et al., 2002; Duffy et al., 2003), altered expression of pro and anti-oxidant 
enzymes (Otto and Moon, 1995; Schlezinger and Stegeman, 2001), and increased cell 
proliferation and cancer (Baumann, 1998; Grinwis et al., 2000).  These studies described 
in this thesis were aimed at studying AHR ligand dependent induction of developmental 
deformities and oxidative stress in contaminated and reference site killifish. 
 
Development 
Embryonic exposure to AHR ligands increases CYP1A induction, and 
teratogenesis during early developmental stages of fish and other vertebrates (Hoffman et 
al., 1996; Nacci et al., 1998).  Frequently observed developmental effects caused by AHR 
ligand exposure include edema, cardiovascular dysfunction, hemorrage, craniofacial 
malformations and increased mortality (Henry et al., 1997; Meyer and Di Giulio, 2002). 
There is still conflicting data on the role of AHR and CYP1A in mediating 
xenobiotic induced deformities.  For example; studies using morpholio nucleotides, that 
bind to target mRNA and block transcription, have shown that AHR, but not CYP1A 
mediates TCDD induced deformities in zebrafish embryos (Carney et al., 2004; Prasch et 
al., 2003).  Other studies using P450 inhibitors suggest that CYP1A is involved in these 
toxic effects in medaka embryo development (Cantrell et al., 1996).  Another interesting 
observation is that exposure to AHR and CYP1A inhibitors in combination with a PAH 
increases deformities (Hawkins et al., 2002; Wassenberg and Di Giulio, 2004).  But when 
AHR and CYP1A inhibitors are given with PCB126 the co-treatment reduced PCB126 
induced deformities (Wassenberg, in press).  It is possible that PAHs and PCBs increase 
developmental toxicities through different mechanisms. 
 
Oxidative stress 
Exposure to AHR ligands has been shown to cause oxidative stress by increasing 
lipid peroxidation, DNA strand breaks, expression of stress proteins, alteration of 
oxidized vs. reduced glutathione levels, as well as enzymes that regulate oxidative status 
(Dalton et al., 2002; Nebert et al., 2000).  Oxidative stress is a cellular response to 
increased levels of oxygen radicals (e.g., superoxide, and hydrogen peroxide and 
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hydroxyl radicals).  Increased production of reactive oxygen species (ROS) can affect 
cellular health and function (de Vries, 1996; Di Giulio et al., 1995). 
Exposure to coplanar polychlorinated biphenyls (co-PCBs) and polychlorinated 
dibenzo-p-dioxins (e.g. 2,3,7,8-tetrachlorodibenzo-p-dioxin, TCDD), strongly induces 
oxidative stress in vertebrate research models such as rodents (Fadhel et al., 2002; 
Hassoun et al., 2002), human hepatoma cells (Park et al., 1996), and fish (Palace et al., 
1996; Schlezinger and Stegeman, 2001).  Oxidative stress caused by TCDD and PCBs is 
associated with AHR activation (Alsharif et al., 1994; Park et al., 1996).  It has been 
hypothesized that AHR ligand induced ROS production could result from a variety of 
mechanisms, including AHR mediated induction of P450 enzymes (e.g. CYP1A1/2), and 
antioxidant and pro-oxidant enzymes (Dalton et al., 2002; Nebert et al., 2004). 
 
Resistance 
Various groups have documented that some fish populations from contaminated 
sites show extraordinary resilience to immediate toxic effects caused by AHR ligands and 
other toxicants(Wirgin and Waldman, 2004).  For example; Atlantic tomcod (Microgadus 
tomcod) from the Hudson River are resistant to co-planar PCB mediated induction of 
CYP1A activity and developmental deformities (Courtenay et al., 1999; Wirgin and 
Waldman, 2004). 
There are three identified killifish populations in contaminated sites of the United 
States east coast that are resistant to the immediate toxic effects caused by PAHs and 
PCBs.  They are located in Newark Bay (NJ), New Bedford Harbor (MA), and a PAH 
contaminated portion of the Elizabeth River (VA).  Bellow is a brief description of 
killifish from these sites. 
 
Newark Bay killifish: 
As mentioned above, Newark Bay is contaminated with a variety of pollutants 
from very different origins, and killifish as well as other organisms that inhabit this 
aquatic environment are exposed to this complex mixture.  Although killifish from 
Newark Bay have higher tissue concentrations of PCBs than reference site animals 
(Elskus et al., 1999; Monosson et al., 2003), laboratory studies have revealed that they 
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have become resistant to exposure to AHR ligands.  For example; waterborne or dermal 
exposure increases EROD in adult killifish from reference site animals, but not in 
Newark Bay fish (Prince and Cooper, 1995b).  Reference site animals were also more 
sensitive to TCDD induced hemorrhaging, edema, and mortality than Newark Bay 
killifish (Prince and Cooper, 1995a).  Exposures to environmentally relevant mixtures of 
PCBs have revealed that Newark Bay first generation (F1) killifish larvae are resistant to 
PCB mediated EROD induction, suggesting that resistance to CYP1A induction is 
heritable in this population (Elskus et al., 1999). 
 
New Bedford Harbor killifish: 
Despite the fact that New Bedford Harbor killifish inhabit a site that is heavily 
contaminated with PCBs, these animals have also developed resistance to AHR ligand 
effects.  Adult NBH killifish are resistant to B[a]P, and 2,3,7,8-tetrachlorodibenzofuran 
(TCDF) mediated induction of CYP1A mRNA, protein and enzymatic activity (Bello et 
al., 2001; Nacci et al., 2002).  Lab raised, F1, and second generation (F2) killifish 
embryos from NBH are resistant to co-planar PCB induced EROD and developmental 
deformities (Nacci et al., 1999).  This suggests that the mechanism of resistance to 
CYP1A induction is genetic. 
 
Elizabeth River killifish: 
A killifish population from the southern branch of the Elizabeth River (VA), has 
also developed resistance to AHR ligands.  The sediments from this area are 
contaminated with PAHs generated from a wood treatment facility (Atlantic Wood, 
Industries) that is no longer operating.  Although killifish from this site have a higher 
incidence of hepatic tumors, and DNA adducts than reference site animals (Vogelbein et 
al., 1990), studies by various groups have revealed that these killifish have developed 
resistance to PCBs and PAHs.  Adult killifish from this site are resistant to PAH mediated 
induction of CYP1A (Van Veld and Westbrook, 1995) and F1 generation embryos are 
resistant to PCB induction of EROD and deformities (Meyer and Di Giulio, 2002).  Also, 
hepatic basal expression of GST in Elizabeth River killifish is six fold higher than 
reference site fish (Armknecht et al., 1998).  Since GST is associated with conjugation 
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and elimination of unstable xenobiotic metabolites (Sundberg et al., 2002), higher basal 
GST expression is could be protective against PAH toxicity (Weis, 2002). 
The mechanism for resistance to CYP1A induction in this population is 
apparently different from Newark Bay and New Bedford Harbor killifish.  Lab raised, F1 
generation killifish from the Elizabeth River are resistant to CYP1A induction, but F2 
killifish embryos are responsive to CYP1A induction by AHR ligands (Meyer et al., 
2002).  This suggests that resistance to CYP1A induction in Elizabeth River killifish is 
caused by a non-genetic mechanism.  It has been proposed that these animals gain 
resistance by an epigenetic mechanism such as DNA methylation of the CYP1A gene. 
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Specific aims 
Differential sensitivities to halogenated and non-halogenated AHR ligands has 
been observed in different strains, species, populations and sexes in experimental 
animals.  As mentioned above, Fundulus heteroclitus populations exposed to 
anthropogenically introduced AHR ligands over multiple generations have developed 
resistance to their acute toxic effects.  In Newark Bay killifish, resistance is characterized 
by a lack of CYP1A induction after exposure to HAHs, includingTCDD and co-planar 
PCBs (Elskus et al., 1999; Prince and Cooper, 1995a).  The main hypothesis of this thesis 
is that in chronically contaminated killifish, recalcitrance AHR activation and CYP1A 
induction is protective against AHR ligands.  We also hypothesized that altered AHR 
expression or CYP1A promoter sequence grants resistance to AHR ligands in Newark 
Bay and New Bedford Harbor killifish.  To prove these hypothesis I addressed the 
following questions: 
 
1. Are phase I and phase II enzymes associated with AHR ligand metabolism and 
excretion equally regulated in contaminated site killifish and reference site 
killifish? 
2. Are Newark Bay killifish resistant to CYP1A induction by co-planar PCBs, and 
non chlorinated AHR ligands during different developmental stages? 
3. Is resistance to CYP1A induction associated with resistance to AHR ligand 
induced teratogenesis, and ROS production? 
4. Is altered AHR expression or CYP1A promoter sequence associated with 
resistance in killifish? 
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Figure 1-1:  Map of collection site (*): Newark Bay, NJ. 
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Figure 1-2:  The AHR pathway.  AHR ligand (dioxin) diffuses in to the cell and activates 
the AHR, which then translocated to the nucleus, where in combination with ARNT, 
binds to xenobiotic response elements (XREs) and initiates transcription of responsive 
genes.  Modified from (Hahn, 1998b; Safe, 2001) 
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Chapter Two 
 
Evidence for resistance to B[a]P and PCB-77 in a chronically polluted Fundulus 
heteroclitus population 
 
Abstract 
Halogenated aromatic hydrocarbons (HAHs) and polycyclic aromatic hydrocarbons 
(PAHs) are major environmental contaminants.  Fish species that are chronically exposed 
can develop resistance to their toxic effects. In all fish species studied to date, toxicant 
resistance has been accompanied by decreased inducibility of the xenobiotic metabolizing 
enzyme, cytochrome P450 1A (CYP1A).  CYP1A induction is mediated through the Aryl 
Hydrocarbon Receptor (AHR).  Although these compounds mediate their effects through 
this pathway, there have been resistant populations in which one chemical class cannot 
induce CYP1A expression (HAHs) while the other (PAHs) can.  Cross-resistance to 
HAHs and PAHs was examined in a HAH-resistant population of F. heteroclitus 
(Newark Bay, NJ).  Fish were injected intraperitoneally with the HAH 3,4, 3’,4’-
tetrachlorobiphenyl (PCB77), benzo[a]pyrene (B[a]P, a PAH) or vehicle and sacrificed 
after two (B[a]P) or five days (PCB77, vehicle).  Our data showed no significant increase 
in CYP1A mRNA levels in resistant Newark Bay F. heteroclitus treated with either B[a]P 
or PCB, while there was a 3.9 fold (PCB) and 4.2 fold (B[a]P) increase in CYP1A 
mRNA in Flax fish.  AHR labeling studies revealed significantly lower levels of AHR 
(P<0.05) in Newark fish (1770 ± 1693.2 DPM) than in Flax fish (6082.5 ± 1709.9 DPM).  
Overall, these data suggest resistance to both PAHs and HAHs in Newark F. heteroclitus 
at the level of CYP1A mRNA, which might be mediated, in part, though lower 
expression of AHR. 
 
Introduction 
Exposure to HAHs causes transcriptional activation of genes involved in cell 
growth and differentiation, wasting syndrome and tumor promotion.  Harmful effects of 
HAHs have also been observed in fish (Guiney et al., 1997; Henry et al., 1997).  Much of 
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the biological activity of these compounds is mediated through the AHR (Mimura and 
Fujii-Kuriyama, 2003; Nebert et al., 2004) 
In fish, resistance to HAHs has been observed in populations chronically exposed 
to these compounds and is characterized, in part, by lack of inducibility of the xenobiotic 
metabolizing enzyme CYP1A (Hahn, 1998b; Wirgin and Waldman, 2004).  Although 
resistant fish have a functional AHR, it is highly resistant to activation by xenobiotic 
AHR ligands (Bello et al., 2001).  For example: killifish from New Bedford Harbor MA, 
a PCB contaminated site are resistant to CYP1A induction when treated with TCDF (one 
of the most potent AHR ligands).  This lower sensitivity to inducers suggests that 
resistance is likely mediated by changes in the AHR pathway (e.g. altered receptor 
affinity, alterations in the CYP1A promoter).  Further evidence that inducibility is not 
completely lost in resistant fish is demonstrated by the finding that some resistant 
populations show selective responses to different chemical classes.  (Courtenay et al., 
1999) showed that Hudson River tomcod, which are resistant to HAHs, respond to 
treatment with PAHs with increased expression of CYP1A mRNA and enzyme activity.  
Since Newark Bay F. heteroclitus are chronically exposed to both these chemical classes 
in their environment, we hypothesized that resistance to both types of CYP1A inducers 
may have developed in the Newark population. 
 
Materials and methods 
Killifish collection and maintenance 
Male killifish were collected from a reference site (Flax Pond, NY) and a site 
contaminated with organic and inorganic pollutants (Newark Bay, NJ).  Fish ranged from 
6.7 ± 0.3g (Flax Pond) to 2.3 ± 0.2g (Newark Bay) bw; and were reproductively mature 
(Flax 1.6 ± 0.4% GSI; Newark 4.5 ± 1.2% GSI).  Fish were injected intraperitoneally 
with B[a]P 50mg/kg bw, 1mg PCB77/kg, or corn oil (vehicle) and held in recirculating 
SW systems (350/00) at 20°C under a 14/10 L/D cycle and fed daily. Fish were sampled 
after two (B[a]P) or five days (PCB, vehicle), times when teleost CYP1A mRNA is 
maximally induced (Hahn and Stegeman, 1994; Kloepper-Sams and Stegeman, 1989). 
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Northern blot analysis 
Northern blot analysis of CYP1A mRNA was performed using hepatic RNA 
extracted from F. heteroclitus.  Total RNA was prepared using Trizol (Invitrogen, 
Carlsbad, CA) as recommended by the manufacturer (Gibco BRL).  RNA (10 µg) was 
electrophoresed (1% agarose gel), transferred to a nylon membrane, and probed with a 
digoxigenin (DIG) labeled CYP1A  F. heteroclitus RNA probe.  Riboprobe was made 
from a F. heteroclitus CYP1A partial cDNA construct by using DIG-11-UTP as 
recommended by the manufacturer (Roche Molecular Biochemicals). 
 
Microsome preparation and analysis 
Liver microsomes were isolated as described (Elskus et al., 1999).  Hepatic 
microsomal CYP1A catalytic activity was measured fluorometrically as ethoxyresorufin-
O-deethylase (EROD) in 48 well plates in triplicate.  CYP1A protein was measured by 
immunoblotting using monoclonal antibody MAb 1-12-3 which recognizes CYP1A from 
F. heteroclitus (Kloepper-Sams et al., 1987) as described (Elskus et al., 1999).  For 
quantification of AHR, liver cytosols from untreated Flax and Newark fish were prepared 
and quantified for total AHR by photoaffinity labeling with [125I] iodo-7,8-
dibromodibenzo-p-dioxin as described (Hahn et al., 1994). 
 
Statistical analysis 
Statistical analysis was performed using SYSTAT version 10 (Systat software 
Inc., Point Richmond CA).  Square root transformation of the data was performed before 
statistical analysis.  Two-way ANOVA followed by Fishers Least Significant Difference 
(LSD) was used to detect significant differences between treatment groups and 
populations.  Level of significance was 0.05. 
 
Results and Discussion 
Northern blots revealed a significant increase (P<0.05) in hepatic CYP1A mRNA 
in both PCB and B[a]P treated Flax Pond, but not Newark Bay, F. heteroclitus (Figure 1).  
This suggests that the Newark Bay killifish population is resistant to CYP1A induction 
by both compounds.  CYP1A catalytic activity and protein levels were highly variable 
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within treatment groups (Figures 2, and 3).  This may be due to short depuration time (2 
months).  Freshly caught Flax F. heteroclitus have high EROD activity (J. Zielinski, 
personal communication), while livers of freshly caught Newark F. heteroclitus contain 
considerable tissue concentrations of PCBs (~1600ppb) (Monosson et al., 2003).  As the 
half-life of PCBs in fish tissue is approximately four months (Niimi, 1983), Newark Bay 
killifish livers may have contained enough PCB to competitively inhibit CYP1A activity 
(Gooch et al., 1989; White et al., 1997).  The high number of animals per pool (5-10) 
may also be a source of variability, with high or low responders making outsized 
contributions.  High variability in resistant Newark F. heteroclitus has also been noted by 
others (Elskus et al., 1999; Prince and Cooper, 1995a). 
AHR levels in hepatic cytosols of Newark Bay F. heteroclitus, (1770.0±1693.17 
DPM) were significantly lower than levels in Flax fish (6082.5 ± 1709.9 DPM), a 3.4 
fold difference. Lower AHR levels could be part of a mechanism by which Newark Bay 
killifish gain resistance to CYP1A induction.  For example, absence of AHR is 
characterized by lack of inducibility of CYP1A1/2 in mammalian AHR knockout models 
(Shimizu et al., 2000).  Lower AHR levels, resulting in fewer AHR-DNA complexes, 
accompanied by lower sensitivity of this pathway in resistant fish (Bello et al., 2001), 
may contribute to the resilience to CYP1A induction observed in the Newark Bay 
killifish population. 
Spare AHR has been observed in various models.  One of them is PLHC-1 cells 
obtained from the teleost Poeciliposis lucida (Hesterman et al., 2000).  According to the 
model proposed by this group, a reduction of up to 85% of AHR levels can still allow 
approximate maximal induction of CYP1A levels, given that the EC50 value would 
increase by 7-fold (Hesterman et al., in Press).  It is not yet known if the remaining AHR 
in polluted site killifish could still be activated. 
Experiments using a higher number of fish that were allowed to depurate for four 
months are described in chapter three.  Studies aimed at determining if resistance to 
CYP1A induction is due to alterations in the DNA sequence or methylation status of the 
CYP1A promoter are described in chapter eight. 
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Figure legends 
 
Figure 2-1 (a): CYP1A mRNA from corn oil, PCB77 and B[a]P treated killifish from 
Flax Pond (reference site) and Newark Bay (resistant population).  Each treatment group 
consists of three pools of 5 (Flax) to 10 (Newark) livers (n=3). (b) CYP1A protein, 
expressed as relative absorbance; (c) EROD activity (pmol/min/mg microsomal protein) 
 
Figure 2-2: Liver cytosolic AHR levels ± SD in Flax and Newark Fundulus heteroclitus 
measured by photoaffinity labeling . 
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Figure 2-1a. CYP1A mRNA from corn oil, PCB77 and B[a]P treated killifish 
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Figure 2-1b. CYP1A protein from corn oil, PCB77 and B[a]P treated killifish 
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Figure 2-1c. CYP1A activity from corn oil, PCB77 and B[a]P treated killifish 
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Figure 2-2. Liver cytosolic AHR levels ± SD in Flax Pond and Newark Bay killifish 
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Chapter Three 
 
Differential regulation of the AHR gene-battery in resistant and responsive  killifish 
(Fundulus heteroclitus) populations. 
 
Abstract 
Exposure to aryl hydrocarbon receptor ligands leads to induction of a variety of genes 
collectively known as the AHR gene battery.  Among the genes that respond to this 
molecular signal there are important enzymes involved in the metabolism of these 
chemicals.  This study focuses on chemical regulation of aryl hydrocarbon receptor 
(AHR) battery genes (cytochrome P450 1A (CYP1A), glutathione-S-transferase (GST), 
uridine diphosphate glucuronyl transferase (UDPGT), and DT-diaphorase) and a 
monooxygenase not regulated via the AHR, P450 3A (CYP3A), in two populations of 
killifish with different tolerance to toxicants.  Resistant (Newark Bay, NJ) and responsive 
(Flax Pond, NY) killifish were treated by intraperitoneal (ip) injection with vehicle (corn 
oil), 3,3’,4,4’-tetrachlorobiphenyl (PCB77, 1 mg/kg) or benzo-a-pyrene (B[a]P, 50 
mg/kg).  Fish were killed after forty eight hours (B[a]P) or 5 days (vehicle, PCB77) and 
liver tissue prepared for measurement of microsomal CYP1A protein content and 
catalytic activity (ethoxyresorufin-o-deethylase, EROD), microsomal CYP3A protein 
content, activity of 4-nitrophenol UDPGT, and cytosolic 1-chloro-2,4-dinitrobenzene 
(CDNB) GST, and dichlorophenol-indophenol (DCPIP) DT-diaphorase.  Treatment with 
PCB77 or B[a]P significantly induced both CYP1A and CYP3A in responsive killifish, 
producing a 3.3 and 4.1 fold induction in CYP1A activity (EROD), a 7.4 and 10.1 fold 
induction in CYP1A protein, and a 2.8 and 3.6 fold induction in CYP3A protein, 
respectively, relative to controls.  In contrast, PCB77 and B[a]P treatment had no effect 
on these enzymes in resistant fish.  UDPGT and GST activities in resistant and 
responsive fish failed to respond to either treatment.  However, basal GST activity was 
higher (2.2 fold) in resistant compared to responsive fish.  DT-diaphorase activity was 
not detected in killifish, although our method did detect this activity in other fish species.  
Together, our results suggest that the chronically polluted Newark Bay killifish 
population has developed resistance to CYP1A induction by multiple AHR ligands, that 
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resistance extends to other inducible P450 forms involved in toxicant metabolism, and 
that despite regulation through a common r eceptor, expression of AHR battery genes is 
not coordinately regulated.  We speculate that resistance to chemical toxicity in PCB 
tolerant fish may be conferred, at least in part, by a combination of suppressed toxicant 
activation accompanied by elevated detoxication (via conjugation) activity. 
 
Introduction 
Environmental pollutants that activate the aryl hydrocarbon receptor (AHR) can 
cause a wide variety of toxic effects, including immune system suppression, 
developmental abnormalities, tumor promotion and carcinogenesis (Carlson et al., 2002; 
Meyer and Di Giulio, 2002; Safe, 2001; Teraoka et al., 2002).  Binding of xenobiotics, 
such as halogenated aromatic hydrocarbons, HAHs (e.g. tetrachlorodibenzo-p-dioxins 
and co-planar polychlorinated biphenyl congeners), and polycyclic aromatic 
hydrocarbons (PAHs, e.g. benzo[a]pyrene), to the AHR results in altered expression of a 
group of genes that are collectively referred to as the AHR gene battery (Nebert et al., 
2000).  Activities of some of the enzymes that respond to AHR activation are associated 
with the toxicity caused by such pollutants.  For example, cytochrome P450 1A (CYP1A) 
has been shown to convert xenobiotics in to toxic intermediates that can bind to 
macromolecules, and increase reactive oxygen species production (Guengerich and 
Shimada, 1998; Schlezinger and Stegeman, 2001).  Yet, other genes that form part of this 
response are involved with metabolism and excretion of the same xenobiotics.  For 
example, glutathione-s-trasferase (GST), uridine diphosphate glucuronyl transferase 
(UDPGT) and DT-dipahorase are involved with detoxification xenobiotic PAH 
metabolites (Joseph and Jaiswal, 1994; Sheweita, 2000).  The expression pattern that 
results from such exposures could lead to metabolism of the parent compound in to toxic 
intermediates, or result in detoxification and excretion of these xenobiotics. 
Exposure to HAHs can result in altered expression of AHR battery genes for 
prolonged periods of time.  For example; rainbow trout (Oncorhynchus mykiss) exposed 
to a polychlorinated biphenyl (PCB) mixture over a period of twenty weeks become 
resistant to CYP1A induction by PCBs and the PAH 3-methylcholanthrene (Celander and 
Forlin, 1995), and have increased activity of the xenobiotic metabolic enzymes: GST, Dt-
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dipahorase, UDPGT and glutathione reductase (GR) (Forlin et al., 1996).  Also, MCF-7 
cells exposed to benzo-a-pyrene over a six month period develop resistance to 
dimethylbenz[a]anthracene (DMBA) induced apoptosis, DNA adduct formation, and 
2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD) activation of CYP1A1 transcription 
(Ciolino et al., 2002).  This suggests that altered expression of toxicant metabolizing 
enzymes could be essential in adapting to environmental xenobiotics (Farber, 1990). 
Exposure to environmental contaminants containing AHR ligands has deleterious 
effects on populations of aquatic organisms.  Despite chronic exposure to potent 
toxicants, some populations continue to thrive (Wirgin and Waldman, 2004).  The 
biochemical mechanisms underlying such chemical resistance are not well understood, 
however there is growing evidence that resistance to toxicants that activate AHR may be 
mediated, at least in part, through altered expression of AHR regulated genes (Weis, 
2002).  In some fish populations, chronic exposure to these chemicals lead to the 
development of resistance to their toxic effects, as observed in killifish (Fundulus 
heteroclitus) exposed to PCBs in New Bedford Harbor MA, (Bello et al., 2001; Nacci et 
al., 1999), PAHs, in the Elizabeth River VA, (Van Veld and Westbrook, 1995), and 
mixtures of both these chemical classes with metals and pesticides in Newark Bay NJ, 
(Elskus et al., 1999; Prince and Cooper, 1995b). 
The Newark Bay (NJ) environment has been exposed to pollution since the 
1800’s.  Contamination in the New Jersey estuary originated from industrial development 
and domestic sources.  High levels of dioxins (such as TCDD), PCBs, PAHs, heavy 
metals, pesticides and other types of contaminates can be found in sediments (Crawford 
et al., 1995).  Killifish residing in Newark Bay are resistant to the toxic effects of 
chemicals at this site (Prince and Cooper, 1995b), despite elevated levels of PCBs in their 
tissues (Elskus et al., 1999; Monosson et al., 2003).  It is possible that these animals 
achieve tolerance to their toxic effects by altering the expression of AHR gene battery 
enzymes. 
 The purpose of this study is to compare the expression and activity of genes from 
the AHR gene battery between the Newark Bay killifish population and a reference site 
population (Flax Pond, NY).  We studied expression and metabolic activity of CYP1A, 
GST, UDPGT, and DT-diaphorase, after treatment with the AHR ligands PCB77 or 
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benzo-a-pyrene (B[a]P).  These enzymes were chosen because of their potential role in 
toxic metabolic activation (Shimada and Fujii-Kuriyama, 2004) or detoxification (Miller 
and Ramos, 2001; Sundberg et al., 2002) of AHR ligands.  We also studied expression of 
cytocrome P450 3A (CYP3A) protein.  This enzyme does not form part of the AHR gene 
battery, but because of its involvement in xenobiotic metabolism (Guengerich and 
Shimada, 1998; Shimada et al., 1989), we hypothesized that its expression is also altered 
in Newark Bay killifish.  As demonstrated in chapter five, the expression and activity of 
these enzymes is associated with survival of highly contaminated killifish. 
 
Materials and Methods 
 
Materials: 
 PCB77 was a generous gift from Dr. Hans-Joachim Lehmler (University of Iowa).  
Benzo[a]pyrene and 4 nitrophenol were purchased from Sigma (St. Louis, MO).  
Resorufin and 7-ethoxyresorufin, dicoumarol, and 1-cloro-2, 4-dinitrobenzene (CDNB), 
were purchased from Molecular Probes (Eugene, OR), CalBiochem (La Jolla, CA), and 
Mid West Scientific (St. Louis, MO) respectively.  Polyacrylamide gradient gels (4 to 
12%) as well as gel running and transfer apparatus were from Invitrogen (Carlsbad, CA).  
Nitrocellulose membrane (0.45 µm) for western blots was purchased from Schleisher and 
Schull (Keene, NH).  All other biochemicals were from Sigma. 
 
Killifish collection and maitenance: 
 Killifish were collected from Flax Pond, NY and the Roanoke Yacht Club in 
Newark Bay, NJ using minnow traps, and were depurated for four months in static, 
recirculating systems with artificial seawater.  Temperature was maintained between 18 
and 20°C, and salinity at 30 ppt.  Approximately 90% of the water volume in the tanks 
was replaced every month.  Killifish were kept on a daily diet of Tetramin.  Animals were 
distributed into different tanks according to the treatments they received.  There were a 
total of 27 males and 11 females from Newark Bay, and 30 males and 9 females from 
Flax Pond.  The experiment was performed in January 2001 when the fish were 
gonadally regressed. 
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Fish treatments: 
 Killifish from Flax Pond (6 ± 2g) and Newark Bay (6 ± 3g) were injected 
intraperitoneally with vehicle (corn oil), 3, 3’, 4, 4’ tetrachlorobiphenyl (PCB77) 
(Ballschmiter and Zell, 1980) at 1mg/kg body weight, or B[a]P at 50mg/kg body weight.  
Animals injected with B[a]P were sampled 2 days after treatment, and those receiving 
PCB77 or vehicle, after 5 days.  Treatment regimes were based on dose response and 
kinetic experiments performed by other groups (Gooch et al., 1989; Hahn and Stegeman, 
1994; Kloepper-Sams and Stegeman, 1989).  Fish were killed by cervical transsection, 
the liver removed, weighed, taking care not to rupture the gall bladder, and immediately 
frozen in liquid nitrogen for later biochemical analysis within two months. 
 
Tissue preparations: 
 Hepatic microsomes and cytosols were prepared as previously described 
(Stegeman et al., 1979).  Briefly, livers were pooled (≥ 0.2g/pool; 2 to 5 livers per pool).  
Liver tissue was homogenized in ice cold 50 mM Tris (pH 7.5) using a teflon 
homogenizer.  Homogenates were spun at 1,500 x g (10 min.) and 10,000 x g (10 min.) to 
pellet the nucleus, cell membranes and mitochondria.  The supernatant was spun at 
100,000 x g for one hour and the resultant microsomal pellet homogenized in re-
suspension buffer (50mM Tris, 1mM EDTA, 1mM DTT and 20% glycerol) and stored in 
liquid nitrogen.  Glycerol was added to the cytosolic fraction (20% v:v) and stored in 
liquid nitrogen.  
 
Determinations of protein concentration and enzyme assays: 
Microsomal and cytosolic protein concentrations were determined 
fluorometrically as described (Lorenzen and Kennedy, 1993) using bovine serum 
albumin (BSA) as the standard.  All samples were run at least in duplicate. 
CYP1A catalytic activity ethoxyresorufin-O-deethylase  (EROD) activity was 
measured in 48 well plates (Costar) as previously described (Hahn et al., 1996).  Reaction 
mixtures contained liver microsomes (10 µl; 30 to 130 ug of protein), 7-ethoxyresorufin 
(2.0 µM, final concentration), in 50mM Tris, 0.1 M NaCl.  The reaction was initiated by 
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addition of NADPH (1.34mM, final concentration).  The final reaction volume was 
150µl.  Enzymatic activity (CYP1A conversion of 7-ER to resorufin) was measured 
fluorometrically using a Cytofluor 4000 (PE Biosystems, Foster City, CA) plate reader.  
All EROD assays were performed at room temperature,.  The reaction was followed for 
10 minutes and the linear portion of the curve used to determine reaction rate.  All 
samples were run in triplicate. 
Cytosolic GST activity was measured using the nonspecific substrate 1-chloro-
2,4-dinitrobenzene (CDNB) as described in (Armknecht et al., 1998).  Reactions were 
carried out in 1 ml quartz cuvettes containing 0.1M potassium phosphate buffer, pH 6.5, 
1mM glutathione, 1mM CDNB and 15 µl (41.4-140 µg) of cytosolic protein in a final 
reaction volume of 1 mL.  The formation of the CDNB conjugate was monitored on a 
dual-beam uv-vis spectrophotomoeter (Shimadzu UV-1601, Norcross, GA), at a 
wavelength of 340 nm for eighty seconds.  All reactions were performed at room 
temperature in triplicate. 
Uridine diphosphate glucuronyl transferase (UDPGT) activity was measured as 
described (Nacci et al., 2002), with 4-nitrophenol as the substrate.  Liver microsomes (15 
µl; 50 to 190µg) were added to a reaction buffer containing 250mM Tris-HCl (pH 7.4), 
5mM MgCl and 0.5 mM 4-nitrophenol.  Reactions were initiated by addition of UDP-
glucuronic acid (UDPGA) (final concentration 5mM) and followed for 30 minutes at 25 
°C.  Reactions were carried out in two duplicate sets: one set containing UDPGA and the 
other deionized H2O (dI H2O) to monitor the reduction in color resulting from the 
formation of 4-nitrophenol β-glucuronide.  The final reaction volume was 200µl.  After 
30 minutes, reactions were stopped by adding 2 volumes of ice cold 0.5M trichloroacetic 
acid (TCA), and then neutralized by adding 1 volume of 2M sodium hydroxide (NaOH).  
Finally, the reaction was diluted in 3 volumes of dI H2O and absorbance measured at 405 
nm.  Enzyme activity was calculated using a 4-nitrophenol extinction coefficient of 18.1 
cm2/mol (Burchell and Weatherill, 1981). All samples assays were performed in 
duplicate. 
DT-diaphorase (NAD(P)H oxidoreductase) activity was measured as described 
(Hasspieler and Di Giulio, 1992).  Briefly, the following reagents were mixed in a 1 ml 
quartz cuvette: 0.3-1.0 µg of cytosolic protein, assay buffer (50 mM Tris-HCl, pH 7.5), 
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0.1% bovine serum albumin (BSA) and 1.0 mM NADH, and 0.05 mM dichlorophenol-
indophenol dissolved in assay buffer.  The final reaction volume was 1 ml.  Blanks 
contained all the reagents mentioned above plus 10 µM dicoumarol (DC).  DC is a 
powerful DT-diaphorase inhibitor.  The reaction was initiated by addition of the enzyme 
substrate (dichlorophenolindiphenol, DCPIP) to the sample and reference cuvettes.  The 
disappearance of DCPIP was monitored by measuring changes in absorbance (600 nm) 
over 1 minute.  Enzyme activity was calculated using the DCPIP extinction coefficient 
(21mM-1 cm-1, (Lind et al., 1990)). All samples were run at least in duplicate. 
 
Detection of CYP1A and CYP3A protein: 
Microsomal CYP1A protein was measured by immunoblot as described (Elskus et 
al., 1999).  Briefly, 10 µg of microsomal protein was resolved on 4 to 12 % 
polyacrylamide gradient gels, transferred to nitrocellulose sheets (0.45 µm, pore size) and 
subjected to immunoblotting using the monoclonal antibody (MAb) 1-12-3 against scup 
(Stenotomus chrysops) CYP1A1.  This antibody shows high specificity for Fundulus 
heteroclitus CYP1A as well as other vertebrate species (Kloepper-Sams et al., 1987) and 
was a generous gift from Dr. John Stegeman (Woods Hole Oceanographic Institution, 
MA).  An HP conjugated goat anti-mouse IgG was used as secondary antibody and 
enhanced chemiluminescence (ECL+, Amersham) was used for detection.  Microsomal 
CYP3A-like proteins were detected using a rabbit polyclonal antibody against scup P450 
A (Celander et al., 1996).  This antibody was a generous gift from Dr. Malin Celander 
(Göteborg University, Sweden).  Chemiluminescent signal was detected using the Storm 
860 phosphoimager (Molecular Dynamics).  Intensity of the CYP1A and CYP3A bands 
were measured using Scion Image (NIH Image software).  Microsomes from (benzo-a-
pyrene)-induced killifish (1, 5, 10 ug microsomal protein) were loaded onto every gel to 
determine linearity of signal.  To facilitate comparisons between blots, sample CYP1A 
band densities were normalized to the CYP1A signal from a single pool of B[a]P treated 
Flax Pond  killifish run on every gel. 
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Statistical analysis: 
Statistical analysis was performed using Statistica (StatSoft Inc. Tulsa, OK).  
Homogeneity of variance was tested using Levene’s test. If the data were not normally 
distributed, a square root transformation was performed.  Two-way ANOVA was used to 
detect significant differences between treatment groups and populations.  Three-way 
ANOVA was used to detect sex, treatment and population effects at P<0.05.  Tukey’s test 
was used for post hoc comparisons.  Level of significance was 0.05. 
 
Results 
 
Gonadal somatic index (GSI) and Hepatic somatic index (HSI) 
 GSI values correspond to sexually immature animals, except for female Newark 
Bay killifish treated with PCB77, where GSI values approached those reported for 
sexually mature fish (Bradford and Taylor, 1987).  Three-way ANOVA detected 
significant treatment effects.  Post Hoc analysis (Tukey’s test) revealed that GSI values 
for PCB-treated Flax Pond male and Newark Bay female killifish were significantly 
higher than respective controls (Table 3-1). 
Hepatic somatic indices differed with site and sex, demonstrating population 
(p<0.002) and population-sex (p<0.05) effects, but no effects of treatment (Table 3-1).  
HSI values were significantly higher in Newark Bay than Flax Pond killifish.  In Flax 
Pond killifish, HSI values were significantly higher in females than males, but in Newark 
Bay fish HSI values were significantly higher in males compared to females. 
 
CYP1A enzyme activity and protein 
Flax Pond and Newark Bay killifish responded differently to CYP1A inducers 
(Figure 3-1).  CYP1A activity (EROD) was significantly elevated in Flax Pond fish 
treated with PCB77 (3.3 fold) or B[a]P (4.1 fold), relative to controls.  In contrast, 
CYP1A activity was not significantly altered in the resistant (Newark Bay) killifish 
treated with either CYP1A inducer.  High variability in the BaP-treated Newark Bay fish 
is due to much higher activity in two of the six microsomal pools (261.5 and 286.5 
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pmol/min/mg compared to an average of 84.1 ± 34 pmol/min/mg for the remaining four 
pools). 
CYP1A protein expression reflected CYP1A activity.  Flax animals displayed a 
7.4 and 10.1 fold induction of CYP1A protein when treated with PCB-77 or B[a]P, 
respectively, while no significant induction was observed in Newark Bay fish (Figure 3-
2). 
 
CYP3A protein in killifish 
 Immunoblot analysis revealed that Flax Pond killifish exposed to either PCB77 or 
B[a]P had small, but significantly higher (2.8 fold and 3.6 fold respectively) expression 
levels of hepatic CYP3A protein compared to vehicle treated animals (Fig. 3-3a).  
Newark Bay killifish did not show CYP3A induction upon exposure to either compound.  
The CYP3A antibody used in these experiments revealed two different bands on the 
immunoblotts, which could potentially correspond to two different CYP3A proteins (Fig. 
3-3b).  The intensity of the top band was quantified in these experiments. 
 
Glutathione-s-transferase (GST) 
 Cytosolic GST activity was unaffected by treatment with either PCB-77 or B[a]P.  
However, 2-way ANOVA revealed a significant population effect.  GST activity in 
Newark Bay killifish was consistently 2.2 fold higher than levels in Flax Pond killifish, 
regardless of treatment (Figure 3-4). 
 
Uridine diphosphate glucuronyl transferase (UDPGT) 
 UDPGT enzyme activity towards 4-nitrophenol was not altered by treatment with 
PCB77, or B[a]P in either killifish population (Figure 3-5).  Unlike GST activity, there 
were no differences in enzyme activity between populations.  One pool from the Flax 
Pond vehicle treatment group displayed UDPGT enzyme activity more than one standard 
deviation higher than the mean.  Conducting 2-way ANOVA with and without this 
sample did not alter significance. 
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DT-diaphorase 
DT-diaphorase activity was measured in Flax Pond and Newark Bay killifish, but 
no enzyme activity was detectable using the method described above.  Using the same 
method on rainbow trout and channel catfish (Ictalurus punctatus) liver cytosol we 
detected enzyme activities of 27.53 and 55.8 nmol/min/mg respectively.  These values 
are comparable to rainbow trout and channel catfish DT-diaphorase enzyme activities 
reported by others: 29.09 nmol/min/mg, (Parker et al., 1993) and 39 nmol/min/mg 
(Hasspieler and Di Giulio, 1992) respectively.  This indicates that the assay protocol we 
used in these studies was working properly. 
 
Discussion 
 The results of this study suggest that chronic exposure to AHR ligands has 
resulted in altered expression of AHR battery genes in Newark Bay killifish.  We also 
discovered that in addition to resistance to PCB induction of CYP1A protein and activity, 
Newark Bay killifish are also tolerant to B[a]P, and that CYP3A protein can be induced 
by AHR ligands in the killifish model.  Altered expression of these, and possibly 
additional genes, could be related to tolerance to some of the toxic effects provoked by 
these compounds. 
This study, in conjunction with previous work (Chapter two), demonstrates that 
resistance to CYP1A induction in Newark Bay killifish extends to PAHs and occurs at 
the level of mRNA and protein expression and catalytic activity.  Previous studies had 
determined that these animals are resistant to induction of CYP1A protein and catalytic 
activity by coplanar PCBs and TCDD (Elskus et al., 1999; Prince and Cooper, 1995a).  
Our results are also in agreement with studies of other killifish populations chronically 
exposed to AHR ligands.  (Bello et al., 2001) observed that New Bedford Harbor killifish 
are tolerant to HAH (tetrachlorodibenzofuran, TCDF) mediated induction of hepatic 
CYP1A mRNA, protein, and catalytic activity, while (Nacci et al., 2002) found that this 
same population is also resistant to induction of CYP1A by B[a]P.  Creosote (PAH) 
contaminated Atlantic Wood (Elizabeth River, VA) killifish populations are resistant to 
both PAHs and PCBs (Meyer and Di Giulio, 2002; Meyer et al., 2002; Van Veld and 
Westbrook, 1995).  However, studies using Atlantic tomcod (Microgadus tomcod) from 
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the Hudson River demonstrated that these animals have developed resistance to PCB 
induction of CYP1A mRNA expression, but they do respond to PAHs, suggesting 
possible differences in induction mechanisms of CYP1A activation by different kinds of 
AHR ligands (Courtenay et al., 1999). 
Although the experiments performed in this study had a higher number of 
replicates that the ones presented in Chapter two, a high degree of variability among 
treatment groups was notizable.  It is possible that this variability could have arisen from 
a pooling effect, as explained in Chapter two, or that the microsomes used were obtained 
from pooled male and female fish.  Estrogens secreted during spawning events (Bradford 
and Taylor, 1987) can block CYP1A induction by AHR ligands in female fish (Elskus, 
2004; Jana et al., 2000).  This would result in different responses in male and female fish.  
However, the GSI data coolected at the time of liver sampling suggests that the killifish 
used in these experiments were not actively spawning, therefore hormone dependent 
alterations of PCB and PAH activation of AHR and CYP1A induction should have been 
minimal. 
In other research models, resistance to activation of the AHR pathway is related to 
a reduction in chemical toxicity.  Reduced AHR activation can lead to a decrease in AHR 
ligand mediated induction of oxidative stress (Alsharif et al., 1994; Hassoun and Stohs, 
1996; Jin et al., 2001), liver toxicity (Uno et al., 2001), cellular death, DNA damage 
(Ciolino et al., 2002) and carcinogenesis (Shimizu et al., 2000).  Such findings suggest 
that suppression of the AHR pathway plays an important role in reducing xenobiotic 
toxicity.  These theories are tested in chapter five, where PCB induced deformities in fish 
embryos were demonstrated to be dependent on AHR activation and CYP1A induction 
and chronically contaminated killifish were shown to be resistant to these toxic effects. 
Although CYP3A is not considered to be part of the AHR gene battery, treatment 
with PCB77 or B[a]P induced CYP3A protein expression in reference site killifish.  
Newark Bay killifish were resistant to CYP3A induction by these chemicals.  CYP3A is 
highly expressed in mammalian (Gibson et al., 2002) and fish liver tissue (Hegelund and 
Celander, 2003; Kullman et al., 2000; Lee et al., 1998).  CYP3A is inducible by steroid 
hormones such as glucocorticoids and antiglucocorticoids as well as xenobiotics like 
phenobarbital (PB) and phenobarbital (PB)-like compounds (Quattrochi and Guzelian, 
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2001).  Additional experiments using AHR inhibitors could help determine if CYP3A 
induction in killifish is AHR dependent or not.  CYP3A can metabolize various 
xenobiotics, including the model procarcinogen, B[a]P (Maurel, 1996; Shimada et al., 
1989; Yun et al., 1992).  Therefore, resistance to CYP3A induction in Newark Bay fish 
could also be beneficial if it results in reduced formation of toxic metabolites. 
CYP3A induction by AHR ligands has been observed in few species, and it is 
usually modest.  Previous studies by others have shown that CYP3A was not inducible by 
B[a]P in Arctic charr (Salvelinus alpinus) (Jorgensen et al., 2001), the PCB mixture 
Clophen A in rainbow trout (Celander et al., 1996), PCB126 in scup (Stenotomus 
chrysops) (Schlezinger and Stegeman, 2001) or by B[a]P in Atlantic cod (Gadus morhua) 
(Husoy et al., 1994).  However, mild increases in CYP3A expression have been 
documented in scup exposed to PCB77 (White et al., 1997).  Also, AHR ligands 
(Arochlor 1254, 3-methylcholanthrene and beta-naphthoflavone) have been shown to 
provoke a moderate increase in CYP3A2 and 3A4 in mammalian models (Cooper et al., 
1993; Hansen et al., 2000).  Species differences in CYP3A regulation may reflect 
differences in the promoter region of the gene and/or elements of the cellular 
environment, such as transcription factors, that are important for enzyme induction 
(Gibson et al., 2002; LeCluyse, 2001).   
Recent studies have shown that oxidative stress can induce CYP3A expression in 
cultured erythroleukemia cells (Nagai et al., 2004).  Since activation of AHR is known to 
cause oxidative stress (Palace et al., 1996; Shertzer et al., 1998), it is possible that AHR 
dependent increases reactive oxygen species (ROS) production activate expression of 
CYP3A in killifish. 
The higher expression levels of GST in resistant fish could be associated with 
elevated conjugation activity, and resistance to xenobiotics.  Although PCB77 or B[a]P 
did not increase either of the phase II enzymes we measured (GST and UDPGT), basal 
GST activity was 2.2 fold higher in Newark Bay killifish than in Flax Pond killifish.  This 
is similar to previous reports by others on the PAH resistant Atlantic Wood killifish 
population, which had 4.4 fold higher GST activity when compared to reference site fish 
(Armknecht et al., 1998).  Elevated GST activity has also been documented in two fish 
species with different susceptibilities to PAH-induced liver cancer: the relatively PAH 
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tolerant channel catfish (Ictalurus punctatus) and the more vulnerable brown bullheads 
(Ameiurus nebulosus).  Cancer resistant channel catfish had 1.2 fold higher basal GST 
activity than cancer-prone brown bullheads.  It is possible that higher GST activity could 
accelerate the elimination of PAH metabolites that would otherwise cause cell and tissue 
damage (Willett et al., 2000).  Also, cell culture studies have shown that over expression 
of cytosolic GSTs can confer resistance to prooxidant chemicals (Mari and Cederbaum, 
2001; Zimniak et al., 1997).  Increased hepatic GST expression in the PCB resistant 
Newark Bay killifish is consistent with the biochemical changes observed in cancer cells: 
a decrease in phase I and increased phase II xenobiotic metabolizing enzyme expression 
(Farber, 1990; Farber and Rubin, 1991).  Elevated GST activity would increase excretion 
rates of potentially toxic metabolites in comparison to reference site animals. 
Induction of CYP1A but not UDPGT by PCB77 or B[a]P could reflect differences 
in the lag time between chemical treatment and enzyme expression between these AHR-
regulated genes.  Our results are in accordance to previous studies using resistant killifish 
from New Bedford Harbor and reference site killifish, where seven days after treatment 
with TCDF (0.0, 0.06, .31, 1.5, and 7.6 nmol TCDF/kg) killifish UDPGT activity 
remained unaltered (Bello et al., 2001).  Other studies have generated conflicting data 
with the results we report in this study.  Hepatic cytosol of reference site killifish treated 
with B[a]P (50mg/kg) and sampled after ten days had 2.8 fold higher UDPGT activity 
than vehicle treated animals (Nacci et al., 2002).  In a caging study, EROD activity was 
significantly induced in carp (Cyprinus carpio) kept caged at a polluted site for two 
weeks, and UDPGT activity was significantly induced in animals kept caged for four 
weeks (Van der Oost et al., 1998).  In our study, killifish were sampled after two days 
(B[a]P treatment) or five days (controls and PCB77 treatment).  It is possible that 
induction of UDPGT by B[a]P or PCB77 is slower than induction of CYP1A and requires 
more time to reach it’s peak, suggesting that expression of these enzymes is not 
coordinately regulated by the AHR pathway.  Additional studies are needed to fully 
understand the dynamics of UDPGT expression and induction in this fish model. 
Our inability to detect DT-diaphorase activity in either killifish population may 
reflect species differences in expression, type of methodology used, or both.  Based on its 
role in xenobiotic metabolism (Joseph and Jaiswal, 1994), and it’s regulation by AHR 
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ligands (Ross et al., 2000), we expected DT-diaphorase to respond to CYP1A inducers in 
killifish.  However, there are clear species differences in regulation of this enzyme.  For 
example, European flounder (Platichthys flesus) primary hepatocytes treated with B[a]P 
(100 µM) had significantly higher DT-dipahorase activity than vehicle treated animals 
(Winzer et al., 2002), yet studies using the AHR ligand β-naphthoflavone failed to detect 
significant DT-diaphorase induction in sea brass (Dicentrarchus labrax) and gilthead 
seabream (Sparus aurata) (Novi et al., 1998; Pretti et al., 2001).  One study reported 
activity levels varying as much as 100-fold among 12 fish species (Förlin et al., 1995).  
We have used the same method for measuring DT-diaphorase activity in channel catfish 
and rainbow trout liver cytosol and obtained enzyme activity values similar to those 
reported by others (Hasspieler and Di Giulio, 1992; Parker et al., 1993).  Together, these 
studies suggest that our inability to detect DT-diaphorase activity in killifish is more 
likely related to species differences than to methodology concerns. 
Our data on CYP1A protein and catalytic activity, and GST, UDPGT and DT-
diaphorase catalytic activity, demonstrate that these AHR battery genes are not 
coordinately regulated in killifish.  Despite having significantly lower AHR protein levels 
(Arzuaga and Elskus, 2002), resistant killifish had constitutively higher activity of the 
AHR battery enzyme GST relative to responsive fish, while basal activity of other AHR 
battery enzymes (CYP1A, UDPGT) were similar between the responsive and resistant 
population.  Moreover, treatment with AHR ligands significantly induced one AHR 
battery gene, CYP1A, in responsive fish, but had no effect on others (GST, DT-
diaphorase, UDPGT).  Together, these data provide evidence for lack of coordinated 
regulation of genes in the killifish AHR gene battery.  
Resistance to CYP1A induction could be an important adaptation for animals 
living in an environment contaminated with AHR ligands.  Induction of CYP1A 
accelerates the metabolism and excretion of xenobiotics, but it can also increase cellular 
and tissue damage by transforming parent toxicants, such as B[a]P, into reactive 
intermediates that can bind to macromolecules such as DNA, protein and lipids (Schrenk, 
1998; Shimada and Fujii-Kuriyama, 2004), or increasing oxidative stress (Schlezinger 
and Stegeman, 2001).  Studies in fish demonstrate that induction of CYP1A is related to 
microsomal production of oxygen radicals in the presence of coplanar PCBs (Schlezinger 
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et al., 2000; Schlezinger and Stegeman, 2001); developmental abnormalities (Henry et 
al., 1997) and altered immune function (Carlson et al., 2002).  A possible benefit of 
resistance to CYP1A induction could be that resistant killifish, in comparison to reference 
site animals, produce fewer reactive metabolites and reactive oxygen species after 
exposure to PAHs and/or PCBs (see chapter six).  In fact, PCB resistant killifish from 
New Bedford Harbor produce fewer DNA adducts than reference site fish after exposure 
to B[a]P (Nacci et al., 2002).  Such an adaptation in combination with increased phase II 
metabolism would make resistant animals more fit to survive in polluted environments. 
In summary we conclude that Newark Bay killifish, which are chronically exposed to 
mixtures of AHR ligands, have become resistant to their CYP1A inducing effect, that 
AHR ligands induce CYP3A in killifish and resistance extends to suppressed induction of 
this P450 enzyme, and that resistance to toxicants results from altered expression of both 
phase I and phase II xenobiotic metabolizing enzymes in resistant fish populations. 
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Figure Legends: 
Figure 3-1: Hepatic CYP1A activity (EROD) in killifish from Flax Pond (  open bars) 
and Newark Bay (  shaded bars), treated with vehicle (corn oil), PCB77 (1 mg/kg) or 
B[a]P (50 mg/kg).  Bars represent the mean ± S.D. n = 4 to 5 pools (2 to 5 fish per pool).  
*Significantly different from respective controls (p<0.05). 
Figure 3-2: Hepatic CYP1A protein expression in Flax Pond (  open bars) and Newark 
Bay (  shaded bars) killifish treated with vehicle (corn oil), PCB77 (1 mg/kg) or B[a]P 
(50 mg/kg). Bars represent the mean ± S.D. n = 4 to 5 pools (2 to 5 fish per pool) . 
*Significantly different from respective controls (P<0.05).  
Figure 3-3 (a and b): a) Hepatic CYP3A protein expression detected in Flax Pond (  
open bars) and Newark Bay (  shaded bars) killifish treated with vehicle (corn oil), 
PCB77 (1 mg/kg) or B[a]P (50 mg/kg).  Bars represent the mean ± S.D. n = 4 to 5 pools 
(of 2 to 5 fish) per treatment.  *Significantly different from respective controls (P<0.05).  
b) Representative immuno blot of CYP3A detection.  Lanes 1, 2, and 3 correspond to 
detected CYP3A protein in Flax Pond killifish treated with vehicle (corn oil), PCB77 (1 
mg/kg) or B[a]P (50 mg/kg) respectively, and lanes 4, 5, and 6 correspond to Newark 
Bay killfish treated with vehicle (corn oil), PCB77 (1 mg/kg) or B[a]P (50 mg/kg) 
respectively. 
Figure 3-4: Hepatic glutathione-S- transferase activity in killifish from Flax Pond (  
open bars) and Newark Bay (  shaded bars) treated with vehicle (corn oil), PCB77 
(1mg/kg) and B[a]P (50 mg/kg).  Bars represent the mean ± S.D.  n =  5 to 7 pools (2 to 5 
fish per pool)  # Significantly different  from corresponding Flax Pond (responsive 
population) treatment groups.   
Figure 3-5: Hepatic UDPGT activity in Flax Pond (  open bars) and Newark Bay (  
shaded bars) killifish treated with vehicle (corn oil), PCB77 (1mg/kg) and B[a]P (50 
mg/kg).  Bars represent the mean ± S.D.   = 5 to 7 pools (2 to 5 fish per pool). 
 
Table 3-1.  Mean gonad somatic index (GSI) and hepatic somatic index (HSI) of control, PCB77 (1 mg/kg) and B[a]P (50 mg/kg) 
treated killifish.. 
Population: Average GSI (%) (± SD):  Average HSI (%) (± SD): 
Flax Pond: 
Females 
 
Males 
Vehicle 
1.25 ± 0.62 
(n=3) 
1.67 ± 1.02 
(n=8) 
PCB77 
3.90 ± 2.26 
(n=2) 
3.16 ± 1.35* 
(n=11) 
B[a]P 
1.34 ± .78 
(n=4) 
1.27 ± 0.76 
(n=11) 
Vehicle 
3.67 ± 1.60 
(n=3) 
3.14 ± 1.27 
(n=8) 
PCB77 
4.04 ±0.52 
(n=2) 
3.67 ±0.78 
(n=11) 
B[a]P 
4.96 ± 0.99 
(n=4) 
3.86 ± 1.56 
(n=11) 
Newark Bay: 
Females 
 
Males 
 
2.10 ± 0.17 
(n=4) 
1.79 ± 0.74 
(n=7) 
 
8.0 ± 4.37* 
(n=4) 
2.06 ± 2.06 
(n=12) 
 
1.65 ± 0.74 
(n=3) 
1.50 ± 1.20 
(n=8) 
 
5.00 ± 1.04 
(n=4) 
6.77 ± 2.07 
(n=7) 
 
3.77 ± 0.52 
(n=4) 
4.72 ± 1.44 
(n=12) 
 
5.45 ± 0.46 
(n=3) 
5.84 ± 1.2 
(n=8) 
Significantly different from corresponding control group at p< 0.05. 
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Figure 3-1. Hepatic CYP1A activity in Flax Pond and Newark Bay killifidh treated with 
corn oil, PCB77 or B[a]P. 
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Figure 3-2. Hepatic CYP1A protein in Flax Pond and Newark Bay killifidh treated with 
corn oil, PCB77 or B[a]P. 
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Figure 3-3a. Hepatic CYP3A protein in Flax Pond and Newark Bay killifidh treated with 
corn oil, PCB77 or B[a]P. 
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Figure 3-3b. Immunoblott for killifish CYP3A detection. 
Lanes:  1 2 3 4 5 6 
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Figure 3-4. Hepatic GST activity in Flax Pond and Newark Bay killifidh treated with 
corn oil, PCB77 or B[a]P. 
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Figure 3-5. Hepatic UDPGT activity in Flax Pond and Newark Bay killifidh treated with 
corn oil, PCB77 or B[a]P. 
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Chapter Four 
 
Evidence for AHR ligand induction of reactive oxygen species (ROS) during early 
embryonic development in killifish (Fundulus heteroclitus). 
 
Abstract 
Exposure to dioxin-like chemicals that activate the aryl hydrocarbon receptor 
(AHR) can result in increased cellular and tissue production of reactive oxygen species 
(ROS).  Little is known of these effects during early fish development.  We used the fish 
model, Fundulus heteroclitus, to determine if AHR ligands increase ROS production 
during killifish development, if this increase is associated with AHR activation (measured 
as induction of CYP1A activity), and to test a novel method for measuring ROS non-
invasively in a living organism.  The superoxide sensitive fluorescent dye, 
dihydroethidium (DHE), was used to detect ROS production microscopically in 
developing killifish exposed to the AHR agonist and potent CYP1A inducer, 3,4,5, 3',4'-
tetrachlorobiphenyl (PCB126).  Both in ovo CYP1A activity and ROS were induced by 
PCB126.  CYP1A activity (ethoxyresorufin-o-deethylase, EROD) was maximally 
induced in embryos after a 5 day exposure (2 to 7 days post-fertilization, dpf) to 0.3nM 
PCB126.  ROS production was detectable in embryonic liver as early as 5 dpf (0.3 nM 
PCB126) and was inducible by PCB126 concentrations as low as 0.003 nM.  To 
determine if non-chlorinated AHR ligands induce ROS production, and if ROS 
production is associated with CYP1A induction potency, killifish embryos were exposed 
to vehicle, PCB126 (0.3 nM), or a 100-fold higher dose of the less potent, non-
chlorinated polycyclic aromatic hydrocarbon (PAH) 3-methylcholanthrene (3-MC, 33.5 
nM).  PCB126 and 3-MC increased EROD by 17 and 12 fold, and ROS production by 7.6 
and 2.2 fold, respectively.  Our data demonstrate that AHR ligands can increase ROS 
production in killifish embryos, that ROS production occurs even in early life stages, that 
potency as a CYP1A inducer reflects potency to induce ROS, and that PCBs are stronger 
oxidants than PAHs.  The superoxide detection assay (SoDA) described in this chapter 
provides a sensitive, easily measured, early indicator of altered ROS production that can 
be used in conjunction with simultaneous in ovo measurements of CYP1A activity to 
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explore functional relationships among biochemical, physiological and developmental 
responses to AHR ligands. 
 
Introduction 
Oxidative stress is a cellular response to increased levels of oxygen radicals (e.g., 
superoxide, and hydrogen peroxide and hydroxyl radicals).  Increased production of 
reactive oxygen species (ROS) can affect cellular health and function (de Vries, 1996; Di 
Giulio et al., 1995).  Exposure to chlorinated environmental contaminants such as 
coplanar polychlorinated biphenyls (co-PCBs) and polychlorinated dibenzo-p-dioxins 
(e.g. 2,3,7,8-tetrachlorodibenzo-p-dioxin, TCDD), strongly induces oxidative stress in 
vertebrates, including rodents (Fadhel et al., 2002; Hassoun et al., 2002; Mohammadpour 
et al., 1988; Senft et al., 2002), human hepatoma cells (Park et al., 1996), and lake trout 
(Palace et al., 1996). 
Oxidative stress caused by TCDD and PCBs is associated with activation of the 
aryl hydrocarbon receptor (AHR) (Alsharif et al., 1994; Park et al., 1996)  Activation of 
AHR is followed by increased expression and activity of cytochrome P450 1A (CYP1A) 
and other phase I and phase II metabolic enzymes (Safe, 2001).  ROS production could 
result from a variety of AHR associated mechanisms, including altered expression and 
activity of P450 enzymes (e.g. CYP1A1/2), and antioxidant and pro-oxidant enzymes 
(Dalton et al., 2002). 
Measuring ROS typically involves laborious assays performed on excised tissues 
or in isolated cells. Some of the more commonly used techniques to study ROS 
production are measurement of lipid peroxides by the thiobarbituric acid reacting 
substances (TBARS) test (Fadhel et al., 2002; Uchiyama, 1978), oxidative DNA damage 
(Park et al., 1996), protein carbonyl content (Leitao et al., 2003; Reznick and Packer, 
1994), and use of superoxide-sensitive fluorescent dyes like dihydroethidium (DHE) and 
diclorodihydrofluorescin diacetate (DCFH-DA) (Schlezinger et al., 1999).  DHE has been 
used extensively in in vivo and in vitro experimental models to study ROS production.  
Examples of DHE-based ROS assays include microsomal superoxide production in scup 
liver microsomes after treatment with PCB126 (Schlezinger and Stegeman, 2001; 
Schlezinger et al., 1999), ROS production after ischemia-reperfusion in an embryonic 
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chick cardiomyocyte model (Shao et al., 1999), cyclosporin A induced ROS production 
in primary rat hepatocytes (Andres et al., 2000), and increased mitochondrial production 
of superoxide after hypoxia in human umbilical vein endothelial cells (Pearlstein et al., 
2002).  Here we use a novel method employing DHE to measure ROS production non-
invasively in a living vertebrate, the developing killifish. 
The objectives of this study were to determine if AHR ligands can increase ROS 
production in killifish embryos, how early in development ROS production can be 
detected, and to test a novel method for non-invasively measuring superoxide production 
in a living organism. 
 
Materials and methods 
 
Materials 
7-Ethoxyresorufin and DHE were purchased from Molecular Probes (Eugene, 
OR).  PCB126 was purchased from AccuStandard (New Haven, CT), salt (Bio-crystals) 
for preparing 30ppt sea water was purchased from Marine Enterprises International 
(Baltimore, MD).   
 
Killifish collection and maitenance 
Spawning adult killifish (Fundulus heteroclitus) were collected from Beaufort NC   
in August (2003) and maintained in 20-gallon recirculating tanks equipped with charcoal 
WhisperTM filters, in 30 ppt artificial seawater at 23-25°C on a 16/8 L/D cycle.   Fifty 
percent of the tank water was replaced every other week. 
 Killifish are batch spawners that release eggs on the new and full moons 
(Bradford and Taylor, 1987).  Killifish embryos were collected during the weeks of new 
and full moon from August to December 2003. In the laboratory, female and male 
killifish spawn against plastic mesh surfaces placed in their tanks.  However, if not 
prevented from doing so, the adults will consume the embryos.  To optimize collection of 
embryos, we constructed spawning baskets based on a design provided by Dr. Diane 
Nacci (US EPA, ERLN, Narragansett, RI). Spawning baskets consisted of two concentric 
PVC circles.  Nylon filtration screen (300 microns, Aquatic Ecosystems, Apopka, FL) is 
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affixed to the bottom of the larger circle (25 cm diameter x 5 cm deep) using aquarium 
sealant.  Wide gauge plastic netting (mesh size: 1/4”, Aquatic Ecosystems, Apopka, FL) 
is affixed to the top of the smaller circle (20 cm diameter x 2.5 cm deep) using plastic ties 
and this circle placed inside the larger circle. Fish spawn against the wide gauge screen 
and the embryos fall through and are retained on the fine mesh bottom.  During evening 
hours, baskets were placed in the bottom of the tank housing the parental fish (twelve 
females and five males).  The following day (day 1), spawned eggs were collected and 
placed individually in 20 mL scintillation vials containing 3 ml of sea water (30ppt).  On 
day two, eggs were examined microscopically for evidence of fertilization and assigned 
to treatment groups. Developmental stage was determined as described by (Armstrong 
and Child, 1965b). 
 
In ovo superoxide detection assay (SoDA) 
To measure superoxide using our superoxide detection assay (SoDA), killifish 
embryos were exposed to known ROS inducers and evaluated microscopically for 
superoxide production.  Killifish embryos were aqueously exposed to test compounds 
dissolved in acetone diluted in 30 ppt seawater.  Treatments consisted of vehicle (0.001% 
acetone) or one of two AHR ligands, 3,4,3',4'-tetrachlorobiphenyl (PCB126) or 3-
methylcholanthrene (3-MC).  See figures for exposure details.  Embryos were exposed 
from two to seven days post fertilization (dpf) to 10 mL of exposure media in 20 mL 
scintillation vials (one embryo per vial) and held at 25°C on a 12/12 L/D cycle.  
Observations and measurements were made on days three, five and seven pf.  Two hours 
prior to ROS measurement, the exposure media was replaced with 2 mL of fresh media 
(vehicle or ligand) containing DHE dissolved in seawater.  DHE reacts with ROS to form 
ethidium, which intercalates with DNA and amplifies its fluorescence (Bindokas et al., 
1996).  DMSO (0.01%) was used as vehicle for DHE, and the DHE sea water solution 
was sonicated for 20 minutes prior to embryo incubation to dissolve the DHE entirely.  
Embryos were kept in the dark on a plate shaker (~70 rpm) from 0.5 to 1.5 hours, after 
which the DHE solution was replaced with 10ml of clean artificial seawater.  DHE 
staining of embryo tissues was visualized on a Nikon E800 fluorescence microscope 
(Melville, NY) equipped with a Nikon, 100W mercury lamp and digital camera (spot RT 
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Diagnostic Instruments, Sterling Heights, MI).  Images were captured using Spot RT 
software interfaced with Adobe Photoshop (San Jose, CA).  Image exposure times were 
determined separately for each experiment, and were based on the amount of time needed 
to detect a signal in the vehicle controls.  Exposure times in our experiments ranged from 
0.8 to 1.5 seconds for the ethidium signal (a measurement of superoxide) using a Texas 
Red filter (EX-560/55 EM-645/75 DM-595). Images were analyzed using Scion Image 
(Frederick, MD). 
 
In ovo CYP1A activity 
 In ovo CYP1A activity (ethoxyresorufin-o-deethylase, or EROD) was conducted 
as described by (Nacci et al., 1998; Nacci, in press).  Briefly, at 2 dpf embryos were 
treated with vehicle alone (0.001% acetone final concentration), PCB126 or 3-MC.  The 
seawater contained 7-ethoxyresorufin (7-ER) dissolved in DMSO (0.001%), at a final 
concentration of 21ug/L.  At 7 dpf exposure media was replaced with clean seawater. In 
ovo EROD was measured at 9 dpf using a fluorescence microscope with Texas Red filters 
(as described above for SoDA assay). CYP1A induction was evaluated based on the 
accumulation of the metabolite resorufin (RR) in the animal’s bladder relative to vehicle 
controls and is presented as the intensity of the RR signal (Texas Red), as described 
(Nacci et al., 1998). Exposure times were 70 milliseconds (ms) for the RR image. 
 
Histology, hematoxylin and eosin (HE) staining 
Seven day post-fertilization embryos were preserved in 10% formalin until 
analysis.  Prior to sectioning, embryos were washed with 20 ml of deionized water (dI 
H2O) for one hour, followed by overnight incubation at 4 °C in phosphate buffered saline 
(PBS) buffer containing 30% sucrose.  Embryos were embedded in Optimal Cutting 
Temperature compound (Tissue-Tek, Torrance, CA) and cryosectioned to 12 µm sections 
using a Cryotome Cryocut 1800 (Reichert-Jung, Germany).  Tissue slides were stained 
with hematoxylin and eosin (Carson, 1990), and slides were visualized on a Nikon E800 
microscope (Melville, NY) equipped with a digital camera (spot RT Diagnostic 
Instruments, Sterling Heights, MI). 
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Statistical analysis 
For analysis of in ovo EROD data, and ROS production by PCB126 and 3-MC, 
one way ANOVA followed by Tukey’s test was performed on the data using SAS 
software (Cary, NC).  A student t-test was used for determining significant differences in 
ROS production between PCB treated animals and respective controls. 
 
Results 
 
0.3 nM PCB126 induces maximal EROD response in developing killifish embryos. 
Since ROS is associated with activation of the AHR pathway and CYP1A 
induction by dioxin-like compounds in vertebrates (Dalton et al., 2002) we first 
determined the maximal CYP1A inducing dose of our test chemical, PCB126, to use 
when optimizing the SoDA assay.  On day two-post fertilization, killifish embryos were 
exposed to PCB126 at 0.03, 0.3 and 1.5 nM (0.01, 0.1 and 0.5 µg/L).  In ovo EROD was 
measured on day nine.  Maximal EROD induction was observed at the 0.3 nM PCB126 
concentration, while the highest dose used (1.5 nM PCB126) was toxic (increased 
frequency of developmental abnormalities) and induced only sub-maximal EROD 
activity (Figure 4-1).  For these reasons, the 0.3 nM PCB126 dose was the dose used for 
all subsequent experiments. 
 
ROS production detected by DHE staining is significantly higher in PCB treated animals. 
To determine if the DHE-based superoxide assays used in cell culture and isolated 
tissues would also detect superoxide in our fish embryo model, and to determine which 
tissues produced the strongest ROS signal, we exposed killifish embryos to vehicle or 0.3 
nM PCB126 for 5 days (from 2 to 7 dpf), and incubated the embryos with DHE (50 µM, 
for 1.5 hours) before ROS detection at 7 dpf.  After staining, one organ in the PCB 
treated animals presented a very strong fluorescence signal.  This organ was located to 
the left of the body axis, when viewed from above (Figure 4-2a), corresponding to the 
location of the embryonic liver (Armstrong and Child, 1965b).  Histological analysis of 
cryosections of the embryo by Dr. Michael Moore (Woods Hole Oceanographic 
Institution, WHOI) confirmed the location of the embryonic liver (Figure 4-2b), and 
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comparison of histological slides to in ovo images (Figure 4-2a) confirmed that the 
ethidium stained (ROS producing) tissue was the embryonic liver.   
 
50 µM is the optimal DHE concentration for staining killifish embryos. 
In cell culture experiments DHE is commonly used at concentrations ranging 
from 5 to 10 µM.  According to (Horobin and Rashid, 1990), the transport of a biological 
probe in the cell interior depends on the solubility of the probe through the cell 
membrane and in different cell compartments, which can be thought of as different 
layers.  Thus, more layers results in less probe reaching the desired target.  They referred 
to this as the “Chinese box model”.  In a killifish embryo, DHE would have to cross 
through the chorion, in addition to cell membranes.  To account for this, we chose a DHE 
concentration (50µM) 5 to 10 fold higher than concentrations typically used in cell 
culture in addition to a 10µM DHE. 
While the 10uM DHE concentration detected a significant increase in ROS 
between vehicle and 0.3 nM PCB126-treated embryos (2.0 fold), an even greater 
difference (4.4 fold) was measured in these embryos when the higher DHE concentration, 
50 µM, was used (Figure 4-3).  This suggests that either insufficient DHE for maximal 
response reached the target site (embryonic liver) at the 10 µM dose, or that the 10 µM 
DHE concentration was saturated by the superoxide produced in the embryo liver.  Based 
on these results, 50 µM DHE was used in all subsequent experiments for ROS detection. 
 
1.5 hours is the optimal DHE incubation time for ROS detection. 
To determine how long embryos need to be exposed to DHE for the superoxide 
reaction to go to completion, we treated embryos with vehicle or PCB126 (0.3 nM) for 5 
days (2 to 7 dpf) and at 7 dpf incubated them in 50uM DHE for 0.5, 1, and 1.5 hours.  In 
all 3 incubation periods DHE staining in PCB treated groups was significantly higher 
than vehicle treated embryos (Figure 4-4).  After 0.5, 1.0 and 1.5 hours of DHE 
incubation the ROS production in PCB treated embryos was 7.4, 5.5 and 5.8 fold higher, 
respectively, than vehicle treated controls measured at the same time points.  Because the 
1.5h DHE incubation allowed easier identification of the embryo liver during image 
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analysis and produced the strongest fluorescence staining, we used this staining time for 
all future experiments. 
 
ROS can be detected as early as 5 dpf 
To determine how early in development PCB-induced ROS generation can be 
detected, embryos were exposed to vehicle or PCB126 (0.3nM) beginning at 2 dpf and 
stained with 50 µM DHE on days 3, 5, 7, and 9 dpf.  Insufficient liver development in 3 
dpf embryos made positive identification of this tissue difficult and precluded us from 
making ROS measurements at this stage of development.  Significant differences in ROS 
production were detected between PCB and vehicle treated embryos measured on 5, 7 
and 9 dpf (Figure 4-5), with fold inductions over controls of 7.2, 3.6, and 2.2, 
respectively.  The low signal in the 9 dpf embryos (2.2. fold) is likely due to increased 
tissue pigmentation at this developmental stage, reducing transmission of fluorescence 
through the embryo.  Although the strongest signal was found in the 5dpf embryos (7.2 
fold), liver tissue identification was most reliable at 7dpf, and thus 7dpf embryos were 
used for all subsequent ROS assays in this study. 
 
In ovo EROD is more sensitive than SoDA for detecting a biochemical response to PCB 
treatment. 
To determine which detection technique (SoDA or EROD) is the more sensitive 
biochemical response to PCB exposures in our model, embryos were exposed to vehicle 
or a low PCB126 dose (0.003 nM) for 5 days (2 - 7 dpf).  ROS production was measured 
at 7 dpf and in-ovo EROD at 9 dpf.  A student t-test revealed significant induction of both 
in ovo EROD and ROS, however induction relative to vehicle controls was higher for 
EROD (2.2 fold) than for ROS (1.5 fold) (Figure 4-6). 
 
3-MC increases ROS production in killifish embryos. 
Recent in vitro studies using liver microsomes (Shertzer et al., 2004) suggest that 
the degree of halogenation of AHR ligands is associated directly with microsomal ROS 
production.  To determine if, in our in vivo model, a halogenated AHR ligand is a more 
potent inducer of ROS than a non-halogenated AHR ligand, killifish embryos were 
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exposed from 2 - 7 dpf to vehicle, 3-MC (33.5nM), which is non-halogenated, or PCB126 
(0.3nM), which has 5 halogen substitutions.  ROS production and in ovo EROD were 
quantified at 7 dpf and 9 dpf, respectively.  As expected, 0.3 nM PCB126 significantly 
induced both CYP1A (25 fold, Figure 4-7a) and ROS (7.6 fold, Figure 4-7b) relative to 
vehicle controls.  In contrast, a 111-fold higher molar dose of the non-halogenated ligand, 
3-MC, provoked a similar induction of EROD (12.8 fold), but only a weak induction of 
ROS (2.2 fold), relative to vehicle controls (Figure 4-7b).  These data suggest that, 3-MC 
is a less potent ROS inducer in comparison to PCB126. 
 
Discussion 
The objectives of this study were to determine if AHR ligands can increase ROS 
production in killifish embryos, how early in development ROS production can be 
detected, and to test a novel method for non-invasively measuring superoxide production 
in a living organism.  Our data demonstrate that the coplanar PCB126 is capable of 
inducing ROS production during early fish development, that the primary site for ROS 
production in early life stages is the liver, that in ovo EROD is more sensitive than in ovo 
ROS as a measure of biochemical response to PCB exposure, and that PCB126 is a more 
powerful oxidant than the non halogenated AHR ligand 3-MC. 
As reported in studies with isolated tissues and cell cultures, AHR ligands 
induced superoxide production in our in ovo system, demonstrating the competency of 
early life stages to produce reactive oxygen in response to prooxidants.  Significant 
differences in ROS production were detected between PCB126 and vehicle treated 
embryos as early as 5 dpf, earlier detection (3 dpf) being precluded by insufficient 
development of the embryonic liver.  Both halogenated and non-halogenated AHR 
ligands were able to induce ROS in embryos, although the potency of induction varied 
tremendously, which may reflect differences in the pathways of ROS generation by these 
chemical classes (discussed below). 
Potency as a CYP1A inducer reflected relative potency to induce ROS 
production.  The potent CYP1A inducer, PCB126, and the weaker inducer, 3MC both 
significantly elevated both EROD and ROS relative to vehicle controls, however a 111 
fold higher dose of 3MC was needed to achieve similar induction levels.  This suggests 
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there may be a mechanistic link between CYP1A induction and ROS production.  Studies 
using CYP1A inhibitors to investigate mechanistic linkages are described in chapter five. 
Although PCB126 and 3-MC both induce CYP1A in killifish embryos (Nacci et 
al., 1998), it is likely these chemicals work through different pathways to increase in ovo 
ROS production.  PAHs, such as 3 MC and the model toxicant, benzo[a]pyrene, are 
metabolized by CYP1A to quinones, reactive intermediates that can generate ROS 
(Burdick et al., 2003; Kantoniemi et al., 1996; Kerzee and Ramos, 2000).  Studies using 
cell culture systems have demonstrated that PAHs increase ROS production, but the 
observed increase is rather small, yet significant and reproducible (Fabiani et al., 1999; 
Fabiani et al., 1998).  In contrast, halogenated aromatic chemicals, such as PCBs and 
TCDD, are not readily metabolized but instead generate ROS via uncoupling of CYP450 
enzymes (Schlezinger et al., 1999; Shertzer et al., 2004).  Since PAHs are metabolized 
and excreted faster than PCBs, it is possible that by 7 dpf (when ROS was measured), 
PCB126 levels remained high, causing continuous production of ROS while levels of 3-
MC (and quinones) were low due to metabolism and clearance. This would also explain, 
in part, our finding that PCB126 was a stronger oxidant than 3MC, as even at a molar 
dose 111 times higher, 3MC still provoked weaker ROS production (2.2 fold) than 
PCB126 (7.6 fold).  It is also possible that ROS production by PAHs could also arise 
though mechanisms additional to CYP1A mediated metabolism (Dalton et al., 2002). 
Staining killifish embryos with DHE proved to be a simple, sensitive, non-
invasive method for measuring AHR ligand induced ROS production in vivo.  Many of 
the methods used for detection of ROS production are vulnerable to artifacts and require 
the disruption of cells and/or excision of tissues (Moore and Roberts, 1998).  
Dihydroethidium (DHE) is used extensively to detect in vitro microsomal production of 
superoxide in PCB treated vertebrate models (Schlezinger et al., 2000; Schlezinger and 
Stegeman, 2001; Schlezinger et al., 1999).  Recent studies have shown that the reaction 
between superoxide and DHE generates both ethidium, the product measured in DHE-
based superoxide assays, and a second, novel and as yet unidentified product with a 
different fluorescence spectrum (Zhao et al., 2003). Our filter detects the classic ethidium 
product. 
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To optimize detection of superoxide in our assay, embryos required longer 
incubations in higher concentrations of DHE than are typically used for cell culture. 
Maximal ROS detection in embryonic liver required staining embryos with 50µM DHE 
for a period of 1.5 hours (Figure 4).  Cell culture (hepatocyte) studies use considerably 
lower DHE concentrations (5 to 10 µM) and shorter incubation times (30 to 45 minutes) 
(Andres et al., 2000; Shishido et al., 2003).  This difference may reflect more rapid 
penetration of DHE through hepatocyte cell membranes than through fish chorion 
membranes. The “Chinese box model” concept of biological probe penetration states that 
the more layers a probe needs to penetrate, the less probe will reach the target tissue 
(Horobin and Rashid, 1990). The chorion of F. heteroclitus embryos (10-12 microns,) 
(Armstrong and Child, 1965b) is many times thicker than rat hepatocyte cell membranes 
(9nm) (Lehninger, 1975), suggesting it is likely that longer incubation times at higher 
concentrations could are needed for sufficient DHE to reach the embryo than are needed 
to penetrate hepatocytes in cell culture. 
The decline in ethidium signal strength observed from 5 dpf to 9 dpf may result 
from decreased superoxide production, increased superoxide removal, or decreased signal 
detection as the embryo grows.  Activity of the antioxidant, glutathione peroxidase (Otto 
and Moon, 1995), may increase during development, leading to decreased superoxide 
levels at later life stages.  Alternatively, superoxide levels may be decreased by ROS-
dependent downregulation of the AHR pathway (Barouki and Morel, 2001; Dalton et al., 
2002).  It is also possible that superoxide levels are not diminished, but rather our ability 
to detect the ethidium signal declines with increasing pigmentation and thickening of the 
tissues as the embryo develops.  Although signal detection was maximal at 5dpf, the liver 
was more easily identified in 7dpf embryos.  Where optimal sensitivity is required, we 
recommend using 5 dpf killifish embryos. 
In our model embryo system, in ovo CYP1A activity (EROD) was more sensitive 
than in ovo ROS for detecting biological response to the toxic pollutant, PCB126.  Our 
lowest test dose of PCB126, 0.003 nM, provoked a 2.2 fold increase in in ovo EROD, but 
only a 1.5 fold increase in ROS.  Even when ROS was measured in 5 dpf embryos, the 
life stage showing the strongest ROS signal, and at higher PCB doses (0.3 nM), similar 
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results were obtained.  In ovo EROD in 9 dpf embryos was induced 17.4 fold while ROS 
in 5 dpf embryos was elevated only 7.2 fold over vehicle controls. 
It should be noted that although embryos used for ROS and EROD analyses were 
exposed to PCB126 for the same number of days prior to quantification of signal (5 day 
exposures), we did not measure ROS and EROD at the same stage of development.  
Rather, signals were quantified on the day when the signal was maximal (9 dpf, EROD, 
(Nacci et al., 1998) or the liver was most easily identified (7 dpf, ROS). To determine 
which assay, in ovo EROD or in ovo ROS, provides the strongest signal at the earliest 
stage of development, future experiments should examine which assay, ROS or EROD, 
exhibits the strongest induction over controls at the same life stage (e.g. 5 dpf embryos).  
As mentioned above, DHE is converted to the fluorescent ethidium bromide in the 
liver, which can bind to DNA and cause mutations.  Killifish stained with DHE were still 
alive after 24 and 48 hours, suggesting that DHE is not immediately toxic to killifish 
embryos.  Future experiments should study long-term effects of DHE exposure. 
Overall, results from this study suggest that PCBs and PAHs both enhance ROS 
generation during early development stages in fish, that the liver is the primary site of 
ROS production in these exposures, that PCB126 is a stronger prooxidant than 3-MC, 
and that DHE can be effectively used to detect changes in ROS production in living 
embryos.  PCB induced ROS production was highest at 5 dpf and detection declined 
thereafter, possibly though induction of an antioxidant mechanism, inactivation of the 
AHR pathway or increased embryo size and pigmentation.  The PAH model 3-
methylcholantherene was also capable of inducing increased ROS production, although 
much higher doses (> 100 fold higher) were needed relative to PCB126, suggesting 
differences in the mechanism for ROS production between PAHs and PCBs.  In 
combination with in ovo EROD and in ovo detection of developmental deformities, the in 
ovo superoxide detection assay (SoDA) described in this paper provides an additional 
tool for studying the effects of AHR ligands during early embryological development in 
vertebrates.  Studies defining the role of AHR and CYP1A in ROS production, and 
determining if chronically contaminated killifish populations that are resistant to CYP1A 
induction are also resistant to these prooxidants are described in chapter five. 
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Figure legends 
 
Figure 4-1.  Induction of in ovo EROD in killifish embryos treated with vehicle or 
PCB126.  Two day post-fertilization (2 dpf) embryos were treated with 0.03, 0.3, or 
1.5nM PCB126 (0.01, 0.1, and 0.5 ug/L) or vehicle for 5 days (2- 7 dpf) and bladder 
fluorescence measured at 9 dpf.  Bars represent average percent of vehicle EROD ± 
standard error for n = 17 - 24 individuals per treatment.  Image exposure times were 70 
ms (Texas Red).  Different letters represent statistically significant differences at p < 
0.05. 
 
Figure 4-2a.  PCB126 treated embryos display stronger HE fluorescence (ROS 
production) than vehicle treated animals.  Two day post-fertilization (2 dpf) embryos 
were treated with 0.3 nM PCB126 for 5 days (2 to 7 dpf) and stained (50 uM HE, 1.5 h) 
for ROS at 7 dpf.  Digital images taken under bright light (left) and Texas red (right). 
 
Figure 4-2b.  H and E stained cryosections of a 7 dpf killifish embryo.  20 micron section, 
scale bar represents 100 microns. 
 
Figure 4-3.  Incubation trials to determine DHE concentration for optimal detection of 
ROS in embryonic liver.  Embryos were treated with vehicle or PCB126 (0.3nM) at 2 dpf 
and ROS production measured at 7 dpf after a 1.5 h incubation with either 10 or 50 µM 
DHE.  Bars represent average percent of vehicle ROS ± standard error for n= 19 to 21 
individuals per treatment for vehicle (white) and PCB126-treated (black) embryos.  
Image exposure time was 0.8 sec (Texas Red).  *Significantly different from respective 
vehicle control at p < 0.05. 
 
Figure 4-4.  Incubation trials to determine DHE incubation time for optimal detection of 
ROS in embryonic liver.  Embryos were treated with vehicle or PCB126 (0.3nM) for five 
days (2 - 7 dpf) and ROS production measured at 7 dpf.  Bars represent average percent 
of vehicle ROS ± standard error for n=13 to 15 individual embryos per treatment for 
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vehicle (white) and PCB126-treated (black) embryos.  Image exposure time was 0.8 sec 
(Texas Red).  *Significantly different from vehicle control at p < 0.05 
 
Figure 4-5.  ROS production induced by PCB126 during killifish early embryonic 
development.  Embryos were treated with vehicle or PCB126 (0.3nM) for five days (2 to 
7 dpf) and ROS production measured at 5, 7 and 9 dpf.  Bars represent average percent of 
vehicle ROS ± standard error for n = 18 to 21 individuals per treatment for vehicle 
(white) and PCB126-treated (black) embryos.  Image exposure time was 1.5 sec (Texas 
Red).  *Significantly different from vehicle control at p < 0.05. 
 
Figure 4-6 (a and b).  Relative sensitivity of embryo CYP1A and ROS to induction by 
PCB126.  Embryos were treated with vehicle or PCB126 (0.003nM) for 5 days (2 to 7 
dpf).  In-ovo EROD was measured at 9 dpf and ROS production at 7 dpf.  a) In ovo 
EROD.  Bars represent average percent of vehicle EROD ± standard error for n = 23 - 24 
individuals per treatment. Image exposure time was 70 ms (Texas Red).  b) in ovo ROS.  
Bars represent average percent of vehicle ROS ± standard deviation for n = 19 – 20 
individuals per treatment.  Image exposure time was 800 ms (Texas Red).  * Significantly 
different from vehicle control at P < 0.05. 
 
Figure 4-7 (a and b).  3-MC induction of in ovo EROD and ROS production in 
developing killifish embryos.  Embryos were treated with vehicle, 3-MC (33.5nM) or 
PCB126 (0.3nM) for 5 days (2 to 7dpf) and measured for EROD (9 dpf) or ROS (7 dpf).  
a) In ovo EROD.  Bars represent average percent of vehicle EROD ± standard error for n 
= 19 - 22 individuals per treatment.  Different letters represent statistically significant 
differences at P < 0.05. Image exposure time was 70 ms (Texas Red).  b) In ovo ROS.  
Bars represent average percent of vehicle ROS ± standard deviation for n = 20 
individuals per treatment. Image exposure was 700 ms (Texas Red).  *Significantly 
different from vehicle control at P < 0.05.  
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Figure 4-1. In ovo EROD in killifish embryos treated with vehicle or PCB126. 
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Figure 4-2a: HE fluorescence (ROS production) in vehicle and PCB126 treated embryos. 
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Figure 4-2b. H and E stained cryosections of a 7 dpf killifish embryo. 
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Figure 4-3. DHE concentration for optimal detection of ROS in embryonic liver 
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Figure 4-4. DHE incubation time for optimal detection of ROS in embryonic liver 
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Figure 4-5. ROS production induced by PCB126 during killifish early embryonic 
development. 
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Figure 4-6a. Sensitivity of embryo CYP1A to induction by 0.003nM PCB126. 
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Figure 4-6b. Sensitivity of embryo ROS production to induction by 0.003nM PCB126. 
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Figure 4-7a. 3-MC induced in ovo EROD in developing killifish embryos. 
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Figure 4-7b. 3-MC induced in ROS produciton in developing killifish embryos. 
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Chapter Five 
 
Chronically contaminated killifish (Fundulus heteroclitus) embryos from polluted 
sites are resistant to AHR ligand mediated induction of CYP1A activity, ROS 
production and developmental deformities. 
 
Abstract 
Newark Bay NJ, and New Bedford Harbor MA, are contaminated with a myriad 
of pollutants, including polychlorinated biphenyls (PCBs) and polycyclic aromatic 
hydrocarbons (PAHs).  Exposure to coplanar PCBs and PAHs can affect embryonic 
development, induce expression of cytochrome P450 1A (CYP1A), and increase reactive 
oxygen species (ROS) production (see chapter four).  These effects are though to be 
mediated by the aryl hydrocarbon receptor (AHR).  Killifish (Fundulus heteroclitus) from 
New Bedford Harbor (NBH) and Newark Bay (NB) have been chronically exposed to 
xenobiotic AHR ligands, and have developed resistance to PCB mediated induction of 
CYP1A (see chapters two and three), and developmental deformities.  We hypothesized 
that NB and NBH killifish have also developed resistance to PCB and PAH mediated 
induction of ROS production.  Killifish embryos from the polluted and reference sites 
were exposed to the AHR ligands: 3,3’4,4’5-pentachlorobiphenyl (PCB126) or 3-
methylcholanthrene (3-MC).  ROS production was quantified on day seven post 
fertilization (pf), in ovo EROD on day nine pf and deformities on day ten pf.  Reference 
site animals were responsive to CYP1A induction, developmental deformities and ROS 
production caused by exposure to PCB126 and 3-MC.  Killifish embryos from NB and 
NBH were resistant to PCB126 induced deformities and PCB126 and 3-MC induced 
ROS production.  While treatment with PCB126 and 3-MC significantly induced in 
CYP1A activity in reference site animals, NB and NBH killifish embryos only responded 
to treatment with 3-MC.  These differences in responsiveness to PCB126 and 3-MC 
suggest that additional molecular mechanisms could be controlling CYP1A induction in 
killifish.  Recent studies have shown that fish collected from contaminated environments 
have higher levels of antioxidants.  To determine if the resistance to AHR/CYP1A 
activation or higher antioxidant levels is protective against PCB126 induced oxidative 
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stress and deformities, reference site animals were treated with PCB126 in combinations 
with 1) the AHR/CYP1A inhibitors: alpha-naphthoflavone (ANF), or quercetin (QE); 2) 
the P450 inhibitor, piperonyl butoxide (PBO) or 3) the antioxidant: n-acetyl-cysteine 
(NAC).  Our results suggest that CYP1A induction and developmental deformities are 
AHR dependent and that co-planar PCB induced P450 activity is a source for ROS.  We 
conclude that resistance to AHR/CYP1A activation by co-planar PCBs protects 
contaminated site killifish against the toxic effects caused by these contaminants. 
 
Introduction 
Environmental contaminants like coplanar polychlorinated biphenyls (PCBs) and 
polycyclic aromatic hydrocarbons (PAHs) are commonly found in polluted aquatic 
environments (O'Connor, 1988; Wenning, 1994).  These chemicals have been shown to 
cause a wide variety of toxic effects in exposed organisms (O'Connor, 1988), yet 
previous studies have identified pollution exposed fish populations that are resistant to 
the immediate toxic effects caused by exposure to PAHs and PCBs (Weis, 2002; Wirgin 
and Waldman, 2004).  These adaptations have been documented for killifish populations 
from New Bedford Harbor, MA (Bello et al., 2001; Nacci et al., 1999), Newark Bay, NJ 
(Prince and Cooper, 1995a; Prince and Cooper, 1995b), and a portion if the Elizabeth 
River, VA (Meyer et al., 2002; Van Veld and Westbrook, 1995).  Although all three 
populations are contaminated with PAHs and PCBs, the composition of these chemicals 
is very different from one site to another.  New Bedford Harbor is a site that is heavily 
contaminated with PCBs (Lake, 1995), the Elizabeth River is polluted with PAHs 
(O'Connor, 1988) and in Newark Bay PAHs, PCBs and dioxins can be found (Wenning, 
1994; Wenning et al., 1992).  Killifish from these sites are resistant to PCB and PAH 
induced mortality, developmental deformities, and have altered expression of phase I and 
phase II xenobiotic metabolizing enzymes (Weis, 2002). 
Many of the toxic effects caused by exposure to PCBs and PAHs are mediated by 
the aryl hydrocarbon receptor (AHR) (Mimura and Fujii-Kuriyama, 2003; Nebert et al., 
2004).  The AHR is a cytosolic receptor whose activation initiates transcription of 
hundreds of genes including phase I and phase II xenobiotic metabolizing enzymes (Puga 
et al., 2000; Schrenk, 1998).  One of the most commonly studied responses to AHR 
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activation is induction of the monooxygenase cytochrome P450 1A or CYP1A (Whitlock, 
1999).  This enzyme metabolizes xenobiotic substrates, but its activity has also been 
shown to be detrimental.  CYP1A can convert PAHs in to unstable metabolites that can 
bind to DNA (Jonsson et al., 2004; Leadon et al., 1988) or increase reactive oxygen 
species (ROS) production (Nebert et al., 2004; Telli-Karakoc et al., 2002).  Halogenated 
aromatic hydrocarbons (HAHs) such as PCBs and dioxins can also bind to the enzyme 
and uncouple its catalytic cycle, which leads to ROS production (Schlezinger and 
Stegeman, 2001; Shertzer et al., 2004). 
Early developmental stages of fish and other vertebrates are particularly sensitive 
to the toxic effects caused by these chemicals.  Exposure to PCBs and/or PAHs during 
early development can induce CYP1A expression, increase ROS production and 
teratogenesis (Henry et al., 1997; Hoffman et al., 1996; Wassenberg et al., 2002b).  
Studies using different vertebrate models suggest that these effects are mediated though 
activation of AHR and induction of CYP1A (Dong et al., 2001; Dong et al., 2002; 
Hassoun and Stohs, 1996; Jin et al., 2001). 
Chronically contaminated killifish populations from Newark Bay (NB), and New 
Bedford Harbor (NBH), have altered AHR/CYP1A response to these chemicals and 
exposure to AHR ligands does not induce CYP1A expression in embryonic (Arzuaga et 
al., 2004; Nacci et al., 1999), larval (Elskus et al., 1999) or adult killifish (Bello et al., 
2001; Elskus et al., 1999; Nacci et al., 2002). We hypothesized that by acquiring 
resistance to AHR activation and CYP1A induction Newark Bay and New Bedford 
Harbor killifish are less sensitive to some of the teratogenic and oxidative stress effects 
caused by exposure to these chemicals. 
The objectives of these experiments were to determine if chronically 
contaminated killifish from these two populations were resistant to AHR-ligand induced 
toxicity (teratogenesis and ROS production), and to determine if PCB induction of ROS 
and deformities are mediated through AHR/CYP1A. 
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Materials and methods 
 
Materials 
7-Ethoxyresorufin and dihydroethidium (DHE) were purchased from Molecular 
Probes (Eugene, OR).  PCB126 was purchased from AccuStandard (New Haven, CT), 3-
methylcholanthrene, quercetin (QE), piperonyl butoxide (PBO), alpha naphthoflavone 
(ANF) and N-acetylcysteine (NAC) from Sigma (St. Louis, MO) and salt (Bio-crystals) 
for preparing 30ppt sea water was purchased from Marine Enterprises International 
(Baltimore, MD).   
 
Killifish collection and maitenance 
Adult killifish (Fundulus heteroclitus) were collected from reference sites: Kings 
Creek, (NC), Beaufort (NC), and West Island (RI) in June, August and October of 2003, 
respectively.  Killifish from polluted sites: Newark Bay (NJ) and New Bedford Harbor 
(MA) were collected in April and August 2003, respectively.  Animals were held under 
laboratory conditions for at least four months to depurate contaminant body burdens 
before initiating experiments.  The half-life of PCBs in fish is approximately 4 months 
(Niimi, 1983).  Killifish were maintained in 10 or 20-gallon recirculating tanks equipped 
with charcoal WhisperTM filters, in 30 ppt artificial seawater at 24-25°C on a 16/8 L/D 
cycle.  Fifty percent of the tank water was replaced every other week. 
Killifish are batch spawners that release eggs on the new and full moons 
(Bradford and Taylor, 1987).  Killifish embryos were collected during the weeks of new 
and full moon from during December 2003, and June and July 2004 and spawned in the 
laboratory as described previously (Nacci et al., 1998; Arzuaga et al., submitted).  
pawned eggs were collected and placed individually in 20 mL scintillation vials 
containing 3 ml of sea water (30ppt).  On day two, eggs were examined microscopically 
for evidence of fertilization and assigned to treatment groups. Developmental stage was 
determined as described (Armstrong and Child, 1965a). 
 
Exposure to test compounds 
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Killifish embryos were aqueously exposed to test compounds dissolved in acetone 
diluted in 30 ppt seawater.  Treatments consisted of vehicle (0.001% acetone) or the AHR 
ligands, 3-methylcholanthrene, or PCB126, the AHR/CYP1A and P450 inhibitors alpha 
naphthoflavone (ANF) and piperonyl butoxide (PBO) alone, or in combination with 
PCB126.  The AHR/CYP1A inhibitor quercetin (QE) and the antioxidant N-
acetylcysteine (NAC) were dissolved directly in seawater.  Chemical exposure began on 
day two post-fertilization (pf).  Embryos were kept in 20 mL scintillation vials (one 
embryo per vial) containing 10 mL of exposure media and held at 25°C on a 12/12 L/D 
cycle until analysis. 
 
In ovo superoxide detection assay (SoDA) 
Dihydroethidium (DHE) is a fluorescent probe that has been previously used for 
measuring the ROS product, superoxide, in vitro and in cell culture (Andres et al., 2000; 
Schlezinger et al., 2000; Schlezinger et al., 1999; Vanden Hoek et al., 1997), and most 
recently in living fish embryos (Arzuaga et al., submitted).  ROS production was 
measured on day five pf for 3-MC experiments and day seven pf for all other 
experiments.  Before ROS measurement, the exposure media was replaced with 2 mL of 
fresh media containing DHE dissolved in seawater.  DMSO (0.01%) was used as vehicle 
for DHE, and the DHE seawater solution was sonicated for 20 minutes prior to embryo 
incubation to dissolve the DHE entirely.  Embryos were kept in the dark on a plate shaker 
(~70 rpm) for 1.5 hours, and the DHE solution was replaced with 10ml of clean artificial 
seawater.  DHE staining of embryo tissues was visualized on a Nikon E800 fluorescence 
microscope (Melville, NY) equipped with a Nikon, 100W mercury lamp and digital 
camera (spot RT Diagnostic Instruments, Sterling Heights, MI).  Images were captured 
using Spot RT software interfaced with Adobe Photoshop (San Jose, CA).  Image 
exposure times were determined separately for each experiment, and were based on the 
amount of time needed to detect a signal in the vehicle controls.  Exposure time in our 
experiments was 0.8 seconds for the ethidium signal (a measurement of superoxide) 
using a Texas Red filter (EX-560/55 EM-645/75 DM-595). Images were analyzed using 
Scion Image (Frederick, MD). 
 
 70
In ovo CYP1A activity 
In ovo CYP1A activity (ethoxyresorufin-o-deethylase, or EROD) was conducted 
as described (Nacci et al., 1998).  The exposure seawater contained 7-ethoxyresorufin (7-
ER) dissolved in DMSO (0.001%), at a final concentration of 21 ug/L.  On day 7 
exposure media was replaced with clean seawater.  In ovo EROD was measured at 9 dpf 
using a fluorescence microscope with Texas Red filters (as described above for SoDA 
assay). CYP1A induction was evaluated based on the accumulation of the metabolite 
resorufin (RR) in the animal’s bladder and is presented as the intensity of the RR signal 
(Texas Red). The exposure times for the RR image in PCB exposure experiments was 
700 ms when using West Island killifish as reference, and 70 ms when using Kings Creek 
or Beaufort killifish as reference. 
 
Developmental deformities 
Killifish embryos from Beaufort, Newark Bay, and New Bedford Harbor were 
treated with vehicle, 1.5 nM and 3.0 nM PCB126 on day 2 pf.  Exposure medium was 
changed on day 7 pf and heart deformities were quantified on day 10 pf.  Heart 
deformities were classified as described (Meyer and Di Giulio, 2002).  Deformities were 
quantified using a scale of 0 to 2 where 0 corresponds to a normal heart, 1 corresponds to 
a mildly deformed heart where chambers are elongated, but blood flow is apparent and 2 
corresponds to a severely deformed heart where the chambers are elongated and blood 
flow is not visible.  Heart deformities were quantified using the following design.  
Scintillation vials housing individual embryos were labeled with the following 
information: 1) day of fertilization and 2) treatment.  On day 10 pf, the information on 
killifish embryo vials was substituted with a randomly assigned number.  After 
quantification, the numbers were matched with corresponding treatment groups for data 
analysis. 
 
Statistical analysis 
Statistical analyses were performed using SYSTAT version 10.0 and SigmaStat 
version 3.1 (Systat Software, Point Richmond CA).  In ovo EROD and SoDA integrated 
density values were analyzed for normality and equal variances using Kormolov-Smirnov 
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test, and Bartletts test respectively.  Since PCB and 3-MC treatments caused significant 
increases in sample variance in ovo EROD and SoDA, integrated density values were 
converted to their square root and further statistical analysis was performed on these 
values.  A student t test was used for comparing control versus PCB induced ethidium 
(ROS production) signal in Beaufort, Newark Bay and New Bedford Harbor killifish 
embryos.  Two way analysis of variance (ANOVA) followed by Fishers Least Significant 
Difference (LSD) test was used for comparisons between fish populations and PCB126, 
or 3-MC treatments.  One way (ANOVA) followed by LSD test was used for analysis of 
in ovo EROD and SoDA integrated density values in experiments where killifish were 
exposed to PCB126 alone, or in combination with the AHR/CYP1A and P450 inhibitors 
ANF, QE , and PBO, or the antioxidant NAC.  Data on PCB induced heart deformities 
were analyzed by Kruskal-Wallis non-parametric analysis of variance by ranks followed 
by Dunn’s nonparametric test for multiple comparisons.  Level of significance was 0.05. 
 
Results 
Polluted killifish embryos are resistant to PCB126 induction of in ovo EROD, ROS and 
deformities. 
To determine if chronically contaminated killifish are resistant to PCB126 
mediated induction of in ovo EROD, ROS production, and deformities, killifish embryos 
from the reference and contaminated sites were exposed to vehicle or PCB126 on day 
two post-fertilization (pf) and induction of CYP1A activity (in ovo EROD), ROS 
production and heart deformities were compared.  In ovo EROD was assayed on day 9 pf, 
and ROS production on day seven pf and developmental deformities on day ten pf.    
Two-way ANOVA revealed significant treatment, population and population by 
treatment effects.  Exposure to 0.3 nM PCB126 resulted in a 31.7 fold induction of in ovo 
EROD in reference site, West Island (WI), killifish embryos but failed to induce in ovo 
EROD in killifish embryos from the two contaminated populations: Newark Bay (NB) 
and New Bedford Harbor (NBH) (Figure 5-1a).  These data corroborate previous findings 
demonstrating that NB and NBH killifish are resistant to PCB mediated induction of in 
ovo EROD during early development (Arzuaga et al., 2004; Elskus et al., 1999; Nacci et 
al., 1999). 
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While PCB126 induced ROS production in reference site, Beaufort (BC), killifish 
embryos; NB and NBH killifish were resistant to this effect (Figure 5-1b).  This suggests 
that chronically contaminated killifish are resistant to co-planar PCB induction of ROS 
production. 
To determine if chronically contaminated killifish embryos are resistant to PCB 
induced deformities, embryos from all 3 populations were exposed to vehicle or PCB126 
(at 1.5 nM or 3.0 nM).  PCB treatment significantly increased (p < 0.05) the frequency of 
heart deformities in reference site embryos, but not in NB and NBH killifish embryos 
(Table 5-1).  As demonstrated in studies performed by other groups (Meyer and Di 
Giulio, 2002; Nacci et al., 1999), these findings suggests that chronically contaminated 
killifish have developed resistance to PCB induced developmental deformities. 
To determine if the AHR pathway is functional in NB and NBH killifish embryos, 
a dose-response experiment using PCB126 was performed.  Killifish embryos from NB 
and NBH did not respond to the PCB126 (0.3 nM) dose that caused maximum in ovo 
EROD induction in WI killifish embryos (Figure 5-2a).  However, NB and NBH killifish 
embryos did respond to a 15 fold higher PCB126 dose (4.5nM), which was toxic to WI 
fish embryos (Figure 2b, and c).  These results suggest that although NB and NBH 
killifish embryos have reduced sensitivity to PCB126, the AHR pathway is still 
functional. 
 
Polluted killifish embryos are resistant to 3-MC induction ROS production. 
To determine if chronically contaminated killifish are also resistant to PAH 
mediated induction of in ovo EROD and ROS production during early development, 
reference and contaminated site killifish embryos were exposed to vehicle or 33.3 nM 3-
MC, a dose that causes maximum induction of in ovo EROD in reference site embryos 
(Nacci et al., 1998).  Two-way ANOVA revealed a significant population, treatment and 
population by treatment effect.  Treatment with 3-MC resulted in significant in ovo 
EROD induction in all three populations.  However, in ovo EROD of 3-MC treated 
reference site (BT) killifish embryos was considerably higher than in NB and NBH 
embryos (Figure 5-3a), suggesting that reference site animals are more sensitive than 
contaminated site killifish embryos.  In comparison to the response observed in the 
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PCB126 treated animals, these data suggest that 3-MC could be activating CYP1A 
induction through an alternative pathway. 
Treatment with 3-MC resulted in induced liver ROS production in reference site 
animals (p<0.05), but contaminated site killifish were resistant to this effect (Figure 5-
3b). 
To further study the in ovo EROD response to PAHs in polluted site killifish 
embryos Newark Bay and Flax Pond (reference site) fish embryos were exposed to 
various concentrations of 3-MC (1.12, 11.2, and 112 nM).  One-way ANOVA revealed 
that NB killifish embryos treated with 11.2 and 112 nM 3-MC had significantly higher in 
ovo EROD activity when compared with vehicle treated animals (Figure 5-4).  In 
comparison with reference site animals, the magnitude of the in ovo EROD response in 
NB killifish embryos was lower than the one observed in reference site animals.  In 
combination with the PCB126 dose response experiments (Figure 5-2) these results 
suggest that although polluted site killifish embryos have lower sensitivity to coplanar 
PCBs and PAHs, the AHR pathway continues to be functional in this developmental 
stage. 
 
The role of resistance to AHR activation and CYP1A induction  
As mentioned above, many of the toxicological effects caused by co-planar 
halogenated AHR ligands are dependent on activation of the AHR and induction of 
CYP1A1/2, among other genes.   Based on this evidence we propose that by acquiring 
resistance to AHR activation, NB and NBH killifish are able to survive in polluted 
environments.  To test this hypothesis, reference site animals were treated with PCB126 
in combination with AHR/CYP1A, and P450 inhibitors. 
 
Role of AHR pathway in PCB126 induction of developmental deformities. 
To determine if AHR activation plays an important role in PCB mediated 
induction of heart deformities during early development; reference site, Beaufort (BT), 
killifish embryos were exposed to 1.5 nM PCB126 alone or in combination with 367 nM 
alphanaphthoflavone (ANF), an AHR/CYP1A inhibitor.  This does of ANF has been 
previously shown to block PAH induction EROD in killifish embryos (Wassenberg and 
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Di Giulio, 2004).  Treatment with ANF was able to block PCB126 induction of heart 
deformities (p<0.05) (Table 5-2).  This suggests that resistance to PCB126 dependent 
AHR activation and CYP1A induction is protective against PCB126 induced 
developmental deformities. 
 
Role of AHR pathway in PCB126 induction of in ovo EROD and ROS production. 
To determine if PCB126 induction of in ovo EROD and ROS production are 
AHR/CYP1A mediated, reference site killifish embryos were treated with 0.3 nM 
PCB126 alone or in combination with the AHR/CYP1A inhibitory flavonoids ANF and 
quercetin (QE).  Treatment with 367 nM ANF alone did not affect in ovo EROD (Figure 
5-5a).  Embryos treated with PCB126 in combination with ANF had significantly lower 
CYP1A activity than PCB treated animals (p<0.05) (Figure 5-5b), suggesting that ANF 
blocked PCB126 induction of CYP1A expression and activity.  Treatment with ANF 
alone increased embryonic liver ROS production (p<0.05), and did not affect PCB126 
induction of ROS production (Figure 5-6). 
Treatment with QE (100 µM) was also able to significantly reduce PCB126 
induction of in ovo EROD in reference site animals (p<0.05) (Figure 5-7a), but did not 
affect PCB induction of ROS production (Figure 5-7b). 
 
Role of P450 activity in PCB126 induced ROS production. 
To determine if P450 activity plays an important role in PCB126 induction of 
ROS production, reference site animals were treated with 0.3 nM PCB126 alone, or in 
combination with 1 µM piperonyl butoxide (PBO).  PBO is a non-specific P450 inhibitor 
(Franklin, 1977) and this dose has been previously shown to block PAH mediated 
induction of in ovo EROD in killifish embryos (Wassenberg and Di Giulio, 2004).  
Treatment with PBO significantly reduced (p<0.05) PCB126 mediated induction of in 
ovo EROD (Figure 5-8a), suggesting that the chemical was able to block P450 activity.  
More importantly, PBO treatment significantly reduced (p<0.05) PCB126 mediated 
induction of ROS (Figure 5-8b).  This suggests that altered P450 activity by PCB126 is a 
source of ROS production. 
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Antioxidants and PCB126 induction of ROS production. 
As mentioned above, previous studies have shown that killifish from 
contaminated sites have increased antioxidant levels (Meyer et al., 2003).  To determine 
if antioxidants can block PCB126 induced production of ROS, reference site, Kings 
Creek (KC) VA, killifish embryos were exposed to PCB126 (0.3 nM) alone or in 
combination with the antioxidant n-acetylcysteine (NAC) at 200 µM.  In ovo EROD 
induction and ROS production were measured in separate experiments.  To our surprise, 
treatment with NAC significantly blocked (p<0.05) PCB126 induction of in ovo EROD 
by 54% (Figure 5-9a). 
Also, NAC treatment significantly increased ROS production when compared to 
controls (p<0.05) and ROS production was significantly higher in animals treated with 
NAC plus PCB126 than the ones treated with PCB126 alone (P<0.05) (Figure 5-9b). 
Studies on cell culture models have shown that vitamin E can protect against PCB 
induced ROS production (Slim et al., 1999).  To determine if vitamin E can also reduce 
PCB mediated induction of ROS production; reference site animals were exposed to PCB 
alone, or in combination with vitamin E.  Although Vitamine E treatment resulted in a 
small reduction of PCB126 mediated ROS production (data not shown), it has also been 
shown that it can significantly reduce PCB induction of CYP1A activity (Wassenberg 
and Di Giulio, personal communication).  It is possible that vitamin E is binding to the 
PCB126 molecule and preventing uptake by the embryo, or binding to the AHR. 
 
Discussion 
In these experiments we tried to determine if the resistance to AHR activation and 
CYP1A induction observed in polluted site killifish embryos is an important mechanism 
that allows them to survive in contaminated sites.  Killifish embryos from the two 
polluted sites (Newark Bay, NJ and New Bedford Harbor) were resistant to PCB126 
mediated induction of in ovo EROD, and heart deformities.  These observations are in 
agreement with results obtained in previous studies (Arzuaga et al., 2004; Nacci et al., 
1999).  We also report that NB and NBH killifish embryos are resistant to PCB126 
induction of ROS as measured by dihydroethidium (SoDA assay).  Studies performed by 
others have shown that fish collected from contaminated sites have altered levels of 
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antioxidants and antioxidant enzymes (Ahmad et al., 2000; Meyer et al., 2003; Palace, 
1998; Stephensen et al., 2000).  It is possible that by having altered AHR function and 
increased levels of antioxidant, chronically contaminated killifish have gained resistance 
to the developmental effects of co-planar PCB exposure.  To test this hypothesis, 
reference site animals were exposed to PCB126 in combination with AHR/CYP1A and 
P450 inhibitors, and antioxidants  
Resistance to AHR activation and CYP1A induction protects killifish embryos 
against PCB126 induced teratogenesis.  In this experiment we used ANF (an AHR and 
CYP1A inhibitor) to demonstrate that the toxic effects caused by PCBs are mediated 
through AHR activation and CYP1A induction.  Treatment with ANF was able to block 
deformities caused by PCB126 exposure in reference site animals.  These results are 
similar to those reported by other studies on the effects of TCDD exposure on zebrafish 
development (Dong et al., 2002), and suggest that AHR and CYP1A are associated with 
altered development caused by PCB exposure.  However, studies on co-planar PAH 
induced deformities have generated conflicting results when compared to those obtained 
here.  (Wassenberg and Di Giulio, 2004) ovserved that killfish embryos treated with a 
combination of PAH mixtures with ANF had significantly higher occurrence and more 
drastic deformities, when comparedn with animals tyreated with PCB mistures alone.  As 
mentioned bellow, these results suggest that AHR activation and CYP1A induction may 
be beneficial after PAH expsure, but detrimental after exposure to chlorinated AHR 
ligands. 
Activities of cytochrome P450s are a potential source of co-planar PCB induced 
ROS production (Bondy and Naderi, 1994; Kuthan and Ullrich, 1982).  We used PBO to 
determine the role of total P450s in PCB126 induced ROS production.  In reference site 
killifish PBO treatment decreased PCB126 mediated induction of in ovo EROD and ROS 
production.  The AHR/CYP1A inhibitors ANF and QE were able to reduce PCB126 
mediated induction of in ovo EROD, but did not affect PCB126 induction of ROS.  These 
results suggest that instead of CYP1A, other AHR inducible P450s could be increasing 
ROS production in PCB126 treated killifish embryos.  Hepatic cytochrome P450s can 
significantly contribute to formation of ROS (Bondy and Naderi, 1994), and AHR ligands 
can induce other P450s such as CYP1B1 (Spink et al., 2002; Wang et al., 2002) and 
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CYP2S1 (Rivera et al., 2002) in different vertebrate models.  Future studies should be 
aimed at determining if other P450s can be induced by co-planar PCBs in killifish, if they 
can generate ROS, and if their expression is altered in chronically contaminated killifish. 
Induction of ROS production by PCB126 is not associated with teratogenesis in 
reference site killifish.  It was interesting to see that neither ANF nor QE were able to 
reduce PCB126 induction of in ovo EROD and heart deformities in reference site 
killifish, but did not affect PCB induction of ROS.  These results are surprising because 
previous studies using cell culture models have found that ANF and QE decrease AHR 
ligand induction of oxidative stress (Fabiani et al., 1999; Park et al., 1996; Ramadass et 
al., 2003).  These results suggest that ROS production is not associated with heart 
deformities in killifish embryos exposed to PCB126.  However, PCB126 induced ROS 
production could be causing other harmful effects in developing killifish such as lipid 
peroxidation (Hilscherova et al., 2003), DNA damage (Cantrell et al., 1996; Hassoun and 
Stohs, 1996), and apoptosis (Dong et al., 2002; Toomey et al., 2001) or altered immune 
function (Duffy et al., 2003).  Further studies are required to determine if exposure to co-
planar PCBs can cause these effects in developing killifish embryos. 
Paradoxically, treatment with ANF alone increased ROS production and failed to 
block PCB126 induced ROS production.  It is possible that in our experimental model, 
ANF treatment activates alternative pathways that increase ROS production.  For 
example, in addition to AHR and CYP1A inactivation, ANF can stimulate cytochrome 
P450 3A4 (CYP3A4) activity in vitro (Koley et al., 1997), which could also increase 
ROS production due to enzyme uncoupling.  Also, ANF can induce nitric oxide (NO) 
production in rat endothelial cells and NO produced in the liver can react with superoxide 
to form the highly reactive peroxynitrite which causes oxidative stress (Cheng et al., 
2003; Jaeschke et al., 2002).  Another possibility is that interfering with AHR function 
could be harmful.  It has been shown that the AHR is associated with stress signaling 
pathways (Matsumura, 2003) and complete elimination of the AHR has been shown to 
cause abnormal liver development in AHR knockout mice (Gonzalez and Fernandez-
Salguero, 1998). 
The antioxidant NAC was not protective against PCB126 induced ROS 
production in reference site killifish.  Studies by other groups have shown that oxidative 
 78
stress and other toxic effects caused by PCBs can be reduced by co-treatment with 
antioxidants such as vitamin E, or NAC (Dong et al., 2002; Hilscherova et al., 2003; Slim 
et al., 1999).  In this study, the effects caused by exposure to the antioxidant NAC were 
not expected.  We observed that NAC treatment inhibited CYP1A induction by PCB126 
and increased ROS production.  Studies by other groups have shown that NAC treatment 
reduces toxicity of AHR ligands (Burdick et al., 2003; Cantrell et al., 1996; Dong et al., 
2002), but contradicting results in experiments using antioxidants have also been 
documented by others (Santanam and Parthasarathy, 1995).  It is possible that the NAC 
dose used in these studies were toxic, or that it increased ROS production by a 
mechanism that we are not aware of.  To further study the role of increased antioxidant 
levels in resistance to AHR ligands, total oxygen scavenging capacity (TOSC) as well as 
the specific antioxidants that are potentially participating in resistance should be 
measured in NB and NBH killifish. 
AHR independent signaling pathways could be controlling CYP1A induction in 
killifish.  Contaminated site killifish embryos were resistant to PCB126 induction of in 
ovo EROD, but responsive to treatment with 3-MC.  This was surprising because 
previous studies have shown that embryonic and adult killifish from NBH are resistant to 
PAH mediated induction of CYP1A catalytic activity (Nacci et al., 1999; Nacci et al., 
2002).  Our results are similar to those obtained from adult Atlantic tomcod (Microgadus 
tomcod) from the Hudson River (NY) which are resistant to CYP1A mRNA induction by 
halogenated AHR ligands (e.g. co-planar PCBs and TCDD) but respond to non-
halogenated ligands such as benzo-a-pyrene (B[a]P) and beta-naphthoflavone (BNF) 
(Courtenay et al., 1999).  Similar observations have also been made in studies using 
primary hepatocytes from NBH killifish (Bello et al., 2001), which revealed that 
resistance to halogenated AHR ligand induction of EROD was greater than the resistance 
to a non-halogenated ligand.  One possibility is that 3-MC could be inducing CYP1A 
expression in NB and NBH killifish embryos through more than one signaling pathway 
(Brauze and Malejka-Giganti, 2000; Delescluse et al., 2000). 
The CYP1A induction response to 3-MC observed in chronically contaminated 
killifish could be associated with adaptation to an environment containing complex 
mixtures of different kinds of AHR ligands.  Recent in vivo studies have shown CYP1A1 
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activity is detrimental after exposure to halogenated AHR ligands (Uno et al., 2004b), but 
beneficial after exposure to non-halogenated AHR ligands (Uno et al., 2004a).  This 
suggests that PAHs and PCBs could be causing toxic effects through different 
mechanisms associated the metabolic fate of these chemicals.  Halogenated AHR ligands 
can increase ROS production through uncoupling of the P450 catalytic cycle (Schlezinger 
and Stegeman, 2001; Shertzer et al., 2004).  These chemicals are resistant to metabolism 
and increase microsomal CYP1A expression and ROS production for extended periods of 
time (Buhler and Wang-Buhler, 1998; Celander and Forlin, 1995; Shertzer et al., 1998).  
On the other hand, PAHs induce CYP1A for shorter periods of time when compared to 
PCBs (Celander and Forlin, 1995).  Although metabolic activation of PAHs can increase 
ROS production (Peters, 1996), excretion of PAHs is faster than PCBs.  It has also been 
proposed that close coupling between phase I (CYP1A1) and phase II metabolism can 
increase excretion of PAHs (Nebert et al., 2004).  GST is a phase II enzyme that can 
successfully conjugate toxic PAH metabolites (Sheweita, 2000; Sundberg et al., 2002) 
and expression of this enzyme is altered in fish collected from contaminated sites (Otto 
and Moon, 1996).  Adult killifish from the contaminated Elizabeth River VA, and 
Newark Bay NJ, possess higher basal activity of glutathione-s-transferase (GST) than 
reference site animals (Armknecht et al., 1998).  In NBH killifish, induction of GST by 
AHR ligands is greater than in reference site animals (Bello et al., 2001).  It is possible 
that in chronically contaminated killifish, resistance to induction of CYP1A and other 
P450s by co-planar PCBs reduces PCB toxicity because there would be a smaller pool of 
uncoupled P450s generating ROS and causing oxidative stress.  On the other hand, 
induction of CYP1A by PAHs, coupled to higher expression of GST could increase 
clearance of unstable Phase I metabolites that would otherwise cause damage. 
In summary, the results presented in this study demonstrate that chronically 
contaminated killifish are resistant to PCB126 and 3-MC induction of ROS production, 
that PCB126 induction of developmental deformities and ROS production are mediated 
through the AHR pathway, and P450 activity, respectively, and that contaminated 
killifish embryos have different sensitivities to PAH and PCB induction of CYP1A 
expression.  In combination with altered expression of phase II enzymes, these 
adaptations potentially increase survival of killifish inhabiting contaminated sites. 
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Figure Legends 
 
Figures 5-1 (a and b).  In ovo EROD and ROS production of killifish embryos treated 
with 0.3 nM PCB126. 
a) In ovo EROD activity of killifish embryos from reference site: West Island (WI), and 
polluted sites: Newark Bay (NB) and New Bedford Harbor (NBH) treated with PCB126.  
Fish embryos were exposed to 0.3 nM PCB126 from day two to day seven post-
fertilization (pf) and bladder resorufin fluorescence (in ovo EROD) measured on day nine 
pf.  Digital images were taken under Texas red excitation/emission filters (EX-560/55 
EM-645/75) and image exposure times was 700 milliseconds (ms).  Bars represent mean 
± standard error (SE) for n = 19 - 21 embryos per treatment group.  * significant from 
respective control at p < 0.05. 
b) Liver ROS production of killifish embryos from reference site: Beaufort (BT), and 
polluted sites: Newark Bay (NB) and New Bedford Harbor (NBH) treated with PCB126.  
Embryos were treated with vehicle or 0.3 nM PCB126 on day two pf and stained with 50 
µM DHE on day seven pf.  Digital images were taken under Texas red 
excitation/emission filters and the exposure time was 800 ms. Integrated density values 
were normalized to % of controls for each population.  Bars represent mean % of control 
± standard error (SE) for n = 16 - 20 embryos per treatment group.  * significant from 
respective control at p < 0.05. 
 
Figures 5-2 (a, b and c).  In ovo EROD for WI, NB and NBH killifish embryos treated 
with PCB126 (0, 0.3, 1.5, and 4.5 nM).  Fish embryos were exposed to PCB126 from day 
two to day seven post-fertilization (pf) and bladder resorufin fluorescence (in ovo EROD) 
measured on day nine pf.  Digital images were taken under Texas red excitation/emission 
filters (EX-560/55 EM-645/75) and image exposure times was 700 milliseconds (ms).  
Bars represent mean ± standard error (SE).  Different letters represent statistical 
difference from respective control at p < 0.05. 
a) In ovo EROD activity of WI killifish embryos.  N = 11 to 20 individuals per 
treatment group. 
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b) In ovo EROD activity of NBH killifish embryos.  N = 19 to 20 individuals per 
treatment group. 
c) In ovo EROD activity of NB killifish embryos.  N = 17 to 21 individuals per 
treatment group. 
 
Figures 5-3 (a and b).  In ovo EROD and ROS production of killifish embryos treated 
with 33.5 nM 3-MC. 
a) In ovo EROD activity of killifish embryos from reference site: Beaufort (BT), and 
polluted sites: Newark Bay (NB) and New Bedford Harbor (NBH) treated with 3-MC.  
Fish embryos were exposed to 33.5 nM 3-MC from day two to day seven pf and bladder 
resorufin fluorescence (in ovo EROD) measured on day nine pf.  Digital images were 
taken under Texas red excitation/emission filters (EX-560/55 EM-645/75) and image 
exposure times was 70 milliseconds (ms).  Bars represent mean ± standard error (SE) for 
n = 19 - 21 embryos per treatment group.  * significant from respective control at p < 
0.05. 
b) Liver ROS production of killifish embryos from reference site: Beaufort (BT), and 
polluted sites: Newark Bay (NB) and New Bedford Harbor (NBH) treated with 3-MC.  
Embryos were treated with vehicle or 33.5 nM 3-MC on day two pf and stained with 50 
µM DHE on day five pf.  Digital images were taken under Texas red excitation/emission 
filters and the exposure time was 800 ms. Integrated density values were normalized to % 
of controls for each population.  Bars represent mean % of control ± standard error (SE) 
for n = 15 - 17 embryos per treatment group.  * significant from respective control at p < 
0.05. 
 
Figure 5-4. In ovo EROD for Flax Pond and Newark Bay (NB) killifish embryos treated 
with 3-MC (0, 1.12, 11.2, and 112 nM).  Fish embryos were exposed to PCB126 from 
day two to day seven post-fertilization (pf) and bladder resorufin fluorescence (in ovo 
EROD) measured on day nine pf.  Digital images were taken under Texas red 
excitation/emission filters (EX-560/55 EM-645/75) and image exposure times was 700 
milliseconds (ms).  Bars represent mean ± standard error (SE) for N = 10 to 23 
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individuals per treatment group.  Different letters represent statistical difference from 
respective control at p < 0.05. 
Figure 5-5 (a and b).  In ovo EROD signal of reference site killifish embryos treated with 
vehicle, 367 nM ANF, 1.5 nM PCB126 and PCB126 plus ANF. 
a) Reference site, West Island (WI), killifish embryos were exposed to vehicle, 0.3 nM 
PCB126 or 367 nM ANF from day two to day seven pf and bladder resorufin 
fluorescence measured on day 9 pf.  Digital images were taken under Texas red 
excitation emission filters and the exposure time was 700 ms.  Bars represent mean ± 
standard error (SE) for n = 13 - 14 embryos per treatment group.  Different letters 
represent statistically significant differences at p < 0.05. 
b) Reference site, Beaufort (BT), killifish embryos were exposed to vehicle, 0.3 nM 
PCB126 or 367 nM ANF plus 0.3 nM PCB126 from day two to day seven pf and bladder 
resorufin fluorescence measured on day 9 pf.  Digital images were taken under Texas red 
excitation emission filters and the exposure time was 70 ms.  Bars represent mean ± 
standard error (SE) for n = 17 - 24 embryos per treatment group.  Different letters 
represent statistically significant differences at p < 0.05. 
 
Figures 5-6.  Liver ROS production in reference site, Beaufort (BT), killifish embryos 
treated with vehicle, 367 nM ANF, 0.3 nM PCB126 and PCB126 plus ANF.  Embryos 
were treated with chemicals on day two pf and stained with 50 µM DHE on day seven pf.  
Digital images were taken under Texas red excitation/emission filters and the exposure 
time was 1.5 seconds.  Integrated density values were normalized to % of controls for 
each population.  Bars represent mean % of control ± standard error (SE) for n = 19 - 22 
embryos per treatment group.  * significant from respective control at p < 0.05. 
 
Figure 5-7 (a and b). In ovo EROD and ROS production of reference site, West Island 
(WI) killifish embryos treated with vehicle, 100 µM quercetin (QE), 0.3 nM PCB126 and 
PCB126 plus QE.   
a) In ovo EROD activity of killifish embryos.  Fish embryos were exposed to chemicals 
from day two to day seven pf and bladder resorufin fluorescence (in ovo EROD) 
measured on day nine pf.  Digital images were taken under Texas red excitation/emission 
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filters (EX-560/55 EM-645/75) and image exposure times was 700 milliseconds (ms).  
Bars represent mean ± standard error (SE) for n = 18 - 20 embryos per treatment group.  
Different letters represent statistically significant differences at p < 0.05. 
b) Liver ROS production of killifish embryos.  Embryos were exposed to chemicals on 
day two pf and stained with 50 µM DHE on day seven pf.  Digital images were taken 
under Texas red excitation/emission filters and the exposure time was 800 ms. Integrated 
density values were normalized to % of controls for each population.  Bars represent 
mean % of control ± standard error (SE) for n = 14 - 17 embryos per treatment group.  
Different letters represent statistically significant differences at p < 0.05. 
 
Figure 5-8 (a and b). In ovo EROD and ROS production of reference site, Beaufort (BT) 
killifish embryos treated with vehicle, 1 µM piperonyl butoxide (PBO), 0.3 nM PCB126 
and PCB126 plus PBO.   
a) In ovo EROD activity of killifish embryos.  Fish embryos were exposed to chemicals 
from day two to day seven pf and bladder resorufin fluorescence (in ovo EROD) 
measured on day nine pf.  Digital images were taken under Texas red excitation/emission 
filters (EX-560/55 EM-645/75) and image exposure times was 70 milliseconds (ms).  
Bars represent mean ± standard error (SE) for n = 18 - 20 embryos per treatment group.  
Different letters represent statistically significant differences at p < 0.05. 
b) Liver ROS production of killifish embryos.  Embryos were exposed to chemicals on 
day two pf and stained with 50 µM DHE on day seven pf.  Digital images were taken 
under Texas red excitation/emission filters and the exposure time was 800 ms. Integrated 
density values were normalized to % of controls for each population.  Bars represent 
mean % of control ± standard error (SE) for n = 14 - 17 embryos per treatment group.  
Different letters represent statistically significant differences at p < 0.05. 
 
Figure 5-9 (a and b). In ovo EROD and ROS production of reference site, Kings Creek 
(KC) killifish embryos treated with vehicle, 200 µM N-acetylcysteine (NAC), 0.3 nM 
PCB126 and PCB126 plus NAC. 
a) In ovo EROD activity of killifish embryos.  Fish embryos were exposed to chemicals 
from day two to day seven pf and bladder resorufin fluorescence (in ovo EROD) 
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measured on day nine pf.  Digital images were taken under Texas red excitation/emission 
filters (EX-560/55 EM-645/75) and image exposure times was 70 milliseconds (ms).  
Bars represent mean ± standard error (SE) for n = 21 - 23 embryos per treatment group.  
Different letters represent statistically significant differences at p < 0.05. 
b) Liver ROS production of killifish embryos.  Embryos were exposed to chemicals on 
day two pf and stained with 50 µM DHE on day seven pf.  Digital images were taken 
under Texas red excitation/emission filters and the exposure time was 800 ms. Integrated 
density values were normalized to % of controls for each population.  Bars represent 
mean % of control ± standard error (SE) for n = 19 - 20 embryos per treatment group.  
Different letters represent statistically significant differences at p < 0.05. 
 
 
Table 5-1:  Heart deformities in BT, NB, and NBH killifish embryos exposed to 0, 1.5, and 3.0 nM PCB126. 
Population PCB dose (nM): Normal: Mild deformed: Severely deformed: N 
BT      0 14 1 0 15
      
      
      
      
1.5* 0 9 6 15
3.0* 0 4 11 15
NB 0 13 1 0 14
      
      
      
     
1.5 13 1 1 15
3.0 12 3 0 15
NBH 0 10 3 0 13
      
      
      
1.5 12 0 1 13
3.0 8 1 3 13
Killifish embryos were exposed to vehicle, 1.5 and 3.0 nM PCB126 from day 2 to day 7 pf and heart deformities were quantified on 
day 10 pf.  * significant treatment effects at p<0.05 
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Table 5-2: Heart deformities in BT killifish embryos exposed to 0, 1.5nM PCB126 and 1.5nM PCB126 plus 367nM ANF. 
Population Treatment: Normal: Mild deformed: Severely deformed:  N 
BT      Vehicle 12 1 0 13
 1.5 nM PCB126* 1 1 11 13 
     367 nM ANF + 
PCB126 
5 4 1 10
Killifish embryos were exposed to chemicals from day 2 to day 7 pf and heart deformities were quantified on day 10 pf.  * 
significantly different from respective control group at p<0.05 
 
 
Figure 5-1a. In ovo EROD of killifish embryos treated with 0.3 nM PCB126. 
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Figure 5-1b. ROS production of killifish embryos treated with 0.3 nM PCB126. 
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Figure 5-2a In ovo EROD for WI killifish embryos treated with PCB126 
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Figure 5-2b In ovo EROD for NBH killifish embryos treated with PCB126 
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Figure 5-2c. In ovo EROD for NB killifish embryos treated with PCB126. 
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Figure 5-3a. In ovo EROD of killifish embryos treated with 33.5 nM 3-MC. 
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Figure 5-3b. ROS produciton of killifish embryos treated with 33.5 nM 3-MC. 
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Figure 5-4. In ovo EROD for Flax Pond and Newark Bay killifish embryos treated 
with 3-MC (0, 1.12, 11.2, and 112 nM) 
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Figure 5-5a. In ovo EROD of killifish embryos treated with vehicle, 1.5 nM PCB126, or 
367 nM ANF. 
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Figure 5-5b. In ovo EROD of killifish embryos treated with vehicle, 1.5 nM PCB126 and 
PCB126 plus ANF. 
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Figure 5-6. Liver ROS production in killifish embryos treated with vehicle, 367 nM ANF, 
0.3 nM PCB126 and PCB126 plus ANF. 
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Figure 5-7a. In ovo EROD and of killifish embryos treated with vehicle, 100 µM 
quercetin (QE), 0.3 nM PCB126 and PCB126 plus QE. 
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Figure 5-7b. ROS production of killifish embryos treated with vehicle, 100 µM quercetin 
(QE), 0.3 nM PCB126 and PCB126 plus QE. 
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Figure 5-8a. In ovo EROD killifish embryos treated with vehicle, 1 µM piperonyl 
butoxide (PBO), 0.3 nM PCB126 and PCB126 plus PBO. 
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Figure 5-8b. ROS production of killifish embryos treated with vehicle, 1 µM piperonyl 
butoxide (PBO), 0.3 nM PCB126 and PCB126 plus PBO. 
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Figure 5-9a. In ovo EROD of killifish embryos treated with vehicle, 200 µM N-
acetylcysteine (NAC), 0.3 nM PCB126 and PCB126 plus NAC. 
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Figure 5-9b. ROS production killifish embryos treated with vehicle, 200 µM N-
acetylcysteine (NAC), 0.3 nM PCB126 and PCB126 plus NAC. 
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Chapter Six 
 
The DNA de-methylating agen 5-azacytidine does not restore CYP1A induction in 
PCB resistant Newark Bay killifish (Fundulus heteroclitus). 
 
Abstract 
 Newark Bay (NB) killifish (Fundulus heteroclitus) have been chronically exposed 
to environmental contaminants that activate the aryl hydrocarbon receptor (AHR) -and 
are tolerant to toxic effects and CYP1A induction provoked by AHR ligands.  Resistance 
to CYP1A induction could be due to an epigenetic mechanism such as DNA methylation.  
We measured in-ovo CYP1A catalytic activity (ethoxyresorufin-O-deethylase, EROD) in 
NB and reference site killifish embryos aqueously exposed to various concentrations of 
the DNA de-methylating agent 5-azacytidine, 5-AC (5, 50 and 500 µM) with or without 
0.2µg/L of the CYP1A inducer 3,3’,4,4’,5-pentachlorobiphenyl (IUPAC PCB126).  
Neither PCB126 alone, nor PCB126 plus 5-AC induced EROD above control levels in 
vehicle treated Newark Bay fish.  In reference site fish, the same PCB126 dose provoked 
a 7.4 fold EROD induction relative to controls.  We conclude that Newark Bay killifish 
are resistant to CYP1A induction by co-planar PCBs during early embryological 
development and our data suggests that DNA methylation does not play a critical role in 
resistance to CYP1A induction in this model. 
 
Introduction 
Halogenated aromatic hydrocarbons (HAHs) such as dioxin and coplanar PCBs 
can cause a variety of toxic effects in the fish model Fundulus heteroclitus.  These 
chemicals induce the monooxygenase cytochrome P450 1A (CYP1A) through the AHR 
pathway (Hahn, 1998a; Whitlock, 1999).  Chronic exposure to these and other AHR 
ligands has resulted in resistance to CYP1A induction in a Newark Bay (NB) killifish 
(Fundulus heteroclitus) population (Elskus et al., 1999; Prince and Cooper, 1995a).  
Although the molecular mechanism that results in this phenotype is not currently known, 
epigenetic mechanisms such as DNA methylation and histone acetylation can alter 
induction of CYP1A induction by AHR ligands (Nakajima et al., 2003; Xu et al., 1997).  
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Cell culture studies have shown that DNA methylation of the CYP1A promoter can 
reduce its induction by AHR ligands.  (Takahashi et al., 1998) demonstrated that in 3-
methylcholanthrene (3-MC) resistant rabbit R9ab lung cells, the CpG site contained 
within the XRE sequence of the CYP1A promoter was highly methylated in both coding 
and non coding DNA strands.  When these cells were treated with the DNA de-
methylating agent 5-azacytidine (5-AC), CYP1A became inducible after treatment with 
3-MC.  A similar mechanism could also be taking place in the NB PCB-resistant killifish 
population. 
 
Materials and methods 
 
Exposure to test compounds and in ovo CYP1A activity 
The same DNA de-methylating agent (5-AC) has been shown to reduce transgene 
methylation in zebrafish (Danio rerio) embryos (Collas, 1998).  Based on the 5-AC doses 
used in that study, we treated Newark Bay killifish embryos with equal and higher 
concentrations of 5-AC with or without 3,3',4,4',5-pentachlorobiphenyl (PCB126), and 
measured CYP1A activity (EROD) prior to hatching. 
To confirm that NB killifish embryos were resistant to CYP1A induction by AHR 
ligands, we exposed embryos from both NB and a reference site to PCB126 and 
measured CYP1A activity in ovo using established methods (Nacci et al., 1998).  Briefly, 
NB (PCB-resistant) and Succotash Salt Marsh, SSM (reference site) killifish were 
individually exposed in 20 mL scintillation vials to 10 ml of seawater (30 ppt) containing 
the CYP1A substrate 7-ethoxyresorufin (21 µg/L) and either vehicle (acetone, 0.01% 
final concentration) or PCB126 (0.2µg/L) from day two to day seven post-fertilization at 
25°C, 12/12 L/D. On day seven, the exposure water was changed to fresh seawater.  This 
PCB126 dose has been previously shown to cause maximal induction of CYP1A activity 
in reference site animals (Nacci et al., 1999). CYP1A activity was measured on day ten 
post-fertilization. CYP1A induction is evaluated based on the accumulation of the 
metabolite resorufin (rr) in the animal’s bladder relative to vehicle controls (Nacci et al., 
1998). 
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Statistical analysis 
Statistical analysis was performed using SYSTAT version 10 (Systat software 
Inc., Point Richmond CA).  Two-way ANOVA followed by Fishers Least Significant 
Difference (LSD) was used to detect statistical differences between treatments and fish 
populations (Flax Pond and Newark Bay).  One way (ANOVA) followed by LSD test 
was used for analysis of in ovo EROD integrated density values in experiments where 
Newark Bay killifish were exposed to PCB126 alone, or in combination with 5-AC.  
Level of significance was 0.05. 
 
Results and Discussion 
In reference site killifish treatment with PCB126 provoked a significant increase 
in CYP1A activity, but in NB fish treatment with PCB126 did not (Figure 1), 
demonstrating that the former are resistant to CYP1A induction by co-planar PCBs 
during embryological development. 
To determine if DNA methylation is the molecular mechanism involved in 
suppressing CYP1A expression in resistant fish, NB killifish embryos were exposed to 5-
AC (5, 50, and 500 µ(micro)M) with and without co-exposure to PCB126 (0.2 µg/L). 
Treatment with PCB126 in combination with 5-AC did not relieve resistance to 
EROD induction by PCBs in NB killifish (Figure 2).  This suggests that resistance to 
CYP1A induction may not be due to DNA methylation in this fish population.  Yet future 
experiments should measure additional endpoints to assure that 5-AC reduces genomic 
DNA methylation in this fish model.  After treating embryos with 5-AC, DNA 
methylation of the CYP1A gene promoter could be measured by bisulfate sequencing.  
Additional studies could also include the use of other agents that can alter the DNA 
methylation status in fish embryos.  For example, sodium butyrate has also been shown to 
reduce transgene methylation in zebrafish embryos (Collas, 1998) 
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Figure legends: 
 
Figure 6-1: CYP1A catalytic activity in Newark Bay and reference site (SSM) killifish 
embryos exposed to vehicle or PCB126.  CYP1A induction is presented as the intensity 
of the resorufin (rr) signal emitted by the animal’s bladder (excitation: 533-588mn; 
emission: 608-683nm), normalized to the signal emitted under ultraviolet (uv) light 
(excitation: 340-380mn; emission: 435-485nm).  Photographic images were quantified 
using Scion Image software (http://www.scioncorp.com).  Bars represent the mean and 
S.D.  n = 20 individuals per treatment.  * Significantly different from respective controls. 
 
Figure 6-2: CYP1A catalytic activity in Newark Bay killifish embryos treated with 
PCB126 alone, or PCB126 plus 5-AC at different concentrations.  Bars represent the 
mean ± S.D.  n = 5 individuals per treatment group. 
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Figure 6-1. CYP1A catalytic activity in Newark Bay and reference site killifish embryos 
exposed to vehicle or PCB126. 
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Figure 6-2. CYP1A catalytic activity in Newark Bay killifish embryos treated with 
PCB126 alone, or PCB126 plus 5-AC at different concentrations. 
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Chapter Seven 
 
Cloning, sequence and methylation analysis of the CYP1A promoter region from 
polluted and reference site killifish (Fundulus heteroclitus). 
 
Abstract 
Xenobiotic-carcinogenic compounds such as coplanar polychlorinated biphenyls (PCBs) 
and polycyclic aromatic hydrocarbons (PAHs) induce xenobiotic metabolizing enzymes 
that form part of the aryl hydrocarbon receptor (AHR) gene battery.  One of these 
enzymes is Cytochrome P450 1A (CYP1A).  Various killifish (Fundulus heteroclitus) 
populations chronically exposed to these compounds have developed resistance to their 
toxic effects and induction of CYP1A.  The molecular and biochemical mechanisms for 
resistance in killifish are not known yet.  Cell culture studies have shown that 
methylation if the CYP1A promoter can block AHR dependent transcription.  Variations 
in the sequence of regulatory regions and DNA methylation patterns of the CYP1A 
promoter could result in alteration of gene expression between resistant and responsive 
fish populations.  Chronic exposure to these compounds may have resulted in survival of 
those animals that have a low activity promoter.  Using a PCR approach we amplified a 
~1.6 Kb portion of the CYP1A promoter of fish from contaminated (Newark Bay NJ, and 
New Bedford Harbor MA) and reference sites (Flax Pond NY, and Scorton Creek MA).  
Sequence analysis of the CYP1A promoter regions has revealed DNA binding motifs for 
the following transcription factors: AHR, AP-1, GRE, SP-1, and TATA box in all three 
populations.  We also noted the presence of additional DNA fragments in the 5’ region of 
the sequences we analyzed.  The frequency of these fragments was studied using a PCR 
approach.  Primers were designed for conserved regions of the promoter flanking the sites 
where these additional fragments are present.  Depending on the presence or absence of 
these fragments, the size of the resulting PCR products were estimated to be 685, or 728 
bp long.  Our results suggest that the additional DNA fragments were more frequent in 
the reference site population when compared to contaminated site killifish.  It is possible 
that the different distribution of these fragments may have been the result of selective 
pressure imposed by contaminant exposure.  DNA methylation studies of the CYP1A 
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promoter region were carried out using the methylation sensitive restriction enzyme 
HpaII.  There were no significant differences in the methylation status of reference and 
contaminated site killifish CYP1A promoters.  Further experiments should focus on 
determining of the variable sequences in the upstream region of the CYP1A promoter are 
in fact functional. 
Introduction 
Coplanar plychlorinated biphenys (PCBs) and polycyclic aromatic hydrocarbons 
(PAHs) are commonly found in contaminated aquatic environments (O'Connor, 1988).  
These chemicals are toxic and exposure can cause teratogenesis, oxidative stress, altered 
expression of xenobiotic metabolizing enzymes, and cancer (Baumann, 1998; Faroon et 
al., 2001; Palace et al., 1996).  Among vertebrates, various fish species have been shown 
to be vulnerable to these chemicals (Carlson et al., 2002; Dong et al., 2001; James et al., 
2004; Toomey et al., 2001). 
In vertebrates, most the toxic effects caused by PAHs and PCBs are mediated 
through the Aryl Hydrocarbon receptor (AHR). The AHR is a member of the basic helix-
loop-helix/Per-ARNT-Sim (bHLH-PAS) family of proteins.  In the absence of ligand the 
AHR remains in the cytosol in a stable complex with two heat chock proteins (HSP 90), 
X-associated protein (or Ara9) and the HSP90 co-chaperone p23 (Carlson and Perdew, 
2002; Safe, 2001).  Upon ligand binding, the AHR translocates to the nucleus where it 
forms a complex with its DNA binding partner, the AHR nuclear translocator (ARNT).  
The AHR-ARNT heterodimer recognizes specific DNA sequences known as the 
xenobiotic response elements (XREs), which are found in the enhancer region of target 
genes (Swanson, 2002; Whitlock, 1999).  The AHR has been identified, cloned and 
sequenced, in various vertebrates including fish (Abnet et al., 1999; Hahn, 1998a; Hahn 
et al., 1994) 
Killifish from various contaminated sites in the eastern coast of the United States 
have been shown to be resistant to the acute toxic effects caused by exposure to PAHs 
and PCBs (Weis, 2002).  These sites are New Bedford Harbor (MA), which is heavily 
contaminated with PCBs; a portion of the Elizabeth River (VA) that is mostly 
contaminated with PAHs, and Newark Bay, where, among many kinds of contaminants, 
both PAHs PCBs and dioxins are present (O'Connor, 1988; Wenning, 1994).  Killifish 
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from these sites display altered expression of phase I and phase II enzymes and are 
recalcitrant to CYP1A induction upon exposure to AHR ligands (Meyer et al., 2003; 
Nacci et al., 2002; Weis, 2002).  Studies by different groups have demonstrated that this 
phenomenon is heritable in some populations, but not in others.  Lab raised first 
generation and second-generation killifish from New Bedford Harbor and first generation 
killifish larvae from Newark Bay are resistant to CYP1A induction (Elskus et al., 1999; 
Nacci et al., 1999).  This suggests that in these two populations resistance to CYP1A 
induction is heritable.  But lab raised, second generation Elizabeth River killifish loose 
their resistance to CYP1A induction and their response is similar to reference (clean site) 
animals (Meyer et al., 2002).  This suggests that resistance to CYP1A induction in 
killifish populations with different exposure scenarios arises through more than one 
mechanism.  It is possible that inherited resistance to CYP1A induction in New Bedford 
Harbor and Newark Bay killifish is due to selection of a low activity CYP1A promoter. 
In an effort to elucidate the mechanism for resistance to CYP1A induction in 
polluted site killifish, we cloned and analyzed the DNA sequence of the CYP1A 
promoter of reference (Flax Pond, NY and Scorton Creek, MA) and polluted site 
(Newark Bay, NY and New Bedford Harbor, MA) killifish.  Our objectives were to 
determine if polluted site killifish have an altered CYP1A promoter in comparison to 
reference site animals.  Our results suggest that there are sequence variations in the 
CYP1A promoter.  Differential distribution of these variable DNA fragments in the 
CYP1A promoter of reference and polluted site killifish populations is also reported.  
More studies are required in order to determine the function of these sequences. 
 
Materials and methods 
 
Materials: 
 The DNA polymeases and restriction enzymes used in this study were: Vent DNA 
polymerase (New England Biolabs, Beverly MA), Pfu DNA polymerase (Stratagene, La 
Jolla CA), Amplitaq gold (Applied Biosystems, Foster City CA), and HpaII and MspI 
restriction enzymes from New England Biolabs (Beverly, MA).  Pfu cloning kit was 
obtained from and Stratagene (La Jolla, CA.).  Agarose gel DNA extraction, and plasmid 
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DNA midi prep kits were obtained from obtained from Quiagen (Valencia, CA).  Primers 
used for DNA reactions were obtained from Sigma Genosys (Haverhill, United 
Kingdom).  The PCR DNA ladder used for determination of PCR product size was the 
PCR DNA marker (Mid West Scientific, St Louis MO). 
 
Killifish collection and maintenance 
Killifish (Fundulus heteroclitus) were collected from four populations with different 
responses to CYP1A inducers.  Resistant animals were obtained from Newark Bay (NJ), 
and New Bedford Harbor (MA), and responsive animals were obtained from Scorton 
Creek (MA) and Flax Pond (NY).  Minnow traps were used to capture killifish.  Fish 
were maintained in 10 or 20-gallon recirculating tanks equipped with charcoal WhisperTM 
filters, in 30 ppt artificial seawater. 
 
Amplification of the killifish CYP1A1 promoter: 
 
DNA extraction:  DNA was extracted from liver or gonad tissue using conventional 
Phenol:chloroform extraction.  DNA purity and content was analyzed 
spectrophotometrically.   For each DNA amplification reaction 100 ng of DNA was used. 
 
PCR reactions: 
Forward and reverse primers were designed from a previously cloned killifish CYP1A 
promoter (Powell et al., 2004). 
Forward Primer 1: 5’-GGA CCA TCA ATT TCC ACA TGA AGT TTG-3’ 
Forward Primer 2: 5’-GTT ATA GCC ACA GCT CAG TCA TTT TCT CC-3’ 
Reverse Primer 1: 5’-AGC ACA CCG TCA CCA AGG CTA AAC C-3’ 
Reverse Primer 2: 5’-CAG ACA CCG AGA GTG CTC CAA TGA ATG G-3’ 
The expected size of the PCR product is 2.5Kb.     
We used either Vent DNA Polymerase (New England Biolabs), or Pfu DNA 
Polymerase (Stratagene) for PCR reactions.  Both enzymes have proofreading 
exonuclease activity.  DNA polymerase and buffer solutions for PCB were used 
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according to the manufacturer instructions.  Conditions for the PCR were: 95 °C (1 
minute) 55 °C (1 minute) and 72 °C (2 minutes and 30 seconds) for a total of 32 cycles. 
 
Cloning and sequencing:  PCR products were separated on 1% agarose gels, and products 
purified using a QIAquick Gel Extraction following manufacturer instructions.  Purified 
PCR products were cloned in a pPCR-Script™ Amp SK(+) Cloning Vector using a PCR 
Script Amp Cloning Kit and following manufacturer instructions.  Transformed colonies 
containing inserts were grown on LB media containing 10mg/ml ampicillin (Amp).  
Plasmids were isolated using the Qiagen plasmid midi kit following instructions from 
manufacturer.  Purified plasmids were sent to for sequencing at the University of Maine 
DNA Sequencing Facility. 
Sequence analysis:  Obtained sequences were analyzed using the GeneDoc (Nicholas, 
1997) and Transcription Element Search System, or TESS (Petsko, 2002; Schug and 
Overton, 1997) software packages.  Genedoc is a free software package that can be used 
for sequence visualization and analysis (download from: www.psc.edu/biomed/ 
genedoc/).  Unfortunately, like most free things, it is not very powerful tool.  For 
example: alignment of three or more sequences is difficult to perform.  TESS is a web 
based search engine that identifies potential transcription factor binding sites in submitted 
DNA sequences using consensus strings found in the TRANSFAC, IMD, and CBIL-
GibbsMat databases (found at: www.cbil.upenn.edu/tess/). 
 
Determination of frequency of DNA sequence inserts in the killifish CYP1A promoter: 
PCR reaction: 
For amplification of the 5’ end of the promoter sequence, the following set of primers 
were designed using Primer 3 (Rozen and Skaletsky, 2000): 
Forward primer: 5’-CCA CAG TCC AGT CAT TTT CTC C-3’ 
Reverse primer: 5’-CAA GGG CAG ACG AGT TCA TT-3’ 
For these reactions we used the DNA polymerase Aplitaq-gold (Applied 
Biosystems) and provided buffer solutions according to the manufacturer’s instructions.  
Conditions for PCR were: 95 °C (8 minutes), the 42 cycles of: 94 °C (30 seconds), 55 °C 
(30 sec.), 72 °C (60 sec.), followed by 72 °C (7 min) and 4 °C indefinitely.  The products 
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were separated in 2% agarose gels, and band sizes were determined by using a DNA 
ladder (PCR DNA marker™, Mid West Scientific). 
CYP 1A promoter methylation study: 
 
Restriction enzyme digestions: 
We used a protocol similar to one previously described (Hammons et al., 2001).  
There are two HpaII sites (5’-CCGG-3’) flanking two of the XRE sites on the killifish 
CYP1A promoter (Figure 1).  HpaII is a methylation sensitive enzyme, which means that 
it cannot digest its recognition site if it is methylated.  MspI recognizes the same sites that 
HpaII cuts, but is methylation insensitive so it will be able to digest the site regardless of 
the methylation status.  Here, MspI is used as a positive control to make sure that the 
restriction digestion takes place.  Genomic DNA (500ng) from each extract was subjected 
to one of the following treatments for a period of sixteen hours: HpaII digestion, MspI 
digestion, and digestion buffer but no enzyme.  Restriction digestion of genomic DNA 
was followed by PCR to amplify the region containing the restriction sites.  We used 100 
ng of DNA from each individual digestion for PCR using the following primers: 
Forward Primer: 5’-AGT TTG GTG CGC TCA TTG TT-3’ 
Reverse Primer: 5’-GAC ATC AGG CAG ACG TTC AA-3’ 
Conditions for PCR were: 95 °C (8 minutes), the 42 cycles of: 94 °C (30 seconds), 55 °C 
(30 seconds), 72 °C (1 minute), followed by 72 °C (7 minute) and 4 °C indefinitely.  The 
primers were designed using Primer 3 (Rozen and Skaletsky, 2000).  The expected size of 
the PCR product is 403bp.  If there is methylation, HpaII will not cut it’s recognition site 
and a PCR product should be obtained, but if there is no methylation, HpaII cuts its 
recognition site and no PCR product is obtained because the DNA template is 
fragmented.  Amplification of DNA digested with MspI should not generate a PCR 
product unless conditions are not optimal for this reaction to be completed.  
Amplification of DNA incubated with restriction buffer, but no enzyme is expected to 
generate a PCR product unless PCR conditions are not optimal.  These last two digestions 
with MspI, or no enzyme are used as controls. 
 
Statistical analysis: 
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Statistical analysis was performed using SYSTAT version 10 (Systat software 
Inc., Point Richmond CA).  Chi-square statistic was used for analyzing the methylation 
status of Newark Bay and Flax pond killifish CYP1A promoters. 
 
Results and discussion 
 
Sequence analysis of the killifish CYP1A promoter 
 We were able to clone and sequence the CYP1A promoter region of two Newark 
Bay, two Flax Pond, one New Bedford Harbor and one Scorton Creek killifish.  The 
killifish CYP1A promoter sequences were analyzed using TESS (Transcription Element 
Search Software).  We also compared our sequences to another one that was previously 
reported (Powell et al., 2004).  Analysis CYP1A promoter sequence revealed presence of 
three XREs, a TATA box and putative DNA motifs for glucocorticoid response element 
(GRE), SP1, and AP-1 (Figure 1 and Table 1).  There were no differences in the number 
of XREs between the analyzed promoters. 
When comparing CYP1A promoter sequences of fish from different populations, 
we noted variations consisting of short (16 to 35 bp) DNA fragments that were present in 
some promoters, but not in others.  One of these segments contained a GRE site (Figure 
1), which was present in one of the Newark Bay, the New Bedford Harbor, and Scorton 
Creek sequences, but absent in the Flax Pond and remaining Newark Bay promoters.  It is 
possible that these fragments may contain DNA motifs that alter CYP1A induction, and 
exposure to AHR ligands has resulted in selection of lower activity CYP1A promoters in 
contaminated sites.  Studies by other groups have shown that differential expression of 
the lactate dehydrogenase (Ldh-B) gene in killifish from northern and southern 
populations are due to altered promoter sequences and distribution of alleles of this gene.  
Their results demonstrate that Ldh-B promoters with higher transcriptional activity occur 
more frequently in northern populations (Schulte et al., 1997; Segal et al., 1996).  To 
determine if there are differences in the distribution of the CYP1A promoter fragments 
between PCB resistant, and reference site animals, this region was analyzed using a PCR 
approach.  Primers that amplify the variable region were designed, and depending on 
whether the fragments are present or not, the size of the PCR products would be 685, or 
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728 bp long (Figure 2).  Sixteen killifish from Flax Pond and nineteen killifish from 
Newark Bay were checked for the presence of additional DNA segments.  The frequency 
of the larger PCR products was higher in Flax Pond when compared to Newark Bay 
killifish.  Out of the sixteen Flax Pond animals, four animals generated the larger 
(~728bp) PCR products.  All of the Newark Bay killifish generated the smaller (~685bp) 
product (Table 2).  The additional DNA fragments occured less frequently in the Newark 
Bay when compared to the Flax pond promoter region. 
In order to determine if the additional DNA fragments in the killifish CYP1A 
promoter are functional, and if their distribution is significantly altered in contaminated 
sites, a more stringent approach is necessary.  The different CYP1A promoters could be 
cloned in to vectors, upstream of a reporter gene, and transfected in to immortalized or 
primary cells.  If the fragments are indeed functional, then induction of the reporter gene 
after exposure to AHR ligands should vary according to the presence or absence of these 
sequences.  This approach would determine if the presence of these sequences alters 
CYP1A induction response to AHR ligands.  Future studies should involve additional 
sites to rule out that CYP1A promoter differences are not geographical, but that they 
arose as a result of selective pressure imposed by AHR ligand exposure.  Ideally, these 
experiments should involve sequencing these variable regions, instead of the PCR 
approach used here.  This would determine if the additional DNA fragments sequences 
are conserved among the promoters containing them, and potentially discover additional 
regulatory motifs. 
 
DNA methylation status of the killifish CYP1A promoter 
 Studies using cell culture models demonstrate that one potential mechanism for 
acquiring resistance to CYP1A induction by AHR ligands is through methylation of the 
CYP1A1 promoter region (Jana et al., 2000; Takahashi et al., 1998).  To determine if a 
similar mechanism is taking place in Newark Bay killifish, hepatic DNA was extracted 
from liver tissue of Newark Bay and Flax Pond killifish and the methylation status of the 
CYP1A promoter was studied using the restriction enzymes HpaII and MspI.  The 
killifish CYP1A promoter has two HpaII/MspI restriction sites.  As mentioned above 
HpaII is methylation sensitive and is used to detect methylation status, and MspI is 
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methylation insensitive and is used as a control.  This analysis was originally performed 
on eleven animals from Flax Pond and eleven animals from Newark Bay.  MspI was able 
to fully digest DNA from four Flax pond animals, and seven Newark Bay killifish.  PCR 
products were obtained from the remaining samples digested with MspI, suggesting that 
the conditions of the restriction digestions were not optimal in these cases.  Only data 
from the full MspI digestions is presented on Table 3 and Figure 3.  One out of four Flax 
Pond killifish had methylated HpaII sites in the CYP1A promoter and two out of six 
Newark Bay killifish had methylated HpaII sites in the CYP1A promoter.  Additional 
experiments are required to determine the optimal conditions for the DNA restriction 
digestions in Newark Bay and Flax Pond killifish.  An alternative to the use of 
methylation sensitive restriction enzymes is to perform bisulfate sequencing.  This 
method is more powerful would yield more information on the methylation status of the 
killifish CYP1A promoter since it analyzes complete sequence of regions containing 
XREs.  It is also a more expensive technique. 
Overall these results suggest that there are there are no differences in the number 
of XREs in the CYP1A promoters of reference and polluted site killifish and that 
variations in the 5’ end of the CYP1A promoter were more frequent in the reference site 
animals.  It is possible that these additional sequence fragments have an effect on CYP1A 
induction and their altered distribution in reference and contaminated site killifish is a 
result of selective pressure imposed by contaminant exposure. 
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Figure Legends 
 
Figure 7-1:  Alignment of killifish CYP1A promoter sequences from contaminated 
(Newark Bay NJ) and reference (Flax Pond NY) site individuals.  Motifs for XREs 
TATA box, GRE, Sp1 and AP-1 labeled bellow the consensus sequence.  The 
transcriptional start site is labeled bellow as Exxon 1.  Approximately 1.6 Kb of the 
killifish CYP1A promoter is presented. 
 
Figure 7-2:  Additional DNA fragments in the killifish CYP1A promoter results in 728, 
or 685bp PCR products.  PCR products were separated in 2% agarose gels and stained 
with ethidium bromide.  Agarose gel contents are DNA molecular weight markers (lanes 
1 and 7), PCR products of individual Flax Pond killifish CYP1A promoter (lanes 2, 3, 4, , 
10, 11, and 12), and PCR products of individual Newark Bay killifish CYP1A promoters 
(lanes 6, 8, and 9).  The size of the molecular weight markers (bp) is presented on the left 
side of the gel. 
 
Figure 7-3: Ethidium bromide-stained agarose gels of PCR products derived from HpaII 
and MspI restriction digestions of hepatic DNA.  Gel a) representative Flax Pond sample 
and b) representative Newark Bay sample.  Hepatic DNA was isolated and subjected to 
DNA restriction digestion with HpaII, MspI or no enzyme.  Restriction digestion was 
followed by PCR for amplification of the CYP1A promoter area containing the 
methylation sensitive sites.  On gels a and b lanes correspond to PCR DNA ladder (lane 
1), HpaII digestion (lane 2) MspI digestion (lane 3) and DNA incubation with no 
restriction enzymes (lane 4).  The size of the molecular weight markers (bp) is presented 
on the left side of the gel. 
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Table 7-1: DNA motifs identified on the killifish CYP1A promoter using TESS (Petsko, 
2002). 
Motif Sequence Reference 
XRE 5’-CACGCNA-3’ (Powell et al., 2004; Saatcioglu et al., 
1990) 
SP1 5’-CCCCTCCC-3’ (Lee et al., 1994; Ohtaka-Maruyama et al., 
1998) 
SP1 5’-GGGCGG-3’ (Segal et al., 1999) 
AP-1 5’-TGATGTCA-3’ (Cockerill et al., 1995) 
GRE 5’-TGTACA-3’  
DNA motifs recognized by transcription factors are presented along with references 
found in databases used by TESS. 
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Table 7-2:  Additional DNA fragments in Flax Pond and Newark Bay killifish CYP1A 
promoters is reflected in variable size PCR products. 
 728pb PCR product 685pb PCR product Total 
Flax Pond NY 4 12 16 
Newark Bay NJ 0 19 19 
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Table 7-3:  DNA methylation status of the Flax Pond and Newark Bay killifish promoters 
 Methylated Non-methylated Total 
Flax Pond NY 1 4 5 
Newark Bay NJ 2 6 8 
There were no significant differences in the DNA methylation status between Flax Pond 
Newark Bay killifish CYP1A promoters.  χ2c=0.043, P>0.05 
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Figure 7-1. Alignment of killifish CYP1A promoter sequences from contaminated 
(Newark Bay NJ) and reference site fish. 
Flax Pond  : GTTATAGCCACAGTCCAGTCATTTTCTCCTTGATCAAAGTGCGTTTCTCTGGTGGTCA : 
Newark Bay : GTTATAGCCACAGTCCAGTCATTTTCTCCTTAATCAAAGTGCATTTCTCTGGTGGTCA : 
             GTTATAGCCACAGTCCAGTCATTTTCTCCTT ATCAAAGTGC TTTCTCTGGTGGTCA   
                                                                          
                      
Flax Pond  : AAACGTTGATTCTTAGTGCACCTTTT-GTTCCACACTTTTTCCTTCCACTAAATTTTC : 
Newark Bay : AAACGTTGATTCTTAGTGCACCTTTTTGTTCCACACTTTTTCCTTCCACTAAACTTTC : 
             AAACGTTGATTCTTAGTGCACCTTTT GTTCCACACTTTTTCCTTCCACTAAA TTTC   
                                                                          
                  
Flax Pond  : CACCATCATATTTTGTTACTGCACCATGTGAAAAGCCGACTCTTTTTTTTAT---CAA : 
Newark Bay : CACCATCATATTTTGTTACTGCACCATGTGAAAAGCTGACTCTTTTTTTTTTTAGCAA : 
             CACCATCATATTTTGTTACTGCACCATGTGAAAAGC GACTCTTTTTTTT T   CAA   
                                                                          
                  
Flax Pond  : CGACCTC---------------CTGGTAGAATAAAATGCTCAAATGAGCAGTCTTTTT : 
Newark Bay : CGACCTCTTGTGGTTCATCCTCCTGGTAGAATAAAATGCTCAAATAAGCAGTCTTTTT : 
             CGACCTC               CTGGTAGAATAAAATGCTCAAAT AGCAGTCTTTTT   
                                                                          
                
Flax Pond  : CATGATTGTATTGGTCATGGCTATAATAAACTTCTATAAGCAATCCATTCTTATCGTT : 
Newark Bay : CATGATTGTATTGGTCATGGCTATAATAAACTTCTACAAGCAATCCATTCTTATTGTT : 
             CATGATTGTATTGGTCATGGCTATAATAAACTTCTA AAGCAATCCATTCTTAT GTT   
                                                                          
                        
Flax Pond  : CTTAAGAAATATCATTTTTGTAAACAGTTTTGAGTT-GTGAT---------------- : 
Newark Bay : CTTAAGAAATATAATTTTCGTAAACAGTTTTTAATTTGTGATTTGCTTGAAATCTATG : 
             CTTAAGAAATAT ATTTT GTAAACAGTTTT A TT GTGAT                   
                                                                          
                      
Flax Pond  : -------------------AGCTAAACATATTTCCATGTCTAAACTTTTCAGCGATAC : 
Newark Bay : TACAAGGAATCCTTATTGTAGCTAAACATATTTTCATGTCTAAACCTTTCA----TAC : 
                                AGCTAAACATATTT CATGTCTAAAC TTTCA    TAC   
             GRE                                                             
                   
Flax Pond  : TCAGCTCCATTTAAATACACATTCTCTTCCAGGACATGTAAAACAAATTTCATCACAA : 
Newark Bay : TCAGCTCCATTTAAATACACATTCTCTTCCAGGACATGCAAAACAAATTTCATCACAA : 
             TCAGCTCCATTTAAATACACATTCTCTTCCAGGACATG AAAACAAATTTCATCACAA   
                                                                          
                  
Flax Pond  : TAATGGATACCTGGAAGCTTTTCTCTTGCTCTGCAGGGATTCAACAGATTTTTGTTTT : 
Newark Bay : TAATGGATACCTGGAAGATTTTCTCATGCTCTGCAGGGATTTAACAGATTTTTTTTTT : 
             TAATGGATACCTGGAAG TTTTCTC TGCTCTGCAGGGATT AACAGATTTTT TTTT   
                                                                          
                
Flax Pond  : --AATTGTATAATGTTACACCACATATCGGTAAAAGGAATAAATATTTCAGGTTAACT : 
Newark Bay : TTAATTGTATAATGTTACACCACATATCGGTTAAAGGGAGAAATATTTCAGGTTAACT : 
               AATTGTATAATGTTACACCACATATCGGT AAAGG A AAATATTTCAGGTTAACT   
                                                                          
                
Flax Pond  : AAAAACTAAAGTATAGCTGAAAAACAGTTTGGTGCGCTCATTGTTCCCATTTTTTTTT : 
Newark Bay : AAAAACTGAAGTATAGCTGAGAAACAGTTTGGTGCGCTCATTGTTCCCATTTTTTTTT : 
             AAAAACT AAGTATAGCTGA AAACAGTTTGGTGCGCTCATTGTTCCCATTTTTTTTT   
                                                                          
                    
Flax Pond  : -CCATTTACGTGTTTAGAGCCGTTTATCCAAGTTGTAATGCTGCATTATTTAAGCCTC : 
Newark Bay : TCCATTTACGTGTTTAGAGCCGTTTATCCAAGTTGTAATGCTGCATTATT-AAGCCTC : 
              CCATTTACGTGTTTAGAGCCGTTTATCCAAGTTGTAATGCTGCATTATT AAGCCTC   
                                                                          
                  
Flax Pond  : CCGTTGCGCAGCCTTTAATAAACGTAATGAACTCGTCTGCCCTTGCGCTCCGGCAGCA : 
Newark Bay : CCGTTGCGCAGCCTTTAATAAACGTAATGAACTCGTCTGCCCTTGCGCTCCGGCAGCA : 
             CCGTTGCGCAGCCTTTAATAAACGTAATGAACTCGTCTGCCCTTGCGCTCCGGCAGCA   
                                                              HpaII         
                     
Flax Pond  : GTGGCGCCTCCTCCCCTCCCTGTCCGTGCCCAGCATCCTCCTCGAAGGGGAGAGGGCG : 
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Newark Bay : GTGGCGCCTCCTCCCCTCCCTGTCCGTGCCCAGCATCCTCCTCGAAGGGGAGAGGGCG : 
             GTGGCGCCTCCTCCCCTCCCTGTCCGTGCCCAGCATCCTCCTCGAAGGGGAGAGGGCG   
                          SP1                                     SP1    
                     
Flax Pond  : GTTTGATCACTGCGCTCTCACGCAACTGGTCAATCTTTAACTCCCGCGGAGAGCATGC : 
Newark Bay : GTTTGATCACTGCGCTCTCACGCAACTGGTCAATCTTTAACTCCCGCGGAGAGCATAC : 
             GTTTGATCACTGCGCTCTCACGCAACTGGTCAATCTTTAACTCCCGCGGAGAGCAT C   
                               XRE                                       
                       
Flax Pond  : AGGTACAAGCACGCAATTGCATCTGTTTTTATCAGCACTGCGCAACCTTGCCCGGAAA : 
Newark Bay : AGGTACAAGCACGCAATTGCATCTGTTTTTATCAGCACTGCGCAACCTTGCCCGGAAA : 
             AGGTACAAGCACGCAATTGCATCTGTTTTTATCAGCACTGCGCAACCTTGCCCGGAAA   
                      XRE                                       HpaII   
                     
Flax Pond  : ATGCTGGCTGGCATGGCAAGCAGCAGCCCCGTTCTCACCCCCAAATCTGGGTGGTAAG : 
Newark Bay : ATGCTGGCTGGCATGGCAAGCAGCAGCCCCGTTCTCACCCCCAAATCTGGGTGGTAAG : 
             ATGCTGGCTGGCATGGCAAGCAGCAGCCCCGTTCTCACCCCCAAATCTGGGTGGTAAG   
                                                                          
                    
Flax Pond  : GTGGTTGAACGTCTGCCTGATGTCGCAACAGTCACAAGCACATAACCGTGCTACTTAA : 
Newark Bay : GTGGTTGAACGTCTGCCTGATGTCGCAACAGTCACAAGCACATAACCGTGCTACTTAA : 
             GTGGTTGAACGTCTGCCTGATGTCGCAACAGTCACAAGCACATAACCGTGCTACTTAA   
                                                                          
                  
Flax Pond  : TAATAAGTTACTTATTTTTAATGCAAAGGAATTAAAAAAAAAAAAA--GCTCATTCAC : 
Newark Bay : TAATAAGTTACTTATTTTTAATGCAAAGGAATTAAAAAAAAAAAAAAAGCTCATTCAC : 
             TAATAAGTTACTTATTTTTAATGCAAAGGAATTAAAAAAAAAAAAA  GCTCATTCAC   
                                                                          
                
Flax Pond  : AGATCGCGCTCGCACAACGCCTGCGTCAGCAAAATGCCA-CCAGCACAGATCAAGACC : 
Newark Bay : AGATCGCGCTCGCACAACGCCTGCGTCAGCAAAATGCCAACCTGCACAGATCAAGACC : 
             AGATCGCGCTCGCACAACGCCTGCGTCAGCAAAATGCCA CC GCACAGATCAAGACC   
                                                                          
                
Flax Pond  : AAGTGCATTAGAATGGATACAACCCTTAAATTATACAATAGTATTAGAAAATAGGGCT : 
Newark Bay : AAGTGCATTAGAATGGATACAAACCTTAAATTATACAACAGTATTAGAAAATAGGGCT : 
             AAGTGCATTAGAATGGATACAA CCTTAAATTATACAA AGTATTAGAAAATAGGGCT   
                                                                          
                     
Flax Pond  : GGCAAAAAG------------AAATATTGCACAGAAAATAAAAGCAAACACTGCAAAC : 
Newark Bay : GGCAAAAAATAAAATAAAATAAAATATTGCACAGAAAATAAAAGCAAACGCTGCAAAC : 
             GGCAAAAA             AAATATTGCACAGAAAATAAAAGCAAAC CTGCAAAC   
                                                                          
                   
Flax Pond  : TCTGAACCACCTGCAGAAAGGCGCACAGTGATAAAGATTTGAATGCTCTTATCGCATA : 
Newark Bay : TCTGAACCACCTGCAGAAAGGCGCACAGTGATAAAGATTTGAATGCTCTTATCGCATA : 
             TCTGAACCACCTGCAGAAAGGCGCACAGTGATAAAGATTTGAATGCTCTTATCGCATA   
                                                                          
                    
Flax Pond  : TCAGACGCTGATTTGCAGCCCGCCTTTGACAGCATTGTGTCTCATGCGCACCTAAACT : 
Newark Bay : TCAGACGCTGATTTGCAGCCCGCCTTTGACAGCATTGTGTCTCATGCGCACCTAAACT : 
             TCAGACGCTGATTTGCAGCCCGCCTTTGACAGCATTGTGTCTCATGCGCACCTAAACT   
                                                                          
                   
Flax Pond  : TGAACAAGGCGGTAGACACTTTGTAATGCACGCGAATTGTGTACCGCCAGGACCACAC : 
Newark Bay : TGAAGAAGGCGGTAGACACTTTGTAATGCACGCGAATTGTGTACCGCCAGGACCACAC : 
             TGAA AAGGCGGTAGACACTTTGTAATGCACGCGAATTGTGTACCGCCAGGACCACAC   
                                         XRE                             
                          
Flax Pond  : ACAGACACACCCACCAACTTTTTTTTTTTCTACTGCTCCAAACTTCATTCATGGCAGG : 
Newark Bay : ACAGACACACCCACCAACTTTTTTTTTT-CTACTGCTCCAAACTTCATTCATGGCAGG : 
             ACAGACACACCCACCAACTTTTTTTTTT CTACTGCTCCAAACTTCATTCATGGCAGG   
                                                                          
                 
Flax Pond  : GAATTAAAGACAGGCACTCAGATGGAGGAGGGGAGATGATGTCAACCTCGGTAGCCAA : 
Newark Bay : GAATTAAAGACAGGCACTCAGATGGAGGAGGGGAGATGATGTCAACCTCGGTAGCCAA : 
             GAATTAAAGACAGGCACTCAGATGGAGGAGGGGAGATGATGTCAACCTCGGTAGCCAA   
                                                 AP-1                     
                    
Flax Pond  : TAAGATTGCGCAGCGCTCTATAAATCATACGTCCACTCGCGGCTTTGAAGACATCTGC : 
Newark Bay : TAAGATTGCGCAGCGCTCTATAAATCATACGTCCACTCGCGGCTTTGAAGACATCTGC : 
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             TAAGATTGCGCAGCGCTCTATAAATCATACGTCCACTCGCGGCTTTGAAGACATCTGC   
                               TATA                              Exon1-->  
                     
Flax Pond  : AACGTTGAGGACACCTCTGCAAAAACACATTTTTTTTTCTGTTGGTCGGACCACGCAT : 
Newark Bay : AACGTTGAGGACACCTCTGCAAAA-CACATTTTTTTT-CTGTTG-TTGGAC-ACGCAT : 
             AACGTTGAGGACACCTCTGCAAAA CACATTTTTTTT CTGTTG T GGAC ACGCAT   
                                                                          
                   
Flax Pond  : CTCTGGAAATAAGAGTGTTCGTCTTCTTTTTTTTTATCCATCAGCTAAAGGTAAGGTG : 
Newark Bay : CTCTGGAATTA-GAGTGTTCGTCTTCTTTTTT--TATCATTCAGCTAAAGGTAAGGTG : 
             CTCTGGAA TA GAGTGTTCGTCTTCTTTTTT  TATC  TCAGCTAAAGGTAAGGTG   
                                                                   Intron1-> 
                   
Flax Pond  : ATTACCTGCATGATAAAAGTTATTTCTAAGAAAGGATTGAGAGGAATATTTAAGACGT : 
Newark Bay : ATAACCTGCATGATAAAAGTTATTTCTAAGAAAGGATTGAGAGGATTGTTTAGGACGT : 
             AT ACCTGCATGATAAAAGTTATTTCTAAGAAAGGATTGAGAGGA T TTTA GACGT   
                                                                          
                  
Flax Pond  : AGATTTACTGTGAATAAGTCATATGTACAGTACATGCTATAGGCAATATTTTAAACTG : 
Newark Bay : AGATTTACTGTGAATAAGTCATATGTACAGTACATGCTATATGCAATATTTTAAACTG : 
             AGATTTACTGTGAATAAGTCATATGTACAGTACATGCTATA GCAATATTTTAAACTG   
                                    GRE                             
                  
Flax Pond  : AAAGTTATAAATTATGACCTAGACATACACACCATTGTGTATATTCTTAAAGTGTGCT : 
Newark Bay : AAAGTTATAAATTATGACCTAGACATACACACTATTGTGTATATTCTCAAAGTGTGCT : 
             AAAGTTATAAATTATGACCTAGACATACACAC ATTGTGTATATTCT AAAGTGTGCT   
                                                                          
               
Flax Pond  : AAGATCACCAAAGTGCAGCAAGTCTAGATTAAAACGCATGGCGCAGTTCTCACTTGGG : 
Newark Bay : AAAATCACCAAAGTGCAGCAAGTCTAGATTAAAACGCATGACGCAGT-------TG-- : 
             AA ATCACCAAAGTGCAGCAAGTCTAGATTAAAACGCATG CGCAGT       TG     
                                                                          
                
Flax Pond  : ACCTCGCTGTGTAATCACTATGTTGCACAACACTTCTTTCTTCTCTCTGTCAACACTG : 
Newark Bay : ---TAGCTGTGTAATCACTATGTTGCACAACACTTCTTTCTTCTCTCTGTCAACACTG : 
                T GCTGTGTAATCACTATGTTGCACAACACTTCTTTCTTCTCTCTGTCAACACTG   
                                                                          
                 
Flax Pond  : ATCTAATTCCCTCCTATTTAATTTACAGGTTGAGCAGAGAACAG-------TTGTCAT : 
Newark Bay : ATCTAATTCCCTCCTATTTAATTTACAGGTTGAGCAGAGAACAGAGAAAAGTTGTCAT : 
             ATCTAATTCCCTCCTATTTAATTTACAGGTTGAGCAGAGAACAG       TTGTCAT   
                                        Exon2->                            
                     
Flax Pond  : CATGGCATTAATGATACTGCCATTCATTGGAGCACTCTCGGTGTCT------------ : 
Newark Bay : CATGGCATTAATGATACTGCCATTCATTGGAGCACTCTCGGTGTCTG----------- : 
             CATGGCATTAATGATACTGCCATTCATTGGAGCACTCTCGGTGTCT               
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Figure 7-2. Additional DNA fragments in the killifish CYP1A promoter results in 728, or 
685bp PCR products. 
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Figure 7-3. Ethidium bromide-stained agarose gels of PCR products derived from HpaII 
and MspI restriction digestions of hepatic DNA. 
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Chapter Eight 
 
Summary and future directions 
The results obtained from the experiments described in this thesis add further 
knowledge about the potential molecular and biochemical mechanisms involved in 
chemical resistance.  Chronically contaminated killifish populations were shown to be 
resistant to AHR ligand induction of CYP1A and CYP3A expression, ROS production 
and developmental deformities (Chapters 2, 3, and 5).  Other important findings were that 
polluted site killifish had higher activity of the phase II xenobiotic metabolizing enzyme 
GST and lower hepatic levels of functional AHR, when compared to reference (clean 
site) fish (Chapter 2).   
It is possible that the changes in expression and induction of these enzymes could 
be essential for the survival of killifish populations in contaminated sites.  Normally, 
exposure to halogenated aromatic hydrocarbons causes a variety of toxic effects, 
activation of the aryl hydrocarbon receptor and induction of responsive genes, including 
CYP1A.  Studies by other groups suggest that CYP1A activity is associated with ROS 
production and metabolism of parent xenobiotics in to unstable intermediates (Dalton et 
al., 2002).  As demonstrated in the killifish embryo model (Chapters 4 and 5), AHR 
activation and increased expression and activity of CYP1A is an important mechanism 
mediating the toxic effects caused by co-planar AHR ligands.  The data presented in this 
thesis suggests that reduced sensitivity to activation of the AHR/CYP1A response is 
protective against the toxic effects caused by co-planar PCBs and PAHs and could 
increase killifish survival in polluted environments. 
The implications of these studies, and possible future directions are presented 
below. 
 
Resistance to activation of the AHR pathway and induction of responsive genes. 
The resistance to CYP1A induction observed in contaminated site killifish could 
be the result of one or more different molecular mechanisms.  Contaminated site killifish 
had reduced sensitivity to CYP1A induction by AHR ligands, but the embryo 
experiments described on Chapter 5 demonstrate that the AHR pathway is functional in 
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these organisms.  Three different molecular mechanisms for resistance to CYP1A 
induction were considered in this thesis.  They were: alterations in the DNA sequence of 
the CYP1A promoter region, altered methylation status of the CYP1A promoter and 
AHR expression measured by photoaffinity labeling.  Differences in the CYP1A 
promoter region were observed between reference and polluted site killifish, but to 
determine if these alterations can truly alter promoter activity, functional studies are 
required (Chapter 7).  The studies presented on Chapters 6 and 7 suggest that DNA 
methylation is not involved in resistance to CYP1A induction.  CYP1A plays an 
important role in the toxic effects caused by AHR ligands, but since AHR plays a central 
role in co-planar PCB and PAH toxicity, it is possible that the molecular mechanism for 
resistance is at the level of the AHR signaling pathway.  Lower AHR expression or 
activity possibly contributes to resistance in Newark Bay killifish (Chapter 2), but further 
studies should be conducted to determine if this adaptation is conserved in Newark Bay 
killifish.  AHR expression should be studied in first generation (F1) and second 
generation (F2) Newark Bay killifish.  Previous studies by (Elskus et al., 1999) as well as 
the results presented on Chapters 5 and 6 suggest that resistance to CYP1A induction in 
Newark Bay killifish is heritable.  Since there are no available AHR antibodies for 
killifish, AHR expression could be measured at the level of mRNA (Karchner et al., 
1999; Powell et al., 2000) or by photoaffinity labeling (Chapter 2). 
Co-planar PCB and PAH resistant killifish could also have functional alterations 
the AHR, or transcription factors that participate in the AHR signaling pathway. An 
encouraging finding is that the frequency of killifish AHR1 alleles differs between 
reference site and New Bedford Harbor fish (Hahn et al., 2004).  Although the different 
killifish AHR1 alleles have equal ability to bind to TCDD and the mammalian xenobiotic 
response element (Karchner et al., 1999), it is possible that differences in the association 
of AHR1 alleles with cytosolic proteins contribute to resistance to PCBs. 
Unfortunately studying the two killifish AHRs has been a difficult task because of 
various technical issues.  One is reason is that the killifish AHRs are very liable to 
degradation in tissue preparations.  Also, attempts to produce an AHR antibody have 
been unsuccessful.  These problems need to be solved in order to study AHR function in 
polluted site and reference site killifish.  Once antibodies are available, co-
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immunoprecipitation experiments could be performed to identify other transcription 
factors that interact with the killifish AHR.  Another approach would be to use genomics 
to study the expression of transcription factors and signaling proteins that are involved in 
AHR signaling, such as nuclear factor 1 (Morel et al., 1999), protein kinase C, AP1, and 
other coactivators (Carlson and Perdew, 2002).  These hypothesis generating experiments 
would first require for these regulatory factors to be isolated (amplified and cloned 
cDNA) and sequenced, followed by analysis of their expression in reference and polluted 
site killifish. 
 
Phase II xenobiotic metabolizing enzymes. 
In addition to resistance to CYP1A induction adult killifish from Newark Bay had 
higher basal activity of glutathione-s-transferase (GST) (Chapter 2).  Similar observations 
have been made for other fish population that inhabit environments contaminated with 
AHR ligands (Armknecht et al., 1998; Otto and Moon, 1996).  In vitro and cell culture 
studies have shown that GSTs can successfully conjugate unstable xenobiotic metabolites 
and protect against prooxidant chemicals (Sundberg et al., 2002; Zimniak et al., 1997).  It 
is possible that, in combination with reduced sensitivity to CYP1A induction, having 
elevated GST expression and activity protects Newark Bay killifish against the toxic 
effects caused by AHR ligands. 
There are few studies on the expression and function of GSTs in killifish.  Future 
studies should be aimed at determining the specific GSTs whose expression is altered in 
polluted site killifish, their function and potential involvement in resistance to AHR 
ligands.  The next steps could involve the cloning and sequencing of cDNAs coding for 
the GSTs whose expression is altered in Newark Bay killifish, and studying their 
expression by Northern Blots, or rt-PCR.  Once the identity of these GST is known, their 
function can be studied using an immortalized cell culture or transgenic fish embryo 
model.  Cells or fish embryos could be transfected with vectors containing actively 
transcribed cDNAs coding for the up-regulated Newark Bay killifish GSTs and 
toxicological endpoints monitored in the presence of co-planar PCBs, and/or PAHs. 
These studies would help determine the specific role of GST activities in killifish 
survival under constant exposure to contamination.  If GSTs are shown to have an 
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important role in reducing AHR ligand toxicity in killifish, these results would increase 
our understanig the mechanisms involved in chemical resistance.  This would 
demonstrate that Newark Bay killifish are able to survive in polluted environments 
through alterations of multiple molecular and biochemical pathways. 
 
Resistance to PCB induced oxidative stress. 
Polluted site killifish were resistant to PCB126 and 3-MC induced ROS 
production.  As mentioned above reduced P450 activity could be a possible mechanism 
that grants resistance to these effects (Chapter 5).  However, it is possible that additional 
antioxidant mechanisms are also participating in resistance to ROS induction by AHR 
ligands and other xenobiotics present in contaminated sites.  Various studies using 
different fish models suggest that chronic exposure to pollutants results in altered levels 
of antioxidants and antioxidant related enzymes.  Some of the adaptations observed in 
fish collected from contaminated sites include increased hepatic levels of the antioxidant 
alpha-tocopherol (vitamin E) and expression in the antioxidant enzymes glutathione 
peroxidase, catalase, superoxide dismutase, and glutathione reductase (Otto and Moon, 
1996; Palace, 1998; Stephensen et al., 2000).  Recent studies have shown that killifish 
from PAH polluted areas in the Elizabeth River VA have higher levels of non-enzymatic 
antioxidants and increased expression of antioxidant enzymes in comparison to clean site 
animals (Meyer et al., 2003).   
It is not yet known if changes in antioxidant related pathways are present in the 
Newark Bay and New Bedford Harbor killifish.  Future experiments should include 
determination of both enzymatic and non-enzymatic antioxidants in Newark Bay and 
New Bedford Harbor killifish.  These experiments could include the cloning and 
sequencing of cDNAs coding for enzymes such as superoxide dismutase, glutathione 
reductase, and glutathione peroxidase, followed by determination of RNA expression by 
northern blots or rt-PCR.  As in the GST experiments described above, the function of 
potentially induced or down-regulated antioxidant enzymes could be further studied using 
a cell culture, or transgenic fish embryo models.  Altered expression of antioxidant 
related enzymes, up-regulation of GST expression and activity, and resistance to 
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AHR/CYP1A activation, could increase tolerance to PCB and PAH induced toxicity in 
Newark Bay and New Bedford Harbor killifish.   
The results presented on Chapter 5 suggest that activation of the AHR pathway by 
PCB 126 is associated with the induction of developmental deformities.  This is 
supported by studies using zebrafish morpholino oligonucleotides, where the AHR 
pathway and not CYP1A mediated the teratogenic effects caused by exposure to dioxins 
(Carney et al., 2004).  These zebrafish experiments did not focus on the cellular and 
tissue effects caused by dioxin exposure, such as ROS production.  As mentioned earlier, 
CYP1A and other P450s are involved in the metabolism and excretion of xenobiotics, but 
can also cause damage by converting xenobiotics in to unstable intermediates or generate 
ROS.  The results presented in Chapter 5 suggest that inhibition P450 activity is 
protective against PCB induction of ROS.  Future studies should be aimed at determining 
if AHR ligands can induce other P450s, in addition to CYP1A, and their involvement in 
activation of xenobiotics and ROS production.  Two P450s that deserve more detailed 
attention are CYP3A and CYP1B1.  As shown in Chapter 3 CYP3A is inducible in 
reference site animals, but not in Newark Bay killifish.  Like CYP1A, CYP1B1 also 
forms part of the AHR gene battery and its activity is also associated the metabolic 
activation of xenobiotics (Nebert et al., 2004).  The expression of these two P450s after 
AHR ligand exposure can be studied in more detail by measuring enzyme mRNA 
expression and activities in reference and polluted site killifish. 
From the embryo experiments using AHR/CYP1A inhibitors (Chapter 5), we 
concluded that there was no correlation between AHR induced deformities and ROS 
production.  These results were surprising since previous studies using different model 
organisms suggest that AHR activation is associated with ROS production and 
developmental deformities (Hilscherova et al., 2003; Jin et al., 2001).  Also, studies using 
killifish embryos have demonstrated that ROS producing agents can affect development 
(Meyer et al., 2003).  It is possible that in our model, PCB induced ROS production is not 
associated with teratogenesis in killifish embryos, but could cause other harmful effects 
such as DNA damage (Park et al., 1996; Telli-Karakoc et al., 2002) or altered immune 
function (Duffy et al., 2003).  Additional studies should be conducted to corroborate the 
results presented on chapter five and determine the physiological effects of PCB induced 
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ROS production.  Morpholino oligonucleotides technology could be used on killifish 
embryos to study the roles of AHR and CYP1A.  The advantage of using morpholinos is 
that they are more specific than chemical AHR/CYP1A inhibitors, and permit researchers 
to study the molecular components of co-planar PCB activated pathways in more detail.  
Additional toxicological endpoints, such as oxidative DNA damage, and altered immune 
function can be added to these experiments.  Such studies would help understand the 
physiological effects and mechanisms involved in co-planar PCB induced oxidative 
stress. 
 
Possible costs and outcomes of xenobiotic resistance. 
It has been previously proposed that the adaptations observed in chronically 
contaminated animal populations might come at a cost (Weis, 2002).  For example: 
killifish from the contaminated Elizabeth River VA, are more sensitive to low oxygen 
conditions than reference site animals (Wirgin and Waldman, 2004), and killifish eggs 
collected from the contaminated Piles Creek NJ, have lower fertilization success in 
comparison to reference site fish (Weis, 2002).  We have observed that the Newark Bay 
killifish used in these studies were often infected with parasites, suggesting that they have 
a compromised immune system.  This is possibly the result of constant exposure to PAHs 
and PCBs that can alter immune function (Carlson et al., 2002; Duffy et al., 2003).  The 
molecular and biochemical differences between reference and polluted site killifish 
suggest that PCBs and other contaminants have acted as a selective pressure for low 
AHR/CYP1A responders.  Constant exposure to pollution could have altered the overall 
genetic composition of exposed populations.  The loss of genetic variability in these 
populations could make them more vulnerable to other kinds of stress encountered in 
unaltered environments.  Future experiments could focus on determining if polluted and 
reference site killifish are equally vulnerable to “natural” forms of stress, such as changes 
in water salinity and dissolved oxygen.  In the long term, a gradual decrease in the 
pollution levels of these contaminated sites in combination with exchange of genetic 
material from neighboring populations could slowly restore the genetic variability lost 
due to contaminant exposure. 
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Another aspect that should be considered is the possible role of resistant killifish 
in the transportation of xenobiotics.  Although these animals are resistant to the 
immediately toxic effects of pollution, they can bio-accumulate large amounts of 
pollutants (Monosson et al., 2003).  As mentioned earlier (Chapter 1), killifish are 
intermediates in the trophic structure of their community and other organisms that 
consume killifish could migrate to other a reas and introduce contaminants in to new 
environments.  Such events could also have important implications to human health since 
killifish, are consumed by commercially relevant fish. 
In conclusion, a description of some of the possible mechanisms that allow 
chronically polluted killifish to survive under constant exposure to environmental 
xenobiotics is presented in this thesis.  Studies on polluted killifish can further our 
understanding of the molecular, biochemical and organismal pathways associated with 
the long-term toxic effects caused by xenobiotic AHR ligands and how the introduction 
of human made pollutants can alter aquatic environments. 
 
 127
References 
 
Abnet, C.C., Tanguay, R.L., Hahn, M.E., Heideman, W., Peterson, R.E., 1999. Two forms of aryl 
hydrocarbon receptor type 2 in rainbow trout (Oncorhynchus mykiss). Evidence for differential 
expression and enhancer specificity. J Biol Chem, 274, 15159-66. 
Ahmad, I., Hamid, T., Fatima, M., Chand, H.S., Jain, S.K., Athar, M., Raisuddin, S., 2000. Induction of 
hepatic antioxidants in freshwater catfish (Channa punctatus Bloch) is a biomarker of paper mill 
effluent exposure. Biochim Biophys Acta, 1523, 37-48. 
Alsharif, N.Z., Lawson, T., Stohs, S.J., 1994. Oxidative stress induced by 2,3,7,8-tetrachlorodibenzo-p-
dioxin is mediated by the aryl hydrocarbon (Ah) receptor complex. Toxicology, 92, 39-51. 
Andres, D., Sanz, N., Zaragoza, A., Alvarez, A.M., Cascales, M., 2000. Changes in antioxidant defence 
systems induced by cyclosporine A in cultures of hepatocytes from 2- and 12-month-old rats. 
Biochem Pharmacol, 59, 1091-100. 
Armknecht, S.L., Kaattari, S.L., Van Veld, P.A., 1998. An elevated glutathione S-transferase in creosote-
resistant mummichog (Fundulus heteroclitus). Aquat Toxicol, 41, 1-16. 
Armstrong, P., Child, J., 1965a. Stages in the normal development of Fundulus heteroclitus. Biol Bull, 128, 
143-168. 
Armstrong, P.B., Child, J.S., 1965b. Stages in the normal development of Fudulus heteroclitus. The 
Biological Bulletin, 128, 143-168. 
Arzuaga, X., Calcano, W., Elskus, A., 2004. The DNA de-methylating agent 5-azacytidine does not restore 
CYP1A induction in PCB resistant Newark Bay killifish (Fundulus heteroclitus). Mar Environ 
Res, 58, 517-20. 
Arzuaga, X., Elskus, A., 2002. Evidence for resistance to benzo[a]pyrene and 3,4,3'4'- tetrachlorobiphenyl 
in a chronically polluted Fundulus heteroclitus population. Mar Environ Res, 54, 247-51. 
Ballschmiter, K., Zell, M., 1980. Baseline studies of the global pollution. I. Occurrence of organohalogens 
in pristine European and antarctic aquatic environments. Int J Environ Anal Chem, 8, 15-35. 
Barouki, R., Morel, Y., 2001. Repression of cytochrome P450 1A1 gene expression by oxidative stress: 
mechanisms and biological implications. Biochem Pharmacol, 61, 511-6. 
Baumann, P.C., 1998. Epizootics of cancer in fish associated with genotoxins in sediment and water. Mutat 
Res, 411, 227-33. 
Bello, S.: Characterization of resistance to halogenated aromatic hydrocabons in a populaiton of Fundulus 
heteroclitus from a marine superfund site. In: Joint Program in Oceanography/Applied Ocean 
Science and Engineering. Massachusetts Institute of Technology and Woods Hole Oceanographic 
Institution., Cambridge, 1999, pp. 20-23. 
Bello, S.M., Franks, D.G., Stegeman, J.J., Hahn, M.E., 2001. Acquired resistance to Ah receptor agonists in 
a population of Atlantic killifish (Fundulus heteroclitus) inhabiting a marine superfund site: in 
vivo and in vitro studies on the inducibility of xenobiotic metabolizing enzymes. Toxicol Sci, 60, 
77-91. 
Bindokas, V.P., Jordan, J., Lee, C.C., Miller, R.J., 1996. Superoxide production in rat hippocampal 
neurons: selective imaging with hydroethidine. J Neurosci, 16, 1324-36. 
Bondy, S.C., Naderi, S., 1994. Contribution of hepatic cytochrome P450 systems to the generation of 
reactive oxygen species. Biochem Pharmacol, 48, 155-9. 
Bopp, R.F., Gross, M. L., Huayl, T., Simpson J., Monson, S. J., Deck, B. L., Moser, F. C.,, 1991. A major 
incident of dioxin contamination: Sediments of New Jersey estuaries. Environmental Science and 
Technology, 25, 951-956. 
Bradford, C.S., Taylor, M.H., 1987. Semilunar changes in estradiol and cortisol coincident with gonadal 
maturation and spawning in the killifish Fundulus heteroclitus. Gen Comp Endocrinol, 66, 71-8. 
Brauze, D., Malejka-Giganti, D., 2000. A novel 4 S [3H]beta-naphthoflavone-binding protein in liver 
cytosol of female Sprague-Dawley rats treated with aryl hydrocarbon receptor agonists. Biochem 
J, 347 Pt 3, 787-95. 
Brown, R.L., Chapman, R, W.,, 1991. Gene flow and mitochondrial DNA variation in the killifish 
Fundulus heteroclitus. Evolution, 45, 1147-1161. 
Buhler, D.R., Wang-Buhler, J.L., 1998. Rainbow trout cytochrome P450s: purification, molecular aspects, 
metabolic activity, induction and role in environmental monitoring. Comp Biochem Physiol C 
Pharmacol Toxicol Endocrinol, 121, 107-37. 
 128
Burchell, B., Weatherill, P., 1981. 4-Nitrophenol UDPglucuronyltransferase (rat liver). Methods in 
Enzymology, 77, 169-177. 
Burdick, A.D., Davis, J.W., 2nd, Liu, K.J., Hudson, L.G., Shi, H., Monske, M.L., Burchiel, S.W., 2003. 
Benzo(a)pyrene quinones increase cell proliferation, generate reactive oxygen species, and 
transactivate the epidermal growth factor receptor in breast epithelial cells. Cancer Res, 63, 7825-
33. 
Cantrell, S.M., Lutz, L.H., Tillitt, D.E., Hannink, M., 1996. Embryotoxicity of 2,3,7,8-tetrachlorodibenzo-
p-dioxin (TCDD): the embryonic vasculature is a physiological target for TCDD-induced DNA 
damage and apoptotic cell death in Medaka (Orizias latipes). Toxicol Appl Pharmacol, 141, 23-34. 
Carlson, D.B., Perdew, G.H., 2002. A dynamic role for the Ah receptor in cell signaling? Insights from a 
diverse group of Ah receptor interacting proteins. J Biochem Mol Toxicol, 16, 317-25. 
Carlson, E.A., Li, Y., Zelikoff, J.T., 2002. Exposure of Japanese medaka (Oryzias latipes) to 
benzo[a]pyrene suppresses immune function and host resistance against bacterial challenge. Aquat 
Toxicol, 56, 289-301. 
Carney, S.A., Peterson, R.E., Heideman, W., 2004. 2,3,7,8-Tetrachlorodibenzo-p-dioxin Activation of the 
Aryl Hydrocarbon Receptor/Aryl Hydrocarbon Receptor Nuclear Translocator Pathway Causes 
Developmental Toxicity through a CYP1A-Independent Mechanism in Zebrafish. Mol Pharmacol, 
66, 512-21. 
Carson, F.L., 1990. Histotechnology, a self instruction text. American Society of Clinical Pathologists 
Press, Chicago. 
Carvalho, P.S., Noltie, D.B., Tillitt, D.E., 2004. Intra-strain dioxin sensitivity and morphometric effects in 
swim-up rainbow trout (Oncorhynchus mykiss). Comp Biochem Physiol C Toxicol Pharmacol, 
137, 133-42. 
Celander, M., Buhler, D.R., Forlin, L., Goksoyr, A., Miranda, C.L., Woodin, B.R., Stegeman, J.J., 1996. 
Immunochemical relationships of cytochrome P450 3A-like proteins in teleost fish. Fish Physiol. 
Biochem, 15, 323-332. 
Celander, M., Forlin, L., 1995. Decreased Responsiveness of the Hepatic Cytochrome-P450 1a1 System in 
Rainbow-Trout (Oncorhynchus-Mykiss) after Prolonged Exposure to PCB. Aquat Toxicol, 33, 
141-153. 
Cheng, Y.W., Li, C.H., Lee, C.C., Kang, J.J., 2003. Alpha-naphthoflavone induces vasorelaxation through 
the induction of extracellular calcium influx and NO formation in endothelium. Naunyn 
Schmiedebergs Arch Pharmacol, 368, 377-85. 
Ciolino, H.P., Dankwah, M., Yeh, G.C., 2002. Resistance of MCF-7 cells to dimethylbenz(a)anthracene-
induced apoptosis is due to reduced CYP1A1 expression. Int J Oncol, 21, 385-91. 
Cockerill, P.N., Bert, A.G., Jenkins, F., Ryan, G.R., Shannon, M.F., Vadas, M.A., 1995. Human 
granulocyte-macrophage colony-stimulating factor enhancer function is associated with 
cooperative interactions between AP-1 and NFATp/c. Mol Cell Biol, 15, 2071-9. 
Collas, P., 1998. Modulation of plasmid DNA methylation and expression in zebrafish embryos. Nucleic 
Acids Res, 26, 4454-61. 
Cooper, K.O., Reik, L.M., Jayyosi, Z., Bandiera, S., Kelley, M., Ryan, D.E., Daniel, R., McCluskey, S.A., 
Levin, W., Thomas, P.E., 1993. Regulation of two members of the steroid-inducible cytochrome 
P450 subfamily (3A) in rats. Arch Biochem Biophys, 301, 345-54. 
Courtenay, S.C., Grunwald, C.M., Kreamer, G.-L., Fairchild, W.L., Arsenault, J.T., Ikonomou, M.G., 
Wirgin, I.I., 1999. A Comparison of the Dose and Time Response of CYP1A1 mRNA Induction 
in Chemically Treated Atlantic Tomcod from two Populations. Aquatic Toxicology, 47, 43-69. 
Crawford, D.W., Bonnevie, N.L., Wenning, R.J., 1995. Sources of pollution and sediment contamination in 
Newark Bay, New Jersey. Ecotoxicol Environ Saf, 30, 85-100. 
Dalton, T.P., Puga, A., Shertzer, H.G., 2002. Induction of cellular oxidative stress by aryl hydrocarbon 
receptor activation. Chem Biol Interact, 141, 77-95. 
de Vries, J., 1996. Cytotoxicity: molecular mechanisms of cell death. In: Ed.^(Eds.)  Cytotoxicity: 
molecular mechanisms of cell death. CRC Press, New York, pp. 295-310. 
Delescluse, C., Lemaire, G., de Sousa, G., Rahmani, R., 2000. Is CYP1A1 induction always related to AHR 
signaling pathway? Toxicology, 153, 73-82. 
Di Giulio, R.T., MBenson, W.H., Sanders, B.M., Van Veld, P.A., 1995. Biochemical Mechanisms: 
metabolism, adaptation and toxicity. In: Ed.^(Eds.)  Biochemical Mechanisms: metabolism, 
adaptation and toxicity. Taylor and Francis, Washington, D. C., pp. 523-560. 
 129
Dong, W., Teraoka, H., Kondo, S., Hiraga, T., 2001. 2, 3, 7, 8-tetrachlorodibenzo-p-dioxin induces 
apoptosis in the dorsal midbrain of zebrafish embryos by activation of arylhydrocarbon receptor. 
Neurosci Lett, 303, 169-72. 
Dong, W., Teraoka, H., Yamazaki, K., Tsukiyama, S., Imani, S., Imagawa, T., Stegeman, J.J., Peterson, 
R.E., Hiraga, T., 2002. 2,3,7,8-tetrachlorodibenzo-p-dioxin toxicity in the zebrafish embryo: local 
circulation failure in the dorsal midbrain is associated with increased apoptosis. Toxicol Sci, 69, 
191-201. 
Drouin, J., Trifiro, M.A., Plante, R.K., Nemer, M., Eriksson, P., Wrange, O., 1989. Glucocorticoid receptor 
binding to a specific DNA sequence is required for hormone-dependent repression of pro-
opiomelanocortin gene transcription. Mol Cell Biol, 9, 5305-14. 
Duffy, J.E., Carlson, E.A., Li, Y., Prophete, C., Zelikofft, J.T., 2003. Age-related differences in the 
sensitivity of the fish immune response to a coplanar PCB. Ecotoxicology, 12, 251-9. 
Eberhart, J., Coffing, S.L., Anderson, J.N., Marcus, C., Kalogeris, T.J., Baird, W.M., Park, S.S., Gelboin, 
H.V., 1992. The time-dependent increase in the binding of benzo[a]pyrene to DNA through (+)-
anti-benzo[a]pyrene-7,8-diol-9,10-epoxide in primary rat hepatocyte cultures results from 
induction of cytochrome P450IA1 by benzo[a]pyrene treatment. Carcinogenesis, 13, 297-301. 
Elskus, A.A., 2004. Estradiol and estriol suppress CYP1A expression in rainbow trout primary hepatocytes. 
Mar Environ Res, 58, 463-7. 
Elskus, A.A., Monosson, E., McElroy, A.E., Stegeman, J.J., Woltering, D.S., 1999. Altered CYP1A 
expression in Fundulus heteroclitus adults and larvae: a sign of pollutant resistance? Aquat 
Toxicol, 45, 99-113. 
Fabiani, R., De Bartolomeo, A., Rosignoli, P., Sebastiani, B., Morozzi, G., 1999. Priming effect of 
benzo[a]pyrene on monocyte oxidative metabolism: possible mechanisms. Toxicol Lett, 110, 11-
8. 
Fabiani, R., Minelli, A., Mezzasoma, I., Vecchiarelli, A., Morozzi, G., 1998. Polycyclic aromatic 
hydrocarbons enhance the production of phorbol 12-myristate 13-acetate-induced superoxide ions 
in human monocytes. Toxicol Lett, 94, 75-82. 
Fadhel, Z., Lu, Z., Robertson, L.W., Glauert, H.P., 2002. Effect of 3,3',4,4'-tetrachlorobiphenyl and 
2,2',4,4',5,5'-hexachlorobiphenyl on the induction of hepatic lipid peroxidation and cytochrome P-
450 associated enzyme activities in rats. Toxicology, 175, 15-25. 
Farber, E., 1990. Clonal adaptation during carcinogenesis. Biochem Pharmacol, 39, 1837-46. 
Farber, E., Rubin, H., 1991. Cellular adaptation in the origin and development of cancer. Cancer Res, 51, 
2751-61. 
Faroon, O.M., Keith, S., Jones, D., de Rosa, C., 2001. Effects of polychlorinated biphenyls on development 
and reproduction. Toxicol Ind Health, 17, 63-93. 
Forlin, L., Blom, S., Celander, M., Sturve, J., 1996. Effects on UDP glucuronosyl transferase, glutathione 
transferase, DT-diaphorase and glutathione reductase activities in rainbow trout liver after long-
term exposure to PCB. Marine Environmental Research, 42, 213-216. 
Förlin, L., Lemaire, P., Livingstone, D.R., 1995. Comparative Studies of Hepatic Xenobiotic Metabolizing 
and Antioxidant Enzymes in Different Fish Species. Marine Environmental Research, 39, 201-
204. 
Franklin, M.R., 1977. Inhibition of mixed-function oxidations by substrates formisng reduced cytochrome 
P-450 metabolic-intermediate complexes. Pharmacology and Therapeutics A, 2, 227-245. 
Gallagher, E.P., Stapleton, P. L., Slone, D. H., Shlenk, D., Eaton, D. L.,, 1996. Channel catfish glutathione 
s-tranferase isoenzyme activity toward (±)-anti-benzo[a]pyrene-trans-7,8-dohydrodiol-9,10-
epoxide. Aquat Toxicol, 34, 135-150. 
Gibson, G.G., Plant, N.J., Swales, K.E., Ayrton, A., El-Sankary, W., 2002. Receptor-dependent 
transcriptional activation of cytochrome P4503A genes: induction mechanisms, species 
differences and interindividual variation in man. Xenobiotica, 32, 165-206. 
Gonzalez, F.J., Fernandez-Salguero, P., 1998. The aryl hydrocarbon receptor: studies using the AHR-null 
mice. Drug Metab Dispos, 26, 1194-8. 
Gooch, J.W., Elskus, A.A., Kloepper-Sams, P.J., Hahn, M.E., Stegeman, J.J., 1989. Effects of ortho- and 
non-ortho-substituted polychlorinated biphenyl congeners on the hepatic monooxygenase system 
in scup (Stenotomus chrysops). Toxicol Appl Pharmacol, 98, 422-33. 
 130
Grinwis, G.C., Vethaak, A.D., Wester, P.W., Vos, J.G., 2000. Toxicology of environmental chemicals in 
the flounder (Platichthys flesus) with emphasis on the immune system: field, semi-field 
(mesocosm) and laboratory studies. Toxicol Lett, 112-113, 289-301. 
Guengerich, F.P., Shimada, T., 1998. Activation of procarcinogens by human cytochrome P450 enzymes. 
Mutat Res, 400, 201-13. 
Guiney, P.D., Smolowitz, R.M., Peterson, R.E., Stegeman, J.J., 1997. Correlation of 2,3,7,8-
tetrachlorodibenzo-p-dioxin induction of cytochrome P4501A in vascular endothelium with 
toxicity in early life stages of lake trout. Toxicol Appl Pharmacol, 143, 256-73. 
Hahn, M.E., 1998a. The aryl hydrocarbon receptor: a comparative perspective. Comp Biochem Physiol C 
Pharmacol Toxicol Endocrinol, 121, 23-53. 
Hahn, M.E., 1998b. Mechanisms of innate and aquired resistance to dioxin-like compounds. Reviews in 
Toxicology, 2, 395-443. 
Hahn, M.E., Karchner, S.I., Franks, D.G., Merson, R.R., 2004. Aryl hydrocarbon receptor polymorphisms 
and dioxin resistance in Atlantic killifish (Fundulus heteroclitus). Pharmacogenetics, 14, 131-43. 
Hahn, M.E., Poland, A., Glover, E., Stegeman, J.J., 1994. Photoaffinity labeling of the Ah receptor: 
phylogenetic survey of diverse vertebrate and invertebrate species. Arch Biochem Biophys, 310, 
218-28. 
Hahn, M.E., Stegeman, J.J., 1994. Regulation of cytochrome P4501A1 in teleosts: sustained induction of 
CYP1A1 mRNA, protein, and catalytic activity by 2,3,7,8- tetrachlorodibenzofuran in the marine 
fish Stenotomus chrysops. Toxicol Appl Pharmacol, 127, 187-98. 
Hahn, M.E., Woodward, B.L., Stegeman, J.J., Kennedy, S.W., 1996. Rapid assessment of induced 
cytochrome P4501A (CYP1A) protein and catalytic activity in fish hepatoma cells grown in multi-
well plates. Environmental Toxicology and Chemistry, 15, 582-591. 
Hammons, G.J., Yan-Sanders, Y., Jin, B., Blann, E., Kadlubar, F.F., Lyn-Cook, B.D., 2001. Specific site 
methylation in the 5'-flanking region of CYP1A2 interindividual differences in human livers. Life 
Sci, 69, 839-45. 
Hansen, T., Borlak, J., Bader, A., 2000. Cytochrome P450 enzyme activity and protein expression in 
primary porcine enterocyte and hepatocyte cultures. Xenobiotica, 30, 27-46. 
Hassoun, E.A., Stohs, S.J., 1996. TCDD, endrin and lindane induced oxidative stress in fetal and placental 
tissues of C57BL/6J and DBA/2J mice. Comp Biochem Physiol C Pharmacol Toxicol Endocrinol, 
115, 11-8. 
Hassoun, E.A., Wang, H., Abushaban, A., Stohs, S.J., 2002. Induction of oxidative stress in the tissues of 
rats after chronic exposure to TCDD, 2,3,4,7,8-pentachlorodibenzofuran, and 3,3',4,4',5-
pentachlorobiphenyl. J Toxicol Environ Health A, 65, 825-42. 
Hasspieler, B.M., Di Giulio, R.T., 1992. DT diaphorase [NAD(P)H: (quinone acceptor) oxidoreductase] 
facilitates redox cycling of menadione in channel catfish (Ictalurus punctatus) cytosol. Toxicol 
Appl Pharmacol, 114, 156-61. 
Hawkins, S.A., Billiard, S.M., Tabash, S.P., Brown, R.S., Hodson, P.V., 2002. Altering cytochrome 
P4501A activity affects polycyclic aromatic hydrocarbon metabolism and toxicity in rainbow trout 
(Oncorhynchus mykiss). Environ Toxicol Chem, 21, 1845-53. 
Hecht, A., Berkenstam, A., Stromstedt, P.E., Gustafsson, J.A., Sippel, A.E., 1988. A progesterone 
responsive element maps to the far upstream steroid dependent DNase hypersensitive site of 
chicken lysozyme chromatin. Embo J, 7, 2063-73. 
Hegelund, T., Celander, M.C., 2003. Hepatic versus extrahepatic expression of CYP3A30 and CYP3A56 in 
adult killifish (Fundulus heteroclitus). Aquat Toxicol, 64, 277-91. 
Henry, T.R., Spitsbergen, J.M., Hornung, M.W., Abnet, C.C., Peterson, R.E., 1997. Early life stage toxicity 
of 2,3,7,8-tetrachlorodibenzo-p-dioxin in zebrafish (Danio rerio). Toxicol Appl Pharmacol, 142, 
56-68. 
Hilscherova, K., Blankenship, A.L., Nie, M., Coady, K.K., Upham, B.L., Trosko, J.E., Giesy, J.P., 2003. 
Oxidative stress in liver and brain of the hatchling chicken (Gallus domesticus) following in ovo 
injection with TCDD. Comp Biochem Physiol C Toxicol Pharmacol, 136, 29-45. 
Hoffman, D.J., Melancon, M.J., Klein, P.N., Rice, C.P., Eisemann, J.D., Hines, R.K., Spann, J.W., 
Pendleton, G.W., 1996. Developmental toxicity of PCB 126 (3,3',4,4',5-pentachlorobiphenyl) in 
nestling American kestrels (Falco sparverius). Fundam Appl Toxicol, 34, 188-200. 
 131
Horobin, R.W., Rashid, F., 1990. Interactions of molecular probes with living cells and tissues. Part 1. 
Some general mechanistic proposals, making use of a simplistic Chinese box model. 
Histochemistry, 94, 205-9. 
Huntley, S.L., Bonnevie, N.L., Wenning, R.J., Bedbury, H., 1993. Distribution of polycyclic aromatic 
hydrocarbons (PAHs) in three northern New Jersey waterways. Bull Environ Contam Toxicol, 51, 
865-72. 
Husoy, A.M., Myers, M.S., Willis, M.L., Collier, T.K., Celander, M., Goksoyr, A., 1994. 
Immunohistochemical localization of CYP1A and CYP3A-like isozymes in hepatic and 
extrahepatic tissues of Atlantic cod (Gadus morhua L.), a marine fish. Toxicol Appl Pharmacol, 
129, 294-308. 
Jaeschke, H., Gores, G.J., Cederbaum, A.I., Hinson, J.A., Pessayre, D., Lemasters, J.J., 2002. Mechanisms 
of hepatotoxicity. Toxicol Sci, 65, 166-76. 
James, M.O., Kleinow, K.M., Zhang, Y., Zheng, R., Wang, L., Faux, L.R., 2004. Increased toxicity of 
benzo(a)pyrene-7,8-dihydrodiol in the presence of polychlorobiphenylols. Mar Environ Res, 58, 
343-6. 
Jana, N.R., Sarkar, S., Ishizuka, M., Yonemoto, J., Tohyama, C., Sone, H., 2000. Comparative effects of 
2,3,7,8-tetrachlorodibenzo-p-dioxin on MCF-7, RL95-2, and LNCaP cells: role of target steroid 
hormones in cellular responsiveness to CYP1A1 induction. Mol Cell Biol Res Commun, 4, 174-
80. 
Jin, X., Kennedy, S.W., Di Muccio, T., Moon, T.W., 2001. Role of oxidative stress and antioxidant defense 
in 3,3',4,4',5-pentachlorobiphenyl-induced toxicity and species-differential sensitivity in chicken 
and duck embryos. Toxicol Appl Pharmacol, 172, 241-8. 
Jonsson, M.E., Brunstrom, B., Ingebrigtsen, K., Brandt, I., 2004. Cell-specific CYP1A expression and 
benzo[a]pyrene adduct formation in gills of rainbow trout (Oncorhynchus mykiss) following 
CYP1A induction in the laboratory and in the field. Environ Toxicol Chem, 23, 874-82. 
Jorgensen, E.H., Celander, M., Goksoyr, A., Iwata, M., 2001. The effect of stress on toxicant-dependent 
cytochrome p450 enzyme responses in the Arctic charr (Salvelinus alpinus). Environ Toxicol 
Chem, 20, 2523-9. 
Joseph, P., Jaiswal, A.K., 1994. NAD(P)H:quinone oxidoreductase1 (DT diaphorase) specifically prevents 
the formation of benzo[a]pyrene quinone-DNA adducts generated by cytochrome P4501A1 and 
P450 reductase. Proc Natl Acad Sci U S A, 91, 8413-7. 
Joseph, P., Klein-Szanto, A.J., Jaiswal, A.K., 1998. Hydroquinones cause specific mutations and lead to 
cellular transformation and in vivo tumorigenesis. Br J Cancer, 78, 312-20. 
Kantoniemi, A., Vahakangas, K., Oikari, A., 1996. The capacity of liver microsomes to form 
benzo[a]pyrene-diolepoxide-DNA adducts and induction of cytochrome P450 1A in feral fish 
exposed to pulp mill effluents. Ecotoxicol Environ Saf, 35, 136-41. 
Karchner, S.I., Powell, W.H., Hahn, M.E., 1999. Identification and functional characterization of two 
highly divergent aryl hydrocarbon receptors (AHR1 and AHR2) in the teleost Fundulus 
heteroclitus. Evidence for a novel subfamily of ligand-binding basic helix loop helix-Per-ARNT-
Sim (bHLH-PAS) factors. J Biol Chem, 274, 33814-24. 
Kerzee, J.K., Ramos, K.S., 2000. Activation of c-Ha-ras by benzo(a)pyrene in vascular smooth muscle cells 
involves redox stress and aryl hydrocarbon receptor. Mol Pharmacol, 58, 152-8. 
Kloepper-Sams, P.J., Park, S.S., Gelboin, H.V., Stegeman, J.J., 1987. Specificity and cross-reactivity of 
monoclonal and polyclonal antibodies against cytochrome P-450E of the marine fish scup. Arch 
Biochem Biophys, 253, 268-78. 
Kloepper-Sams, P.J., Stegeman, J.J., 1989. The temporal relationships between P450E protein content, 
catalytic activity, and mRNA levels in the teleost Fundulus heteroclitus following treatment with 
beta-naphthoflavone. Arch Biochem Biophys, 268, 525-35. 
Koley, A.P., Buters, J.T., Robinson, R.C., Markowitz, A., Friedman, F.K., 1997. Differential mechanisms 
of cytochrome P450 inhibition and activation by alpha-naphthoflavone. J Biol Chem, 272, 3149-
52. 
Kullman, S.W., Hamm, J.T., Hinton, D.E., 2000. Identification and characterization of a cDNA encoding 
cytochrome P450 3A from the fresh water teleost medaka (Oryzias latipes). Arch Biochem 
Biophys, 380, 29-38. 
Kuthan, H., Ullrich, V., 1982. Oxidase and oxygenase function of the microsomal cytochrome P450 
monooxygenase system. Eur J Biochem, 126, 583-8. 
 132
Lake, J.L., McKinney, R., Lake, F. A., Helshe, J., 1995. Comparisons of patterns of polychkorinated 
biphenyls congeners in water sediment and indigenous organisms from New Nedord Harbor, 
Massachusets. Archives of Environmental Contamination and Toxicology, 29, 207-220. 
Leadon, S.A., Stampfer, M.R., Bartley, J., 1988. Production of oxidative DNA damage during the 
metabolic activation of benzo[a]pyrene in human mammary epithelial cells correlates with cell 
killing. Proc Natl Acad Sci U S A, 85, 4365-8. 
LeCluyse, E.L., 2001. Pregnane X receptor: molecular basis for species differences in CYP3A induction by 
xenobiotics. Chem Biol Interact, 134, 283-9. 
Lee, S.J., Wang-Buhler, J.L., Cok, I., Yu, T.S., Yang, Y.H., Miranda, C.L., Lech, J., Buhler, D.R., 1998. 
Cloning, sequencing, and tissue expression of CYP3A27, a new member of the CYP3A subfamily 
from embryonic and adult rainbow trout livers. Arch Biochem Biophys, 360, 53-61. 
Lee, Y.H., Yano, M., Liu, S.Y., Matsunaga, E., Johnson, P.F., Gonzalez, F.J., 1994. A novel cis-acting 
element controlling the rat CYP2D5 gene and requiring cooperativity between C/EBP beta and an 
Sp1 factor. Mol Cell Biol, 14, 1383-94. 
Lehninger, A.L., 1975. Biochemistry : the molecular basis of cell structure and function. Worth Publishers, 
New York. 
Leitao, M.A., Cardozo, K.H., Pinto, E., Colepicolo, P., 2003. PCB-induced oxidative stress in the 
unicellular marine dinoflagellate Lingulodinium polyedrum. Arch Environ Contam Toxicol, 45, 
59-65. 
Lemaire, P., Forlin, L., Livingstone, D. R.,, 1996. Responses of hepatic biotransformation and antioxidant 
enzymes to CYP1A-inducers (3-methylcholanthrene, B-naphthoflavone)in the sea bass 
(Dicentrarchus labrax) dab (Limanda limanda) and rainbow trout (Oncorhynchus mykiss). Aquat 
Toxicol, 36, 141-160. 
Levine, S., Oris, J. T.,, 1999. CYP1A expression in the liver and gill of rainbow trout following waterborne 
exposure:  implications for biomarker identification. Aquat Toxicol, 46, 279-287. 
Lind, C., Cadenas, E., Hochstein, P., Ernster, L., 1990. DT-diaphorase: purification, properties, and 
function. Methods Enzymol, 186, 287-301. 
Lorenzen, A., Kennedy, S.W., 1993. A fluorescence-based protein assay for use with a microplate reader. 
Anal Biochem, 214, 346-8. 
Lotrich, V.A., 1975. Summer home range and movements of fundulus heteroclitus (Pisces: 
Cyprinodonidae) in a tidal creek. Ecology, 56, 191-198. 
Mari, M., Cederbaum, A.I., 2001. Induction of catalase, alpha, and microsomal glutathione S-transferase in 
CYP2E1 overexpressing HepG2 cells and protection against short-term oxidative stress. 
Hepatology, 33, 652-61. 
Matsumura, F., 2003. On the significance of the role of cellular stress response reactions in the toxic 
actions of dioxin. Biochem Pharmacol, 66, 527-40. 
Maurel, P., 1996. The CYP3 family. In: Ed.^(Eds.)  The CYP3 family. CRC Press, New York, pp. 242-262. 
Meyer, J., Di Giulio, R., 2002. Patterns of heritability of decreased EROD activity and resistance to PCB 
126-induced teratogenesis in laboratory-reared offspring of killifish (Fundulus heteroclitus) from a 
creosote-contaminated site in the Elizabeth River, VA, USA. Mar Environ Res, 54, 621-6. 
Meyer, J.N., Nacci, D.E., Di Giulio, R.T., 2002. Cytochrome P4501A (CYP1A) in killifish (Fundulus 
heteroclitus): heritability of altered expression and relationship to survival in contaminated 
sediments. Toxicol Sci, 68, 69-81. 
Meyer, J.N., Smith, J.D., Winston, G.W., Di Giulio, R.T., 2003. Antioxidant defenses in killifish (Fundulus 
heteroclitus) exposed to contaminated sediments and model prooxidants: short-term and heritable 
responses. Aquat Toxicol, 65, 377-95. 
Miller, K.P., Ramos, K.S., 2001. Impact of cellular metabolism on the biological effects of benzo[a]pyrene 
and related hydrocarbons. Drug Metab Rev, 33, 1-35. 
Mimura, J., Fujii-Kuriyama, Y., 2003. Functional role of AhR in the expression of toxic effects by TCDD. 
Biochim Biophys Acta, 1619, 263-8. 
Mohammadpour, H., Murray, W.J., Stohs, S.J., 1988. 2,3,7,8-Tetrachlorodibenzo-p-dioxin (TCDD)-
induced lipid peroxidation in genetically responsive and non-responsive mice. Arch Environ 
Contam Toxicol, 17, 645-50. 
Monosson, E., Ashley, J.T., McElroy, A.E., Woltering, D., Elskus, A.A., 2003. PCB congener distributions 
in muscle, liver and gonad of Fundulus heteroclitus from the lower Hudson River Estuary and 
Newark Bay. Chemosphere, 52, 777-87. 
 133
Moore, K., Roberts, L.J., 2nd, 1998. Measurement of lipid peroxidation. Free Radic Res, 28, 659-71. 
Morel, Y., Mermod, N., Barouki, R., 1999. An autoregulatory loop controlling CYP1A1 gene expression: 
role of H(2)O(2) and NFI. Mol Cell Biol, 19, 6825-32. 
Nacci, D., Coiro, L., Champlin, D., Jayaraman, S., McKinney, R., Gleason, T.R., Munns Jr, W.R., Specker, 
J.L., Cooper, K.R., 1999. Adaptations of wild populations of the estuarine fish Fundulus 
heteroclitus to presistent environmental contaminants. Marine Biology, 134, 9-17. 
Nacci, D., Coiro, L., Kuhn, A., Champlin, D., Munns, J.W.R., Specker, J.L., Cooper, K., 1998. 
Nondestructive indicator of ethoxyresorufin-O-deethylase activity in embryonic fish. 
Environmental Toxicology and Chemistry, 17, 2481-2486. 
Nacci, D., Coiro, L., Wassenberg, D. M., Di Giulio, R. T.,, in press. A non-destructive technique to 
measure cytochrome P4501A enzyme activity in living embryos of the estuarine fish Fundulus 
heteroclitus. In: Ed.^(Eds.)  A non-destructive technique to measure cytochrome P4501A enzyme 
activity in living embryos of the estuarine fish Fundulus heteroclitus. CRC Press, New York. 
Nacci, D.E., Kohan, M., Pelletier, M., George, E., 2002. Effects of benzo[a]pyrene exposure on a fish 
population resistant to the toxic effects of dioxin-like compounds. Aquat Toxicol, 57, 203-15. 
Nagai, F., Kato, E., Tamura, H.O., 2004. Oxidative stress induces GSTP1 and CYP3A4 expression in the 
human erythroleukemia cell line, K562. Biol Pharm Bull, 27, 492-5. 
Nakajima, M., Iwanari, M., Yokoi, T., 2003. Effects of histone deacetylation and DNA methylation on the 
constitutive and TCDD-inducible expressions of the human CYP1 family in MCF-7 and HeLa 
cells. Toxicol Lett, 144, 247-56. 
Nebert, D.W., Dalton, T.P., Okey, A.B., Gonzalez, F.J., 2004. Role of aryl hydrocarbon receptor-mediated 
induction of the CYP1 enzymes in environmental toxicity and cancer. J Biol Chem, 279, 23847-
50. 
Nebert, D.W., Roe, A.L., Dieter, M.Z., Solis, W.A., Yang, Y., Dalton, T.P., 2000. Role of the aromatic 
hydrocarbon receptor and [Ah] gene battery in the oxidative stress response, cell cycle control, and 
apoptosis. Biochem Pharmacol, 59, 65-85. 
Nicholas, K.B., Nicholas H.B. Jr., Deerfield, D.W. II., 1997. GeneDoc: Analysis and Visualization of 
Genetic Variation. EMBNEW.NEWS, 4. 
Niimi, A.J., and Oliver, B. G.,, 1983. Biological half lives of polychlorinated biphenyl (PCB) congeners in 
whole fish and muscle of rainbow trout (Salmo gairdneri). Can. J. Fish. Aquat. Sci., 40, 1388-
1394. 
Novi, S., Pretti, C., Cognetti, A.M., Longo, V., Marchetti, S., Gervasi, P.G., 1998. Biotransformation 
enzymes and their induction by alpha-naphtoflavone in adult sea bass (Dicentrarchus labrax). 
Aquatic Toxicology, 41, 63-81. 
O'Connor, J.M., Huggett, R. J.,, 1988. Aquatic pollution problems, North Atlantic coast including 
Chesapeake Bay. Aquatic Toxicol, 11, 163-190. 
Ohtaka-Maruyama, C., Wang, X., Ge, H., Chepelinsky, A.B., 1998. Overlapping Sp1 and AP2 binding 
sites in a promoter element of the lens-specific MIP gene. Nucleic Acids Res, 26, 407-14. 
Otto, D.M., Moon, T.W., 1995. 3,3',4,4'-tetrachlorobiphenyl effects on antioxidant enzymes and 
glutathione status in different tissues of rainbow trout. Pharmacol Toxicol, 77, 281-7. 
Otto, D.M., Moon, T.W., 1996. Phase I and II enzymes and antioxidant responses in different tissues of 
brown bullheads from relatively polluted and non-polluted systems. Arch Environ Contam 
Toxicol, 31, 141-7. 
Palace, V.P., Baron, C. L. and Klaverkamp, J. F., 1998. An assessment of Ah-inducible phase I and phase 
enzymatic activities and oxidative stress indices in adult lake trout (Salvelinus namaycush) from 
Lake Ontario and Lake Superior. Aquat Toxicol, 42, 149-168. 
Palace, V.P., Klaverkamp, J.F., Lockhart, W.L., Metner, D.A., Muir, D.C., Brown, S.B., 1996. Mixed-
function oxidase enzyme activity and oxidative stress in lake trout (Salvelinyus namayush) 
exposed to 3,3'4,4',5-pentachlorobiphenyl (PCB-126). Environmental Toxicology and Chemistry, 
15, 955-960. 
Park, J.Y., Shigenaga, M.K., Ames, B.N., 1996. Induction of cytochrome P4501A1 by 2,3,7,8-
tetrachlorodibenzo-p-dioxin or indolo(3,2-b)carbazole is associated with oxidative DNA damage. 
Proc Natl Acad Sci U S A, 93, 2322-7. 
Parker, L.M., Lauren, D.J., Hammock, B.D., Winder, B., Hinton, D.E., 1993. Biochemical and 
histochemical properties of hepatic tumors of rainbow trout, Oncorhynchus mykiss. 
Carcinogenesis, 14, 211-7. 
 134
Pearlstein, D.P., Ali, M.H., Mungai, P.T., Hynes, K.L., Gewertz, B.L., Schumacker, P.T., 2002. Role of 
mitochondrial oxidant generation in endothelial cell responses to hypoxia. Arterioscler Thromb 
Vasc Biol, 22, 566-73. 
Peters, L.D., O'Hara, S. C. M., Livingstone, D. R.,, 1996. Benzo[a]pyrene metabolism and xenobiotic-
stimulated reactive oxygen species generation by subcellular fraction of larvae of turbot 
(Scophthalmus maximus L.). Comp Biochem Physiol C, 114, 221-227. 
Petsko, G., 2002. Modeling Structure from Sequence. In: Ed.^(Eds.)  Modeling Structure from Sequence. 
John Wiley & Sons, Inc., New York. 
Pinkney, A.E., Harshbarger, J.C., May, E.B., Melancon, M.J., 2001. Tumor prevalence and biomarkers of 
exposure in brown bullheads (Ameiurus nebulosus) from the tidal Potomac River, USA, 
watershed. Environ Toxicol Chem, 20, 1196-205. 
Pinkney, A.E., Harshbarger, J.C., May, E.B., Reichert, W.L., 2004. Tumor prevalence and biomarkers of 
exposure and response in brown bullhead (Ameiurus nebulosus) from the Anacostia River, 
Washington, DC and Tuckahoe River, Maryland, USA. Environ Toxicol Chem, 23, 638-47. 
Ploch, S.A., King, L.C., Kohan, M.J., Di Giulio, R.T., 1998. Comparative in vitro and in vivo 
benzo[a]pyrene-DNA adduct formation and its relationship to CYP1A activity in two species of 
ictalurid catfish. Toxicol Appl Pharmacol, 149, 90-8. 
Powell, W.H., Bright, R., Bello, S.M., Hahn, M.E., 2000. Developmental and tissue-specific expression of 
AHR1, AHR2, and ARNT2 in dioxin-sensitive and -resistant populations of the marine fish 
Fundulus heteroclitus. Toxicol Sci, 57, 229-39. 
Powell, W.H., Morrison, H.G., Weil, E.J., Karchner, S.I., Sogin, M.L., Stegeman, J.J., Hahn, M.E., 2004. 
Cloning and analysis of the CYP1A promoter from the atlantic killifish (Fundulus heteroclitus). 
Mar Environ Res, 58, 119-24. 
Prasch, A.L., Teraoka, H., Carney, S.A., Dong, W., Hiraga, T., Stegeman, J.J., Heideman, W., Peterson, 
R.E., 2003. Aryl hydrocarbon receptor 2 mediates 2,3,7,8-tetrachlorodibenzo-p-dioxin 
developmental toxicity in zebrafish. Toxicol Sci, 76, 138-50. 
Pretti, C., Salvetti, A., Longo, V., Giorgi, M., Gervasi, P.G., 2001. Effects of beta-naphthoflavone on the 
cytochrome P450 system, and phase II enzymes in gilthead seabream (Sparus aurata). Comp 
Biochem Physiol C Toxicol Pharmacol, 130, 133-44. 
Prince, R., Cooper, K.R., 1995a. Comparisons of the Effects of 2,3,7,8-Tetrachlorodibenzo-p-dioxin on 
Chemically Impacted and Nonimpacted Subpopulations of Fundulus heteroclitus: II. Metabolic 
Considerations. Environmental Toxicology and Chemistry, 14, 589-595. 
Prince, R., Cooper, K.R., 1995b. Comparisons of the Effects of 2,3,7,8-Tetrachlorodibenzo-p-dioxin on 
Chemically Impacted and Nonimpacted Subpopulations of Fundulus heteroclitus:I. TCDD 
Toxicity. Environmental Toxicology and Chemistry, 14, 579-587. 
Pruell, R.J., Norwood, C. B., Bowen, R. D., Boothman, W. S., Rogerson, P. F. Hackett, M., Butterworth, B. 
C.,, 1990. Geochemical study of sediment contamination in New Bedford HArbor, Massachusetts. 
Marine Environmental Research, 29, 77-101. 
Puga, A., Maier, A., Medvedovic, M., 2000. The transcriptional signature of dioxin in human hepatoma 
HepG2 cells. Biochem Pharmacol, 60, 1129-42. 
Quattrochi, L.C., Guzelian, P.S., 2001. Cyp3A regulation: from pharmacology to nuclear receptors. Drug 
Metab Dispos, 29, 615-22. 
Ramadass, P., Meerarani, P., Toborek, M., Robertson, L.W., Hennig, B., 2003. Dietary flavonoids 
modulate PCB-induced oxidative stress, CYP1A1 induction, and AhR-DNA binding activity in 
vascular endothelial cells. Toxicol Sci, 76, 212-9. 
Reznick, A.Z., Packer, L., 1994. Oxidative damage to proteins: spectrophotometric method for carbonyl 
assay. Methods Enzymol, 233, 357-63. 
Rivera, S.P., Saarikoski, S.T., Hankinson, O., 2002. Identification of a novel dioxin-inducible cytochrome 
P450. Mol Pharmacol, 61, 255-9. 
Rose, W.L., French, B.L., Reichert, W.L., Faisal, M., 2000. DNA adducts in hematopoietic tissues and 
blood of the mummichog (Fundulus heteroclitus) from a creosote-contaminated site in the 
Elizabeth River, Virginia. Mar Environ Res, 50, 581-9. 
Ross, D., Kepa, J.K., Winski, S.L., Beall, H.D., Anwar, A., Siegel, D., 2000. NAD(P)H:quinone 
oxidoreductase 1 (NQO1): chemoprotection, bioactivation, gene regulation and genetic 
polymorphisms. Chem Biol Interact, 129, 77-97. 
 135
Rozen, S., Skaletsky, H., 2000. Primer3 on the WWW for general users and for biologist programmers. 
Methods Mol Biol, 132, 365-86. 
Saatcioglu, F., Perry, D.J., Pasco, D.S., Fagan, J.B., 1990. Aryl hydrocarbon (Ah) receptor DNA-binding 
activity. Sequence specificity and Zn2+ requirement. J Biol Chem, 265, 9251-8. 
Safe, S., 2001. Molecular biology of the Ah receptor and its role in carcinogenesis. Toxicol Lett, 120, 1-7. 
Santanam, N., Parthasarathy, S., 1995. Paradoxical actions of antioxidants in the oxidation of low density 
lipoprotein by peroxidases. J Clin Invest, 95, 2594-600. 
Schlezinger, J.J., Keller, J., Verbrugge, L.A., Stegeman, J.J., 2000. 3,3',4,4'-Tetrachlorobiphenyl oxidation 
in fish, bird and reptile species: relationship to cytochrome P450 1A inactivation and reactive 
oxygen production. Comp Biochem Physiol C Toxicol Pharmacol, 125, 273-86. 
Schlezinger, J.J., Stegeman, J.J., 2001. Induction and suppression of cytochrome P450 1A by 3,3',4,4',5- 
pentachlorobiphenyl and its relationship to oxidative stress in the marine fish scup (Stenotomus 
chrysops). Aquat Toxicol, 52, 101-15. 
Schlezinger, J.J., White, R.D., Stegeman, J.J., 1999. Oxidative inactivation of cytochrome P-450 1A 
(CYP1A) stimulated by 3,3',4,4'-tetrachlorobiphenyl: production of reactive oxygen by vertebrate 
CYP1As. Mol Pharmacol, 56, 588-97. 
Schrenk, D., 1998. Impact of dioxin-type induction of drug-metabolizing enzymes on the metabolism of 
endo- and xenobiotics. Biochem Pharmacol, 55, 1155-62. 
Schug, J., Overton, G.C., 1997. Modeling transcription factor binding sites with Gibbs Sampling and 
Minimum Description Length encoding. Proc Int Conf Intell Syst Mol Biol, 5, 268-71. 
Schulte, P.M., Gomez-Chiarri, M., Powers, D.A., 1997. Structural and functional differences in the 
promoter and 5' flanking region of Ldh-B within and between populations of the teleost Fundulus 
heteroclitus. Genetics, 145, 759-69. 
Schuur, A.G., Boekhorst, F.M., Brouwer, A., Visser, T.J., 1997. Extrathyroidal effects of 2,3,7,8-
tetrachlorodibenzo-p-dioxin on thyroid hormone turnover in male Sprague-Dawley rats. 
Endocrinology, 138, 3727-34. 
Segal, J.A., Barnett, J.L., Crawford, D.L., 1999. Functional analyses of natural variation in Sp1 binding 
sites of a TATA-less promoter. J Mol Evol, 49, 736-49. 
Segal, J.A., Schulte, P.M., Powers, D.A., Crawford, D.L., 1996. Descriptive and functional characterization 
of variation in the Fundulus heteroclitus Ldh-B proximal promoter. J Exp Zool, 275, 355-64. 
Senft, A.P., Dalton, T.P., Nebert, D.W., Genter, M.B., Hutchinson, R.J., Shertzer, H.G., 2002. Dioxin 
increases reactive oxygen production in mouse liver mitochondria. Toxicol Appl Pharmacol, 178, 
15-21. 
Shao, Z.H., Li, C.Q., Vanden Hoek, T.L., Becker, L.B., Schumacker, P.T., Wu, J.A., Attele, A.S., Yuan, 
C.S., 1999. Extract from Scutellaria baicalensis Georgi attenuates oxidant stress in 
cardiomyocytes. J Mol Cell Cardiol, 31, 1885-95. 
Shertzer, H.G., Clay, C.D., Genter, M.B., Chames, M.C., Schneider, S.N., Oakley, G.G., Nebert, D.W., 
Dalton, T.P., 2004. Uncoupling-mediated generation of reactive oxygen by halogenated aromatic 
hydrocarbons in mouse liver microsomes. Free Radic Biol Med, 36, 618-31. 
Shertzer, H.G., Nebert, D.W., Puga, A., Ary, M., Sonntag, D., Dixon, K., Robinson, L.J., Cianciolo, E., 
Dalton, T.P., 1998. Dioxin causes a sustained oxidative stress response in the mouse. Biochem 
Biophys Res Commun, 253, 44-8. 
Sheweita, S.A., 2000. Drug-metabolizing enzymes: mechanisms and functions. Curr Drug Metab, 1, 107-
32. 
Shimada, T., Fujii-Kuriyama, Y., 2004. Metabolic activation of polycyclic aromatic hydrocarbons to 
carcinogens by cytochromes P450 1A1 and 1B1. Cancer Sci, 95, 1-6. 
Shimada, T., Martin, M.V., Pruess-Schwartz, D., Marnett, L.J., Guengerich, F.P., 1989. Roles of individual 
human cytochrome P-450 enzymes in the bioactivation of benzo(a)pyrene, 7,8-dihydroxy-7,8-
dihydrobenzo(a)pyrene, and other dihydrodiol derivatives of polycyclic aromatic hydrocarbons. 
Cancer Res, 49, 6304-12. 
Shimada, T., Oda, Y., Gillam, E.M., Guengerich, F.P., Inoue, K., 2001. Metabolic activation of polycyclic 
aromatic hydrocarbons and other procarcinogens by cytochromes P450 1A1 and P450 1B1 allelic 
variants and other human cytochromes P450 in Salmonella typhimurium NM2009. Drug Metab 
Dispos, 29, 1176-82. 
 136
Shimizu, Y., Nakatsuru, Y., Ichinose, M., Takahashi, Y., Kume, H., Mimura, J., Fujii-Kuriyama, Y., 
Ishikawa, T., 2000. Benzo[a]pyrene carcinogenicity is lost in mice lacking the aryl hydrocarbon 
receptor. Proc Natl Acad Sci U S A, 97, 779-82. 
Shishido, S., Koga, H., Harada, M., Kumemura, H., Hanada, S., Taniguchi, E., Kumashiro, R., Ohira, H., 
Sato, Y., Namba, M., Ueno, T., Sata, M., 2003. Hydrogen peroxide overproduction in 
megamitochondria of troglitazone-treated human hepatocytes. Hepatology, 37, 136-47. 
Slim, R., Toborek, M., Robertson, L.W., Hennig, B., 1999. Antioxidant protection against PCB-mediated 
endothelial cell activation. Toxicol Sci, 52, 232-9. 
Spink, D.C., Katz, B.H., Hussain, M.M., Spink, B.C., Wu, S.J., Liu, N., Pause, R., Kaminsky, L.S., 2002. 
Induction of CYP1A1 and CYP1B1 in T-47D human breast cancer cells by benzo[a]pyrene is 
diminished by arsenite. Drug Metab Dispos, 30, 262-9. 
Stegeman, J.J., Binder, R.L., Orren, A., 1979. Hepatic and extrahepatic microsomal electron transport 
components and mixed-function oxygenases in the marine fish Stenotomus versicolor. Biochem 
Pharmacol, 28, 3431-9. 
Stephensen, E., Svavarsson, J., Sturve, J., Ericson, G., Adolfsson-Erici, M., Forlin, L., 2000. Biochemical 
indicators of pollution exposure in shorthorn sculpin (Myoxocephalus scorpius), caught in four 
harbours on the southwest coast of Iceland. Aquatic Toxicol, 48, 431-442. 
Sundberg, K., Dreij, K., Seidel, A., Jernstrom, B., 2002. Glutathione conjugation and DNA adduct 
formation of dibenzo[a,l]pyrene and benzo[a]pyrene diol epoxides in V79 cells stably expressing 
different human glutathione transferases. Chem Res Toxicol, 15, 170-9. 
Swanson, H.I., 2002. DNA binding and protein interactions of the AHR/ARNT heterodimer that facilitate 
gene activation. Chem Biol Interact, 141, 63-76. 
Takahashi, Y., Suzuki, C., Kamataki, T., 1998. Silencing of CYP1A1 expression in rabbits by DNA 
methylation. Biochem Biophys Res Commun, 247, 383-6. 
Telli-Karakoc, F., Ruddock, P.J., Bird, D.J., Hewer, A., Van Schanke, A., Phillips, D.H., Peters, L.D., 
2002. Correlative changes in metabolism and DNA damage in turbot (Scophthalmus maximus) 
exposed to benzo[a]pyrene. Mar Environ Res, 54, 511-5. 
Teraoka, H., Dong, W., Ogawa, S., Tsukiyama, S., Okuhara, Y., Niiyama, M., Ueno, N., Peterson, R.E., 
Hiraga, T., 2002. 2,3,7,8-Tetrachlorodibenzo-p-dioxin toxicity in the zebrafish embryo: altered 
regional blood flow and impaired lower jaw development. Toxicol Sci, 65, 192-9. 
Toomey, B.H., Bello, S., Hahn, M.E., Cantrell, S., Wright, P., Tillitt, D.E., Di Giulio, R.T., 2001. 2,3,7,8-
Tetrachlorodibenzo-p-dioxin induces apoptotic cell death and cytochrome P4501A expression in 
developing Fundulus heteroclitus embryos. Aquat Toxicol, 53, 127-38. 
Uchiyama, M.M., M., 1978. Determination of malonaldehyde precursor in tissues by thiobarbituric acid 
test. Anal Biochem, 86, 271-278. 
Uno, S., Dalton, T.P., Derkenne, S., Curran, C.P., Miller, M.L., Shertzer, H.G., Nebert, D.W., 2004a. Oral 
exposure to benzo[a]pyrene in the mouse: detoxication by inducible cytochrome P450 is more 
important than metabolic activation. Mol Pharmacol, 65, 1225-37. 
Uno, S., Dalton, T.P., Shertzer, H.G., Genter, M.B., Warshawsky, D., Talaska, G., Nebert, D.W., 2001. 
Benzo[a]pyrene-induced toxicity: paradoxical protection in Cyp1a1(-/-) knockout mice having 
increased hepatic BaP-DNA adduct levels. Biochem Biophys Res Commun, 289, 1049-56. 
Uno, S., Dalton, T.P., Sinclair, P.R., Gorman, N., Wang, B., Smith, A.G., Miller, M.L., Shertzer, H.G., 
Nebert, D.W., 2004b. Cyp1a1(-/-) male mice: protection against high-dose TCDD-induced 
lethality and wasting syndrome, and resistance to intrahepatocyte lipid accumulation and 
uroporphyria. Toxicol Appl Pharmacol, 196, 410-21. 
Van der Oost, R., Lopes, S.C.C., Komen, H., Satumalay, K., Van den Bos, R., Heida, H., Vermeulen, 
N.P.E., 1998. Assessment of environmental quality and inland water pollution using biomarker 
responses in caged carp (Cyprinus Carpio); use of a bioactivation: detoxication ratio as 
biotransformation index (BTI). Marine Environmental Research, 46, 315-319. 
Van Veld, P.A., Vogelbein, W.K., Cochran, M.K., Goksoyr, A., Stegeman, J.J., 1997. Route-specific 
cellular expression of cytochrome P4501A (CYP1A) in fish (Fundulus heteroclitus) following 
exposure to aqueous and dietary benzo[a]pyrene. Toxicol Appl Pharmacol, 142, 348-59. 
Van Veld, P.A., Westbrook, D.J., 1995. Evidence for depression of cytochrome P4501A in a population of 
chemically-resistant mummichog (Fundulus heteroclitus). Enviroinmental Sciences, 4, 221-234. 
 137
Vanden Hoek, T.L., Li, C., Shao, Z., Schumacker, P.T., Becker, L.B., 1997. Significant levels of oxidants 
are generated by isolated cardiomyocytes during ischemia prior to reperfusion. J Mol Cell Cardiol, 
29, 2571-83. 
Vogelbein, W.K., Fournie, J.W., Van Veld, P.A., Huggett, R.J., 1990. Hepatic neoplasms in the 
mummichog Fundulus heteroclitus from a creosote-contaminated site. Cancer Res, 50, 5978-86. 
Wang, H.W., Chen, T.L., Yang, P.C., Ma, Y.C., Yu, C.C., Ueng, T.H., 2002. Induction of cytochromes 
P450 1A1 and 1B1 in human lung adenocarcinoma CL5 cells by frying-meat emission particulate. 
Food Chem Toxicol, 40, 653-61. 
Wassenberg, D., Swails, E.E., Di Giulio, R.: Teratogenesis and EROD induciton in Fundulus heteroclitus 
embryos exposed to extracts of a creosote contaminated sediment. Society of Environmental 
Toxicology and Chemistry. Salt Lake City, Utah, 2002a, pp. 207. 
Wassenberg, D.M., Di Giulio, R.T., 2004. Teratogenesis in Fundulus heteroclitus embryos exposed to a 
creosote-contaminated sediment extract and CYP1A inhibitors. Mar Environ Res, 58, 163-8. 
Wassenberg, D.M., Di Giulio, R. T.,, in press. Synergistic embryotoxic of polycyclic aromatic 
hydrocarbons aryl hydrocarbon receptor against with cytochrome P4501A inhibitors in Fundulus 
heteroclitus. Aquat Toxicol. 
Wassenberg, D.M., Swails, E.E., Di Giulio, R.T., 2002b. Effects of single and combined exposures to 
benzo(a)pyrene and 3,3'4,4'5-pentachlorobiphenyl on EROD activity and development in 
Fundulus heteroclitus. Mar Environ Res, 54, 279-83. 
Weis, J.S., 2002. Tolerance to environmental contaminants in the mummichog, Fundulus heteroclitus. 
Human and Ecological Risk Assesment, 8, 933-953. 
Weis, J.S., Samson, J., Zhou, T., Skurnick, J., Weis, P., 2003. Evaluating prey capture by larval 
mummichogs (Fundulus heteroclitus) as a potential biomarker for contaminants. Mar Environ Res, 
55, 27-38. 
Wenning, R.J., Bovinne, N. L., Huntley, S. L., 1994. Accumulation of metals, polychlorinated biphenyls, 
and polycyclic aromatic hydrocarbons in sediments from the lower Passaic River, New Jersey. 
Archives of Environmental Contamination and Toxicology, 27, 64-81. 
Wenning, R.J., Harris, M.A., Paustenbach, D.J., Bedbury, H., 1992. Potential sources of 1,2,8,9-
tetrachlorodibenzo-P-dioxin in the aquatic environment. Ecotoxicol Environ Saf, 23, 133-46. 
White, R.D., Shea, D., Solow, A.R., Stegeman, J.J., 1997. Induction and post-transcriptional suppression of 
hepatic cytochrome P450 1A1 by 3,3',4,4'-tetrachlorobiphenyl. Biochem Pharmacol, 53, 1029-40. 
Whitlock, J.P., Jr., 1999. Induction of cytochrome P4501A1. Annu Rev Pharmacol Toxicol, 39, 103-25. 
Willett, K.L., Gardinali, P.R., Lienesch, L.A., Di Giulio, R.T., 2000. Comparative metabolism and 
excretion of benzo(a)pyrene in 2 species of ictalurid catfish. Toxicol Sci, 58, 68-76. 
Winzer, K., Van Noorden, C.J., Kohler, A., 2002. Sex-specific biotransformation and detoxification after 
xenobiotic exposure of primary cultured hepatocytes of European flounder (Platichthys flesus L.). 
Aquat Toxicol, 59, 17-33. 
Wirgin, I., Waldman, J.R., 2004. Resistance to contaminants in North American fish populations. Mutat 
Res, 552, 73-100. 
Xia, H., Pan, S.S., Hu, X., Srivastava, S.K., Pal, A., Singh, S.V., 1998. Cloning, expression, and 
biochemical characterization of a functionally novel alpha class glutathione S-transferase with 
exceptional activity in the glutathione conjugation of (+)-anti-7,8-dihydroxy-9,10-oxy-7,8,9,10-
tetrahydrobenzo(a)pyrene. Arch Biochem Biophys, 353, 337-48. 
Xu, L., Ruh, T.S., Ruh, M.F., 1997. Effect of the histone deacetylase inhibitor trichostatin A on the 
responsiveness of rat hepatocytes to dioxin. Biochem Pharmacol, 53, 951-7. 
Yang, Y., Trent, M.B., He, N., Lick, S.D., Zimniak, P., Awasthi, Y.C., Boor, P.J., 2004. Glutathione-S-
transferase A4-4 modulates oxidative stress in endothelium: possible role in human 
atherosclerosis. Atherosclerosis, 173, 211-21. 
Yun, C.H., Shimada, T., Guengerich, F.P., 1992. Roles of human liver cytochrome P4502C and 3A 
enzymes in the 3-hydroxylation of benzo(a)pyrene. Cancer Res, 52, 1868-74. 
Zhang, Y.S., Andersson, T., Forlin, L.,, 1990. Induciton of hepatic biotransformation enzymes in rainbow 
trout by beta-naphthoflavone.  Time course studies. Comp Biochem Physiol B, 95, 247-253. 
Zhao, H., Kalivendi, S., Zhang, H., Joseph, J., Nithipatikom, K., Vasquez-Vivar, J., Kalyanaraman, B., 
2003. Superoxide reacts with hydroethidine but forms a fluorescent product that is distinctly 
different from ethidium: potential implications in intracellular fluorescence detection of 
superoxide. Free Radic Biol Med, 34, 1359-68. 
 138
Zimniak, L., Awasthi, S., Srivastava, S.K., Zimniak, P., 1997. Increased resistance to oxidative stress in 
transfected cultured cells overexpressing glutathione S-transferase mGSTA4-4. Toxicol Appl 
Pharmacol, 143, 221-9. 
 
 139
VITA 
 
Personal Information 
Name: Xabier Arzuaga 
Date of birth: Third of August, 1976 
Place of birth: San Juan, Puerto Rico 
 
Educational institutions attended and degrees already awarded 
B.S. Coastal Marine Biology (Magna cum laude) University of Puerto Rico, 
Humacao, Puerto Rico, 1998. 
 
Professional positions held (do not include job descriptions) 
Teaching Assistantship:  General Biology, Biology Department, University of 
Puerto Rico, Rio Piedras, PR, Fall Semester 1998. 
 
Scholastic and professional honors 
Lyman T. Johnson Academic Year Fellowships 2000-2004. 
 
National Research Service Award, (National Institute of Health), 2001-2004.  
Molecular Mechanisms of resistance in vertebrates. F31-ES05942A 
 140
Professional publications 
 
Publications 
Arzuaga, X. and Elskus, A., 2002. Evidence for resistance to benzo[a]pyrene and 
3,4,3'4'- tetrachlorobiphenyl in a chronically polluted Fundulus heteroclitus 
population. Mar Environ Res 54, 247-251. 
 
Arzuaga, X., Calcaño, W., and Elskus, A., 2004. The DNA de-methylating agent 
5-azacytidine does not restore CYP1A induction in PCB resistant Newark Bay 
killifish (Fundulus heteroclitus).  Mar Environ Res 58, 517-520. 
 
Abstracts 
Arzuaga, X., Elskus, A., Sequence comparisons of the CYP1A promoter of AHR 
ligand-resistant and responsive killifish (Fundulus heteroclitus) populations.  
Society of Environmental Toxicology and Chemistry (23rd Annual Meeting in 
North America).  Salt Lake City, UT.  November 2002. 
 
Arzuaga, X., and Elskus, A., Crossresistance to polychlorinated biphenyl (PCB) 
and polycyclic aromatic hydrocarbon (PAH) mediated induction of CYP1A in a 
PCB resistant population of Funfulus heteroclitus. Society of Environmental 
Toxicology and Chemistry (22nd Annual Meeting in North America).  Baltimore, 
MD.  November 2001. 
 
 141
